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tions of aquifer thickness, velocity of groundwater in the aquifer, concentra-
tion gradients in the aquitards, and diffusion coefficients, determine conditions
under which the water chemistry in the aquifer would be controlled by the
vertical flux by molecular diffusion of dissolved solids from the shale into the
aquifer. Assume that dissolved solids that enter the aquifer are distributed
uniformly over the aquifer thickness as a result of dispersion. Do you think
such conditions could occur in nature?

Groundwater 4, at Pco, = 1072, has a composition that results from the

open-system dissolution of siderite (FeCO,) in a stratum with no calcite or

dolomite. Groundwater B, at the same Pco,, has a composition that results

from open-system dissolution of calcite in a stratum with no siderite or

dolomite. These two waters, each having been in equilibrium with their respec-

tive solid phase, are intercepted by a well in which they are mixed in equal

proportions as pumping occurs. The system has a temperature of 25°C.

(a) Compute the cation and anion concentrations and pH of each of these
waters.

(b) Compute the composition of the mixed water in the well.

(c) Is this mixture capable of producing calcite or siderite by precipitation ?

(d) After discharge from the well into an open-air storage tank at 25°C, would
calcite and/or siderite precipitate?
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8.1 Development of Groundwater Resources

In the first seven chapters of this book we have examined the pl.1ysical and 'chemical
principles that govern groundwater flow and we have investigated tpc interrela-
tionships that exist between the geological environment, the hydrologic c.:ycle, and
natural groundwater flow. In this chapter and the two that follow, we \1\;1‘1] tt'n-n to
the interactions between groundwater and man. We will look at the utilization of
groundwater as a resource, we will examine its role as an agent for subsurf'ace
contamination, and we will assess the part it plays in a variety of geotechnical

problems.

Exploration, Evaluation, and Exploitation

The development of groundwater resources can be viewed as.a seq‘uential process
with three major phases. First, there is an exploration stage, in which surface and
subsurface geological and geophysical techniques are brought to bear on the search
for suitable aquifers. Second, there is an evaluation stage that encompasses the
measurement of hydrogeologic parameters, the design and analysis of wells, and
the calculation of aquifer yields. Third, there is an exploitation, or manafgement
phase, which must include consideration of optimal developmen't st‘rategles and
an assessment of the interactions between groundwater exploitation and the
regional hydrologic system. .

It is worth placing these three phases in a historical perspective. In North
America and Europe, nearly all major aquifers have already .been locgted zi.nd are
being used to some extent. The era of true exploration for regional aqu:fer_s is over.
We are now in a period in which detailed evaluation of kno?m aquifers and
careful management of known resources will take on greater importance. The
layout of this chapter reflects this interpretation of current needs. We will treat
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aquifer exploration in a single section, and place heavier emphasis on the evalua-
tion and management stages.

Let us assume that we have located an aquifer that has some apparent poten-
tial. The scope of groundwater resource evaluation and management studies might
best be indicated by the following series of questions:

I. Where should the wells be located? How many wells are needed? What
pumping rates can they sustain ?

2. What will be the effect of the proposed pumping scheme on regional water
levels?

3. What are the long-term yield capabilities of the aquifer?

4. Will the proposed development have any detrimental influence on other
components of the hydrologic cycle?

5. Are there likely to be any undesirable side effects of development, such as
land subsidence or seawater intrusion, that could serve to limit yields?

This chapter is designed to provide the methodology needed to answer questions
of this type. The measurement and estimation of hydrogeologic parameters is
treated in Sections 8.4 through 8.7. Predictions of drawdown in an aquifer under
a proposed pumping scheme can be carried out for simple situations with the
analytical methods presented in Section 8.3. More complex hydrogeological en-
vironments may require the application of numerical-simulation techniques, as pre-
sented in Section 8.8, or electrical-analog techniques, as presented in Section 8.9.
Land subsidence is discussed in Section 8.12, and seawater intrusion in Section 8.13.

Well Yield, Aquifer Yield, and Basin Yield

The techniques of groundwater resource evaluation require an understanding of
the concept of groundwater yield, and, perhaps surprisingly, this turns out to be a
difficult and ambiguous term to address. The concept is certainly pertinent, in that
one of the primary objectives of most groundwater resource studies is the deter-
mination of the maximum possible pumping rates that are compatible with the
hydrogeologic environment from which the water will be taken. This need for
compatibility implies that yields must be viewed in terms of a balance between the
benefits of groundwater pumpage and the undesirable changes that will be induced
by such pumpage. The most ubiquitous change that results from pumping is
lowered water levels, so in the simplest cases groundwater yield can be defined in
terms of the maximum rate of pumpage that can be allowed while ensuring that
water-level declines are kept within acceptable limits.

This concept of yield can be applied on several scales. If our unit of study is a
single well, we can define a well yield; if our unit of study is an aquifer, we can
define an aquifer yield; and if our unit of study is a groundwater basin, we can
define a basin yield. Well yield can be defined as the maximum pumping rate that
can be supplied by a well without lowering the water level in the well below the
pump intake. Aquifer yield can be defined as the maximum rate of withdrawal that




306 Groundwater Resource Evaluation | Ch. 8

can be sustained by an aquifer without causing an unacceptable decline in the
hydraulic head in the aquifer. Basin yield can be defined as the maximum rate of
withdrawal that can be sustained by the complete hydrogeologic system in a
groundwater basin without causing unacceptable declines in hydraulic head in the
system or causing unacceptable changes to any other component of the hydrologic
cycle in the basin. In light of the effects of well interference that are discussed in
Section 8.3, it is clear that aquifer yield is highly dependent on the number and
spacing of wells tapping an aquifer. If all the wells in a highly developed aquifer
pump at a rate equal to their well yield, it is likely that the aquifer yield will be
exceeded. In light of the effects of aquitard leakage and aquifer interference that
are also discussed in Section 8.3, it is clear that basin yield is highly dependent on
the number and spacing of exploited aquifers in a basin. If all the aquifers are
pumped at a rate equal to their aquifer yield, it is likely that the basin yield will
be exceeded.

These simple concepts should prove useful to the reader in the early sections
of this chapter. However, the concept of basin yield deserves reconsideration in
greater depth, and this is presented in Section 8.10.

8.2 Exploration for Aquifers

An aquifer is a geological formation that is capable of yielding economic quanti-
ties of water to man through wells. It must be porous, permeable, and saturated.
While aquifers can take many forms within the wide variety of existing hydro-
geological environments, a perusal of the permeability and porosity data of Tables
2.2 and 2.4 and consideration of the discussions of Chapter 4 make it clear that
certain geological deposits are of recurring interest as aquifers. Among the most
common are unconsolidated sands and gravels of alluvial, glacial, lacustrine, and
deltaic origin; sedimentary rocks, especially limestones and dolomites, and sand-
stones and conglomerates; and porous or fractured volcanic rocks. In most cases,
aquifer exploration becomes a search for one or other of these types of geological
deposits. The methods of exploration can be grouped under four headings: surface
geological, subsurface geological, surface geophysical, and subsurface geophysical.

Surface Geological Methods

The initial steps in a groundwater exploration program are carried out in the
office rather than in the field. Much can be learned from an examination of avail-
able maps, reports, and data, There are published geologic maps on some scale
for almost all of North America; there are published soils maps or surﬁcia_] geology
maps for most areas; and there are published hydrogeological maps for some
areas. Geologic maps and reports provide the hydrogeologist with an initial indi-
cation of the rock formations in an area, together with their stratigraphic and
structural interrelationships. Soils maps or surficial geology maps, together with
topographic maps, provide an introduction to the distribution and genesis of the
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surficial unconsolidated deposits and their associated landforms. Hydrogeologic
maps provide a summarized interpretation of the topographic, geologic, hydro-
geologic, geochemical, and water resource data available in an area.

Airphoto interpretation is also widely used in groundwater exploration. It is
usually possible to prepare maps of landforms, soils, land use, vegetation, and
drainage from the airphoto coverage of an area. Each of these environmental
properties leads to inferences about the natural groundwater flow systems and/or
the presence of potential aquifers. Way (1973) and Mollard (1973) each provide a
handbook-style treatment of airphoto-interpretation methods, and both include
a large number of interpreted photos, many of which illustrate significant hydro-
geological features.

However, even in areas where there is a considerable amount of published
information, it is usually necessary to carry out geologic mapping in the field. In
view of the importance of unconsolidated sands and gravels as potential aquifers,
special attention must be paid to geomorphic landforms and to the distribution
of glacial and alluvial deposits. Where sand and gravel deposits are sparse, or
where these deposits are shallow and unsaturated, more detailed attention must
be paid to the lithology, stratigraphy, and structure of the bedrock formations.

The methods of hydrogeologic mapping outlined in Section 6.1 are useful
in determining the scale and depth of natural groundwater flow systems and in
mapping the extent of their recharge and discharge areas.

Subsurface Geological Methods

It is seldom sufficient to look only at the surficial manifestations of a hydro-
geological environment. It is unlikely that subsurface stratigraphic relationships
will be fully revealed without direct subsurface investigation. Once again, the
initial step usually involves scanning the available records. Many state and pro-
vincial governments now require that geological logs of all water wells be filed in a
central bank for the use of other investigators. These data, while varying widely in
quality, can often provide the hydrogeologist with considerable information on
past successes and failures in a given region.

In most exploration programs, especially those for large-scale industrial or
municipal water supplies, it is necessary to carry out test-drilling to better delineate
subsurface conditions. Test holes provide the opportunity for geological and
geophysical logging and for the coring or sampling of geological materials. Test
holes can also be used to obtain water samples for chemical analysis and to indicate
the elevation of the water table at a site. Test-drilling programs, together with
published geological maps and available well-log records, can be interpreted in
terms of the local and regional lithology, stratigraphy, and structure. Their logs
can be used to prepare stratigraphic cross sections, geological fence diagrams,
isopach maps of overburden thickness or formation thickness, and lithofacies
maps. Hydrogeological interpretations might include water-table contours and
isopachs of saturated thickness of unconfined aquifers. The results of chemical
analyses of groundwater samples, when graphically displayed using the methods
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of Chapter 7, can provide important evidence on the natural geochemical environ-
ment as well as a direct measure of water quality.

Surface Geophysical Methods

There are two regional geophysical techniques that are used to some extent in the
exploration for aquifers. These are the seismic refraction method and the electrical
resistivity method. The design of geophysical surveys that utilize fhese approaches,
and the interpretation of the resulting geophysical measurements, is a specialized
branch of the earth sciences. It is not expected that a groundwater hydrologist
become such a specialist, and for this reason our discussion is brief, On the other
hand, it is necessary that the hydrogeologist be aware of the power and limitations
of the methods. If this brief presentation fails to meet that objective, the reader is
directed to a standard geophysics textbook such as Dobrin (1960), or to one of
several review papers that deal specifically with geophysical applications in ground-
water exploration, such as McDonald and Wantland (1961), Hobson (1967), or
Lennox and Carlson (1967).

The seismic refraction method is based on the fact that elastic waves travel
through different earth materials at different velocities. The denser the material,
the higher the wave velocity. When elastic waves cross a geologic boundary between
two formations with different elastic properties, the velocity of wave propagation
changes and the wave paths are refracted according to Snell’s law. In seismic
exploration, elastic waves are initiated by an energy source, usually a small explo-
sion, at the ground surface. A set of receivers, called geophones, is set up in a
line radiating outward from the energy source. Waves initiated at the surface and
refracted at the critical angle by a high-velocity layer at depth will reach the more
distant geophones more quickly than waves that travel directly through the low-
velocity surface layer. The time between the shock and the arrival of the elastic
wave at a geophone is recorded on a seismograph. A set of seismograph records
can be used to derive a graph of arrival time versus distance from shot point to
geophone, and this, in turn, with the aid of some simple theory, can be used to
calculate layer depths and their seismic velocities.

In groundwater investigations the seismic refraction method has been used
to determine such features as the depth to bedrock, the presence of buried bedrock
channels, the thickness of surficial fracture zones in crystalline rock, and the areal
extent of potential aquifers. The interpretations are most reliable in cases where
there is a simple two-layer or three-layer geological configuration in which the
layers exhibit a strong contrast in seismic velocity. The velocities of the layers
must increase with depth; the method cannot pick up a low-velocity layer (which
might well be a porous potential aquifer) that underlies a high-velocity surface
layer. The depth of penetration of the seismic method depends on the strength of
the energy source. For shallow investigations (say, up to 30 m) hydrogeologists
have often employed hammer seismic methods, in which the energy source is
simply a hammer blow on a steel plate set on the ground surface.
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The electrical resistivity of a geological formation is defined as p = RA/L,
where R is the resistance to electrical current for a unit block of cross-sectional
area 4 and length L. The resistivity controls the gradient in electrical potential
that will be set up in a formation under the influence of an applied current. In a
saturated rock or soil, the resistivity is largely dependent on the density and
por'osity of the material and on the salinity of the saturating fluid. In an electrical
resistivity survey an electric current is passed into the ground through a pair of
current electrodes and the potential drop is measured across a pair of potential
electrodes. The spacing of the electrodes controls the depth of penetration. At
each setup an apparent resistivity is calculated on the basis of the measured poten-
tial drop, the applied current, and the electrode spacing. Sets of measurements are
taken either in the form of lateral profiling or depth profiling. In lateral profiling
the electrode spacing is kept constant as electrodes are leapfrogged down a survey
line. This method provides areal coverage at a given depth of penetration. It can
be used to define aquifer limits or to map areal variations in groundwater salinity.
Ip depth profiling a series of readings is taken at different electrode spacings at a
single station. Apparent resistivities are plotted against electrode spacing, and
stratigraphic interpretations are made by comparing the resulting curve against
published theoretical curves for simple layered geometries. Depth profiling has
been widely used to determine the thickness of sand and gravel aquifers that overlie
bedrock. It can also be used to locate the saltwater-freshwater interface in coastal
aquifers. It is often claimed that the method can *“feel” the water table, but this
is questionable except in very homogeneous deposits. In urban areas the method
is often hampered by the presence of pipes, rails, and wires that interfere with the
current fields.

Surface geophysical methods cannot replace test drilling, although by provid-
ing data that lead to a more intelligent selection of test-hole drilling, they may lead
to a reduction in the amount of drilling required. Stratigraphic interpretations
based on seismic or electrical resistivity measurements must be calibrated against
test-hole information.

Subsurface Geophysical Method's

There is one geophysical approach that has now become a standard tool in ground-
water exploration. This approach involves the logging of wells and test holes by
the methods of borehole geophysics. The term encompasses all techniques in which
a sensing device is lowered into a hole in order to make a record that can be inter-
preted in terms of the characteristics of the geologic formations and their contained
fluids. The techniques of borehole geophysics were originally developed in the
petroleum industry and the standard textbooks on the interpretation of geophysical
logs (Pirson, 1963; Wyllie, 1963) emphasize petroleum applications. Fortunately,
there are several excellent review articles (Jones and Skibitzke, 1956; Patton and
Bennett, 1963; Keys, 1967, 1968) that deal specifically with the application of
geophysical logging techniques to groundwater problems.

I
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.

A complete borehole geophysics program as it is carried out in the petroleum
industry usually includes two electric logs (spontaneous potential and resistivity),
three radiation logs (natural gamma, neutron, and gamma-gamma), and a caliper
log that indicates variations in hole diameter. In hydrogeological apphcauons
emphasis is usually placed on the electric logs.

The simplest electric log is the spontaneous potential (or self-potential) log. It
is obtained with the single-point electrode arrangement shown in Figure 8.1 with
the current source disconnected. It provides a measure of the naturally occurring
potential differences between the surface electrode and the borehole electrode.
The origin of these natural electric potentials is not well understood, but they are
apparently related to electrochemical interactions that take place between the
borehole fluid and the in situ rock-water complex.

Voltmeter

i1

Current
source

e lm
Surface
electrode

Ammeter

Uncased,
mud-filled
borehole

. —Borehole
electrode

a4

L

Figure 8.1 Single-point electrode arrangement for spontaneous potential
and resistivity logging in a borehole.

The second electric log is a resistivity log. There are several electrode arrange-
ments that can be used, but the simplest and the one most widely used in the water
well industry is the single-point arrangement shown in Figure 8.1. The potential
difference recorded at different depths for a given current strength leads to a log
of apparent resistivity versus depth.

The two electric logs can be jointly interpreted in a quahtatwe sense in terms
of the stratigraphic sequence in the hole. Figure 8.2 shows a pair of single-point
electric logs measured in a test hole in an unconsolidated sequence of Pleistocene
and Upper Cretaceous sediments in Saskatchewan. The geologic descriptions and
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Figure 8.2 Geologic log, electric logs, geologic description, and hydrologic
description of a test hole in Saskatchewan (after Christiansen
et al, 1971).

the gf?ologic log in the center are based on a core-sampling program. The hydrologic
description of the potential aquifers at the site is based on a joint interpretation of
the geologic and geophysical logs. In most common geological environments, the
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best water-yielding zones have the highest resistivities. Electric logs often provide
the most accurate detail for the selection of well-screen settings.

Dyck et al. (1972) pointed out three disadvantages to single-point electric logs.
They do not provide quantitative values of formation resistivity; they are affected
by hole diameter and borehole fluid resistivity; and they have only a shallow
radius of investigation. To emphasize the first point, the resistivity log on Figure
8.2 records simply the resistance measured between the two electrodes rather than
an apparent resistivity. Multiple-point electric logs are more versatile. They can
be used for quantitative calculations of the resistivity of formation rocks and their
enclosed fluids. These calculations lie beyond the scope of this presentation. Camp-
bell and Lehr (1973) provide a good summary of the techniques. Dyck et al. (1972)
provide some sample calculations in the context of a groundwater exploration
program.

Keys (1967, 1968) has suggested that radiation logs, especially the natural
gamma log, may have applications to groundwater hydrology. A logging suite
that might be considered complete for hydrogeological purposes would include a
driller’s log (including drilling rate), a geologic log, a spontaneous potential log,
a resistivity log, a natural gamma log, and a caliper log.

Drilling and Installation

of Wells and Piezometers
The drilling of piezometers and wells, and their design, construction, and mainten-
ance, is a specialized technology that rests only in part on scientific and engineering
principles. There are many books (Briggs and Fiedler, 1966; Gibson and Singer,
1971; Campbell and Lehr, 1973; U.S. Environmental Protection Agency, 1973a,
1976) that provide a comprehensive treatment of water well technology. In addi-
tion, Walton (1970) presents material on the technical aspects of groundwater
hydrology, and his text includes many case histories of water well installations and
evaluations. Reeve (1965), Hvorslev (1951), Campbell and Lehr (1973), and Kruse-
man and de Ridder (1970) discuss methods of piezometer construction and instal-
lation. In this text we will limit ourselves to a brief overview of these admittedly
important practical matters. Most of what follows is drawn from Campbell and
Lehr (1973).

Water wells are usually classified on the basis of their method of construction.
Wells may be dug by hand, driven or jetted in the form of well points, bored by an
earth auger, or drilled by a drilling rig. The selection of the method of construction
hinges on such questions as the purpose of the well, the hydrogeological environ-
ment, the quantity of water required, the depth and diameter envisaged, and
economic factors. Dug, bored, jetted and driven wells are limited to shallow depths,
unconsolidated deposits, and relatively small yields. For deeper, more productive
wells in unconsolidated deposits, and for all wells in rock, drilling is the only
feasible approach.

There are three main types of drilling equipment: cable tool, rotary, and
reverse rotary. The cable tool drills by lifting and dropping a string of tools sus-
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pended on a cable. The bit at the bottom of the tool string rotates a few degrees
between each stroke so that the cutting face of the bit strikes a different area of the
hole bottom with each stroke. Drilling is periodically interrupted to bail out the
cuttings. With medium- to high-capacity rigs, 40- to 60-cm-diameter holes can be
drilled to depths of several hundred meters and smaller diameter holes to greater
depths. The cable-tool approach is successful over a wide range of geological
materials, but it is not capable of drilling as quickly or as deeply as rotary methods.
With the conventional rotary method, drilling fluid is forced down the inside of a
rapidly rotating drill stem and out through openings in the bit. The drilling fluid
flows back to the surface, carrying the drill cuttings with it, by way of the annulus
formed between the outside of the drill pipe and the hole wall. In a reverse rotary
system, the direction of circulation is reversed. Reverse rotary is particularly well
suited to drilling large-diameter holes in soft, unconsolidated formations.

The conventional rotary rig is generally considered to be the fastest, most
convenient, and least expensive system to operate, expecially in unconsolidated
deposits. Penetration rates for rotary rigs depend on such mechanical factors as
the weight, type, diameter, and condition of the bit, and its speed of rotation; the
circulation rate of the drilling fluid and its properties; and the physical characteris-
tics of the geological formation. In rock formations, drillability (defined as depth
of penetration per revolution) is directly related to the compressive strength of
the rock.

The direct rotary method is heavily dependent on its hydraulic circulation
system. The most widely used drilling fluid is a suspension of bentonitic clay in
water, known as drilling mud. During drilling, the mud coats the hole wall and in
so doing contributes to the hole stability and prevents losses of the drilling fluid
to permeable formations. When even heavy drilling mud cannot prevent the caving
of hole walls, well casing must be emplaced as drilling proceeds. Caving, lost
circulation, and conditions associated with the encounter of flowing artesian water
constitute the most common drilling problems.

The design of a deep-cased well in an unconsolidated aquifer must include
consideration of the surface housing, the casing, the pumping equipment, and the
intake. Of these, it is the intake that is most often of primary concern to ground-
water hydrologists. In the first half of this century it was quite common to provide
access for the water to the well by a set of perforations or hand-sawn slots in the
casing. It is now recognized that well yields can be significantly increased by the
use of well screens. The size of the intake slots in a properly designed well screen
is related to the grain-size distribution of the aquifer. Development of a screened
well by pumping, surging, or backwashing draws the fines out of the aquifer,
through the well screen, and up to the surface. By removing the fines from the
formation in the vicinity of the well, a natural gravel pack is created around the
screen that increases the efficiency of the intake. In some cases, an artificial gravel
pack is emplaced to improve intake properties. Figure 8.3 shows several typical
designs for wells in consolidated and unconsolidated formations.

The productivity of a well is often expressed in terms of the specific capacity,
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el Joe 2l is far from all-inclusive. There is a massive literature in the field and the committed
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Figure 8.3 Typical well designs for consolidated and unconsolidated forma- At this point it is worth recalling from Section 2.10 that the definition of
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d;awdown in the well. Tn this equation, Ak, = Ak - Ak,, where Ahisthedrawdown that follow in effect assume that changes in effective stress induced by aquifer

in hydraulic head in the aquifer at the well screen boundary, and Ak, is the well pumping are much larger in the vertical direction than in the horizontal.

loss created by the turbulent flow of water through the screen and into the pump The concept of aquifer storage inherent in the storativity term also implies an
intake. Ak is calculated from the standard well-hydraulics equations developed in instantaneous release of water from any elemental volume in the system as the
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tions on top and bottom, (3) infinite in horizontal extent, (4) of constant thickness,
and (5) homogeneous and isotropic with respect to its hydrogeological parameters.

8.3 "The Response.of 1aedl Aquiiaers 1o Pusmping For the purposes of our initial analysis, let us further limit our ideal system as

The exploitation of a groundwater basin leads to water-level declines that serve to F{’“C'WS: &) th_ere j.s only a single pumping well‘ 1‘1 the fiql.‘ifef: (2) the pumping rate
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aquifers to pumping will be examined. We will investigate several types of aquifer The partial differential equation that describes saturated flow in two horizontal

configuration, but in each case the geometry will be sufficiently regular and the dimen_sions ip a confined aquifer with transmissivity 7" and storativity S was devel-
boundary conditions sufficiently simple to allow the development of an analytical oped in Section 2.11 as Eq. (2.77):

solution to the boundary-value problem that represents the case at hand. These T e

solutions, together with solutions to more complex boundary-value problems that T + 5 =+

describe less ideal conditions, constitute the foundation of the study of well hy-
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Since it is clear that hydraulic-head drawdowns around a well will possess rad%al
symmetry in our ideal system, it is advantageous to convert Eq_. 2.77) mtozradlazl
coordinates. The conversion is accomplished through the relation r = o/x* +y

and the equation of flow becomes (Jacob, 1950)

0%h 1 0h_ S ok (8.1)
arz " ror Tot

The mathematical region of flow, as illustrated in the plan view of Figure 8.4,
is a horizontal one-dimensional line through the aquifer, from r = 0 at the well to

r = oo at the infinite extremity.

Plan
— > =0
Section rro :
B —
TITTTIT, T N
Drawdou{n h=hg
t=0
b \ hie,t) Potentiometric surface
Piezometer
o Ll /‘/_/ ///. /{/ //4
e T2 veper i O Cantingd
il T S 2 <1 aquifer

Hydroulic head contours

Figure 8.4 Radial flow to a well in a horizontal confined aquifer,

The initial condition is

h(r, 0) = hq for all r

where , is the constant initial hydraulic head.
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The boundary conditions assume no drawdown in hydraulic head at the in-
finite boundary:

h(co,t) = h,  forallt (8.3)

and a constant pumping rate Q [L?/T7] at the well:

. (K _ 0
lim (r G7) = gog  for >0 (8.4)

Condition (8.4) is the result of a straightforward application of Darcy’s law at the
well face.

The solution A(r, f) describes the hydraulic head field at any radial distance r
at any time after the start of pumping. For reasons that should be clear from a
perusal of Figure 8.4, solutions are often presented in terms of the drawdown in
head hy, — h(r, 1).

The Theis Solution

Theis (1935), in what must be considered one of the fundamental breakthroughs
in the development of hydrologic methodology, utilized an analogy to heat-flow
theory to arrive at an analytical solution to Eq. (8.1) subject to the initial and
boundary conditions of Egs. (8.2) through (8.4). His solution, written in terms of
the drawdown, is

ho— htr, ) = g2 [ 8.5)
where
2
u= 2—§ (8.6)

The integral in Eq. (8.5) is well known in mathematics. It is called the exponen-
tial integral and tables of values are widely available. For the specific definition of
u given by Eq. (8.6), the integral is known as the well function, W(u). With this
notation, Eq. (8.5) becomes

.
ho — h = 72 W) 8.7

Table 8.1 provides values of W(u) versus u, and Figure 8.5(a) shows the relationship
W(u) versus 1/u graphically. This curve is commonly called the Theis curve.

If the aquifer properties, 7" and S, and the pumping rate, Q, are known, it is
possible to predict the drawdown in hydraulic head in a confined aquifer at any
distance r from a well at any time ¢ after the start of pumping. It is simply necessary
to calculate u from Eq. (8.6), look up the value of W(u) on Table 8.1, and calculate
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Table 8.1 Values of W(v) for Various Values of v

u

K AHAAXARAXAXNKXKKXXKXXKAX

1
10~1
10-2
10-3
1074
10-%
10~%
1077
10-8
10-®
10-10
10-11
10—12
10-13
10-14
10-15

1.0 20 3.0 4.0 5.0 6.0 7.0 8.0 9.0
0219 0.049 0013  0.0038  0.0011 0.00036  0.00012  0.000038 0.000012
1.82 ) 0.91 0.70 0.56 0.45 0.37 0.31 0.26
4.04 3.35 2.96 2,68 2.47 2.30 2.15 2,03 1.92
6.33 5.64 5.23 4.95 4.73 4.54 4.39 4.26 4.14
8.63 7.94 7.53 7.25 7.02 6.84 6.69 6.55 6.44

10.94 10.24 9.84 0:55 9.33 9.14 8,99 8.86 8.74
13.24 12.55 12.14 11.85 11.63 11.45 11.29 11.16 11.04
15.54 14.85 14.44 14.15 13.93 13.75 13.60 13.46 13.34
17.84 17.15 16.74 16.46 16.23 16.05 15.90 15.76 15.65
20.15 19.45 19.05 18.76 18.54 18.35 18.20 18.07 17.95
22.45 21,76  21.35 21.06 20.84 20.66 20.50 20.37 20.25
2475 2406  23.65 23.36 23.14 22.96 22.81 22.67 2255
27.05 2636 2596  25.67 25.44 25,26 25.11 24.97 24.86
29,36  28.66  28.26  27.97 27.75 27.56 27.41 27.28 27.16
31.66  30.97 30.56  30.27 30.05 29.87 29.711 29.58 29.46
33.96 33.27 32.86  32.58 32.35 32.17 32.02 31.88 31.76

SOURCE: Wenzel, 1942,

h, — h from Eq. (8.7). Figure 8.5(b) shows a calculated plot of h, = h versus ¢
for the specific set of parameters noted on the figure. A set of field measurements
of drawdown versus time measured in a piezometer that is set in an ideal confined
aquifer with these properties would show this type of record.

The shape of the function h, — h versus ¢, when plotted on log-log paper as
in Figure 8.5(b), has the same form as the plot of W(u) versus 1/u shown in Figure
8.5(a). This is a direct consequence of the relations embodied in Egs. (8.6) and
(8.7), where it can be seen that h, — h and W(u), and f and 1 Ju, are related to one
another through a constant term,

It is also possible to calculate values of 4, — h at various values of rat a given
time t. Such a calculation leads to a plot of the cone of depression (or drawdown
cone) in the potentiometric surface around a pumping well. Figure 8.4 provides a
schematic example. The steepening of the slope of the cone near the well is reflected
in the solution, Eq. (8.7). The physical explanation is clear if one carries out the
simple flow-net construction shown in the plan view of Figure 8.4 and then carries
the hydraulic head values down onto the section.

For a given aquifer the cone of depression increases in depth and extent with
increasing time. Drawdown at any point at a given time is directly proportional
to the pumping rate and inversely proportional to aquifer transmissivity and
aquifer storativity. As shown in Figure 8.6, aquifers of low transmissivity develop
tight, deep drawdown cones, whereas aquifers of high transmissivity develop shal-
low cones of wide extent. Transmissivity exerts a greater influence on drawdown
than does storativity.

In that geologic configurations are seldom as ideal as that outlined above,
the time-drawdown response of aquifers under pumpage often deviates from the
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Figure 8.5 (a) Theoretical curve of W(u) versus 1/u. (b) Calculated curve of
ho — h versus t.

Theis solution shown in Figure 8.5. We will now turn to some of the theoretical
response curves that arise in less ideal situations. Specifically, we will look at (1)
leaky ‘aquifers, (2) unconfined aquifers, (3) multiple-well systems, (4) stepped
pumping rates, (5) bounded aquifers, and (6) partially penetrating wells.
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Figure 8.6 Comparison of drawdown cones at a given time for aquife.re: of
(a) low transmissivity ; (b) high transmissivity ; (c) low storativity ;
(d) high storativity.

Leaky Aquifers

The assumption inherent in the Theis solution thaft geologic fm:rnations oveL_'lymg
and underlying a confined aquifer are completely 1m;_:ermeablei is se..ld_orn s.atlsﬁed.
Even when production wells are screened only in a mpgle aquifer, it is quite us%at
for the aquifer to receive a significant inflow fro_m adjacen.t beds. Sug:h an aqui ]:r
is called a leaky aquifer, although in reality it is the aqu_ltard _that is leakj{. P t;
aquifer is often just one part of a multiple-aquifer _systern in which a succession o
aquifers are separated by intervening low—permeabxl{ty aquitards. For the purposes
of this section, however, it is sufficient for us to consider ti_le three-layer case shown
in Figure 8.7. Two aquifers of thickness b, and b, ar}d honzoptal hydr.'auhc cgndulf]::-
tivities K, and K, are separated by an aquitard of thicknffss b' and vertical hy raE _ic
conductivity K’. The specific storage values in the aquifers are S,, and S,,, while
in the aquitard is S’ .
o 1Slilntc;a lc'ligorous approach to flow in multiple-aquife.r systems involves bound:
ary conditions that make the problem intractable analyt:lcally, 1t.has beeg ci.'.slolnn‘ln
ary to simplify the mathematics by assuming that flow is essen.tlally hOI’lZOIll;aégl)
the aquifers and vertical in the aquitards. Neur_nan and Wlthcrspc:on l(1 ; }?e
report that the errors introduced by this assumption are less than 5% w enh
conductivities of the aquifers are more than 2 orders of magnitude greater than
uitard. il

i ’?';;h(?eiqelopment of leaky-aquifer theory has taken place in two dlstmctg Z;ts
of papers. The first, by Hantush and Jacob (1955) and Hantush (1956, 1960),
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Figure 8.7 Schematic diagram of a two-aquifer “leaky” system. Recall that
T=Kband § = S,b.

provided the original differentiation between the Theis response and that for leaky
aquifers. The second, by Neuman and Witherspoon (19692, 1969b, 1972) evaluated
the significance of the assumptions inherent in the earlier work and provided more
generalized solutions.

The analytical solution of Hantush and Jacob (1955) can be couched in the
same form as the Theis solution [Eq. (8.7)] but with a more complicated well
function. In fact, Hantush and Jacob developed two analytical solutions, one
valid only for small ¢ and one valid only for large ¢, and then interpolated between
the two solutions to obtain the complete response curve. Their solution is presented
in terms of the dimensionless parameter, r/B, defined by the relation

g™, J—K— 8.8)
B~ '"VKb,p (

In analogy with Eq. (8.7), we can write their solution as

Fa i ﬁ% W(u, |B) (8.9)

where W(u, r/B) is known as the leaky well function.

Hantush (1956) tabulated the values of W(u, r/B). Figure 8.8 is a plot of this
function against 1/u. If the aquitard is impermeable, then K’ — 0, and from Eq.
(8.8), r/B = 0. In this case, as shown graphically in Figure 8.8, the Hantush-Jacob
solution reduces to the Theis solution.

If T, (= K,b,) and S, (= S,,b,) are known for the aquifer and X’ and b’ are
known for the aquitard, then the drawdown in hydraulic head in the pumped
aquifer for any pumpage Q at any radial distance r at any time ¢ can be calculated
from Eq. (8.9), after first calculating u for the pumped aquifer from Eq. (8.6),
r/B from Eq. (8.8), and W(u, r/B) from Figure 8.9.

The original Hantush and Jacob (1955) solution was developed on the basis
of two very restrictive assumptions. They assumed that the hydraulic head in the
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Figure 8.8 Theoretical curves of W(u, r/8) versus 1/u for a leaky aquifer
(after Walton, 1960).
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Figure 8.9 Theoretical curves of W (u, r/B11, r/B21, Bi11, Bai) versus 1/u
for a leaky two-aquifer system (after Neuman and Witherspoon,

1969a).

unpumped aquifer remains constant during the removal of wa_lter from t_he pumped
aquifer and that the rate of leakage into the pumped aquifer is prqpor?;ona’l to the
hydraulic gradient across the leaky aquitard. The first assumption 1mphes.that
the unpumped aquifer has an unlimited capacity to provide water for delivery
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through the aquitard to the pumped aquifer, The second assumption completely
ignores the effects of the storage capacity of the aquitard on the transient solution
(i.e., it is assumed that S/, = 0).

In a later paper, Hantush (1960) presented a modified solution in which
consideration was given to the effects of storage in the aquitard. More recently,
Neuman and Witherspoon (1969a, 1969b) presented a complete solution that
includes consideration of both release of water from storage in the aquitard and
head drawdowns in the unpumped aquifer. Their solutions require the calculation
of four dimensionless parameters, which, with reference to Figure 8.7, are defined

as follows:
o \/T
B, K.b,b’

r ’
By ’W/ K;b,b
(8.10)
By, = JKS:

~3,VKS,

By =L [ K5,

~ A,V K8,

Neuman and Witherspoon’s solutions provide the drawdown in both aquifers
as a function of radial distance from the well, and in the aquitard as a function of
both radial distance and elevation above the base of the aquitard. Their solutions
can be described in a schematic sense by the relation

ho — h(r, 2,0) = 72 W, /By, 7/Bay, Brss Bar) 8.11)

Tabulation of this well function would require many pages of tables, but an indica-
tion of the nature of the solutions can be seen from Figure 8.9, which presents the
theoretical response curves for the pumped aquifer, the unpumped aquifer, and at
three elevations in the aquitard, for a specific set of r/B and f values. The Theis
solution is shown on the diagram for comparative purposes.

Because of its simplicity, and despite the inherent dangers of using a simple
model for a complex system, the r/B solution embodied in Figure 8.8 is widely used
for the prediction of drawdowns in leaky-aquifer systems. Figure 8.10 shows an
h, — h versus ¢ plot for a specific case as calculated from Eq. (8.9) with the aid of
Figure 8.8. The drawdown reaches a constant level after about 5 X 103 seconds.
From this point on, the r/B solution indicates that steady-state conditions hold
throughout the system, with the infinite storage capacity assumed to exist in the
upper aquifer feeding water through the aquitard toward the well. If the overlying
aquitard were impermeable rather than leaky, the response would follow the dotted
line. As one would expect, drawdowns in leaky aquifers are less than those in non-
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Figure 8.10 Calculated curve of i — A versus t for a leaky aquifer, based on
Hantush-Jacob theory.

leaky aquifers, as there is now an additional source of water over and above that
which can be supplied by the aquifer itself. Predictions based on the Theis equa-
tion therefore provide a conservative estimate for leaky systems; that is, they over-
predict the drawdown, or, put another way, actual drawdowns are unlikely to
reach the values predicted by the Theis equation for a given pumping scheme in a
multiaquifer system.

Unconfined Aquifers

When water is pumped from a confined aquifer, the pumpage induces hydraulic
gradients toward the well that create drawdowns in the potentiometric surface.
The water produced by the well arises from two mechanisms: expansion of the water
in the aquifer under reduced fluid pressures, and compaction of the aquifer under
increased effective stresses (Section 2.10). There is no dewatering of the geologic
system. The flow system in the aquifer during pumping involves only horizontal
gradients toward the well; there are no vertical components of flow. When water
is pumped from an unconfined aquifer, on the other hand, the hydraulic gradients
that are induced by the pumpage create a drawdown cone in the water table itself
and there are vertical components of flow (Figure 8.11). The water produced by the
well arises from the two mechanisms responsible for confined delivery plus the
actual dewatering of the unconfined aquifer.

There are essentially three approaches that can be used to predict the growth
of unconfined drawdown cones in time and space. The first, which might be
termed the complete analysis, recognizes that the unconfined well-hydraulics
problem (Figure 8.11) involves a saturated-unsaturated flow system in which
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Figure 8.11 Radial flow to a well in an unconfined aquifer.

water-table drawdowns are accompanied by changes in the unsaturated moisture
contents above the water table (such as those shown in Figure 2.23). The complete
analysis requires the solution of a boundary-value problem that includes both the
saturated and unsaturated zones. An analytical solution for this complete case
was presented by Kroszynski and Dagan (1975) and several numerical mathematical
models have been prepared (Taylor and Luthin, 1969; Cooley, 1971; Brutsaert et
al., 1971). The general conclusion of these studies is that the position of the water
table during pumpage is not substantially affected by the nature of the unsaturated
flow above the water table. In other words, while it is conceptually more appealing
to carry out a complete saturated-unsaturated analysis, there is little practical
advantage to be gained, and since unsaturated soil properties are extremely diffi-
cult to measure in situ, the complete analysis is seldom used.

The second approach, which is by far the simplest, is to use the same equation
as for a confined aquifer [Eq. (8.7)] but with the argument of the well function
[Eq. (8.6)] defined in terms of the specific yield S, rather than the storativity S. The
transmissivity 7" must be defined as T = Kb, where b is the initial saturated thick-
ness. Jacob (1950) has shown that this approach leads to predicted drawdowns
that are very nearly correct as long as the drawdown is small in comparison with
the saturated thickness. The method in effect relies on the Dupuit assumptions
(Section 5.5) and fails when vertical gradients become significant.

The third approach, and the one most widely used in practice, is based on the
concept of delayed water-table response. This approach was pioneered by Boulton
(1954, 1955, 1963) and has been significantly advanced by Neuman (1972, 1973b,
1975a). It can be observed that water-level drawdowns in piezometers adjacent to
pumping wells in unconfined aquifers tend to decline at a slower rate than that
predicted by the Theis solution. In fact, there are three distinct segments that can
be recognized in time-drawdown curves under water-table conditions. During the
first segment, which covers only a short period after the start of pumping, an
unconfined aquifer reacts in the same way as does a confined aquifer. Water is
released instantaneously from storage by the compaction of the aquifer and by the
expansion of the water. During the second segment, the effects of gravity drainage
are felt. There is a decrease in the slope of the time-drawdown curve relative to
the Theis curve because the water delivered to the well by the dewatering that
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accompanies the falling water table is greater than that which would .be delivered
by an equal decline in a confined potentiometric surface. In the third segment,
which occurs at later times, time-drawdown data once again tend to conform to a
Theis-type curve.

Boulton (1963) produced a semiempirical mathematical solution that repro-
duces all three segments of the time-drawdown curve in an uncor_lﬁned aquifer.
His solution, although useful in practice, required the definition of an empirical
delay index that was not related clearly to any physical phenomenon. In recent years
there has been a considerable amount of research (Neuman, 1972; Streltsova,
1972; Gambolati, 1976) directed at uncovering the physical processes responsible
for delayed response in unconfined aquifers. It is now clear that the delay index is
not an aquifer constant, as Boulton had originally assumed. It is_ rt_:lated to the
vertical components of flow that are induced in the flow system and it is apparently
a function of the radius r and perhaps the time ?.

The solution of Neuman (1972, 1973b, 1975a) also reproduces all three seg-
ments of the time-drawdown curve and it does not require the definition of any
empirical constants. Neuman’s method recognizes the existence 91‘ vertica_l flow
components, and the general solution for the drawdown, ho — h, is a function of
both r and z, as defined in Figure 8.11. His general solution can be reduced to one
that is a function of » alone if an average drawdown is considered. His complex
analytical solution can be represented in simplified form as

he — b = ﬁ—fwm,,, i) (8.12)

where W(u,, ug, ) is known as the unconfined well function and = r?/b®. Figure
8.12 is a plot of this function for various values of 7. The type 4 curves that grow
out of the left-hand Theis curve of Figure 8.12, and that are followed at early time,

are given by
ho — h = 72 Wtz 1) (8.13)

where
TR e )
4 4Tt
and S is the elastic storativity responsible for the instantaneous release of water to
the well. The type B curves that are asymptotic to the right-hand Theis curve of
Figure 8.12, and that are followed at later time, are given by

il ot E%W(us, ) (8.14)

where
_ IS,
4Tt

Ug
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Figure 8.12 Theoretical curves of W (v 4, ug, #) versus 1/u4 and 1/ug for an
unconfined aquifer (after Neuman, 1975a).

and §, is the specific yield that is responsible for the delayed release of water to
the well.

For an anisotropic aquifer with horizontal hydraulic conductivity K, and
vertical hydraulic conductivity K, the parameter # is given by

2
7= g—’;‘} (8.15)

If the aquifer is isotropic, K, = K,, and = r2/b?. The transmissivity 7 is defined
as T = K,b. Equations (8.12) through (8.15) are only valid if S,>> S and A, —
h<b.

The prediction of the average drawdown at any radial distance » from a pump-
ing well at any time ¢ can be obtained from Eqs. (8.13) through (8.15) given Q,
S, S,, K,, K,, and b.

Multiple-Well Systems. Stepped Pumping Rates,
Well Recovery, and Partial Penetration

The drawdown in hydraulic head at any point in a confined aquifer in which more
than one well is pumping is equal to the sum of the drawdowns that would arise
from each of the wells independently. Figure 8.13 schematically displays the draw-
down h, — h at a point B situated between two pumping wells with pumping rates
0,= 0,. If 9, Q,, the symmetry of the diagram about the plane 4 — 4’
would be lost but the principles remain the same.
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Figure 8,13 Drawdown in the potentiometric surface of a confined aquifer
being pumped by two wells with Q; = Q3.

For a system of n wells pumping at rates Q,, @, . . ., Q,, the arithmetic sum-
mation of the Theis solutions leads to the following predictive equation for the
drawdown at a point whose radial distance from each wellis given by ry, 74, . .+, 7,

Y . 0, T o -
ho — h = 22 W) + 2 W) + - + g W) @16)
where
— ﬁit?- 1 =
H,-—4Tt: i I,Z,...,n

and 1, is the time since pumping started at the well whose discharge is Q.

The summation of component drawdowns outlined above is an application of
the principle of superposition of solutions. This approach is valid because the
equation of flow [Eq. (8.1)] for transient flow in a confined aquifer is linear (i.e.,
there are no cross terms of the form dk/dr - dh/dt). Another application of the
principle of superposition is in the case of a single well that is pumped at an initial
rate O, and then increased to the rates @y, Q,, . . . , O, in a stepwise fashion by the
additions AQ,, AQ,, . . . , AQ,,. Drawdown at a radial distance r from the pumping
well is given by

_ 0 A9, oot s
ho— h= 22 W) + f2Ww) + - + oW ) G1D

Total drawdown
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where

= IS i
u;—ﬁ:}; j—O,l,Z,...,m
and ¢, is the time since the start of the pumping rate Q,.

A third application of the superposition principle is in the recovery of a well
after pumping has stopped. If ¢ is the time since the start of pumping and ¢’ is the
time since shutdown, then the drawdown at a radial distance r from the well is
given by

hy —h = M%IW(”’) — W(u,)] (8.18)
where
iPES N
Uy = m and U, = W

Figure 8.14 schematically displays the drawdowns that occur during the pumping
period and the residual drawdowns that remain during the recovery period.
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Figure 8.14 Schematic diagram of the recovery in hydraulic head in an
aquifer after pumping is stopped.

It is not always possible, or necessarily desirable, to design a well that fully
penetrates the aquifer under development. This is particularly true for unconfined
aquifers, but may also be the case for thick confined aquifers. Even for wells that
are fully penetrating, screens may be set over only a portion of the aquifer thickness.

Partial penetration creates vertical flow gradients in the vicinity of the well
that render the predictive solutions developed for full penetration inaccurate.
Hantush (1962) presented adaptations to the Theis solution for partially penetrating
wells, and Hantush (1964) reviewed these solutions for both confined and leaky-
confined aquifers. Dagan (1967), Kipp (1973), and Neuman (1974) considered the
effects of partial penetration in unconfined aquifers.




Bounded Aquifers
When a confined aquifer is bounded on one side by a straight-line impermeable
boundary, drawdowns due to pumping will be greater near the boundary [Figure
8.15(a)] than those that would be predicted on the basis of the Theis equation for
an aquifer of infinite areal extent. In order to predict head drawdowns in such
systems, the method of images, which is widely used in heat-flow theory, hgs been
adapted for application in the groundwater milieu (Ferris et al., 1962). V\_’;th this
approach, the real bounded system is replaced for the purposes of analysis by an
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Figure 8.16 (a) Drawdown in the potentiometric surface of a confined
aquifer bounded by an impermeable boundary; (b) equivalent
system of infinite extent; (c) plan view.
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imaginary system of infinite areal extent [Figure 8.15(b)]. In this system there are
two wells pumping: the real well on the left and an image well on the right. The
image well pumps at a rate, 0, equal to the real well and is located at an equal
distance, x,, from the boundary. If we sum the two component drawdowns in the
infinite system (in identical fashion to the two-well case shown in Figure 8.13),
it becomes clear that this pumping geometry creates an imaginary impermeable
boundary (i.e., a boundary across which there is no flow) in the infinite system at
the exact position of the real impermeable boundary in the bounded system. With
reference to Figure 8.15(c), the drawdown in an aquifer bounded by an imper-
meable boundary is given by

< o 46
hy — h = =5 W,) + W(u,)] (8.19)
where
__ns B8
=gy W =g

One can use the same approach to predict the decreased drawdowns that
occur in a confined aquifer in the vicinity of a constant-head boundary, such as
would be produced by the slightly unrealistic case of a fully penetrating stream
[Figure 8.15(d)]. For this case, the imaginary infinite system [Figure 8.15(¢)] includes
the discharging real well and a recharging image well. The summation of the cone
of depression from the pumping well and the cone of impression from the recharge
well leads to an expression for the drawdown in an aquifer bounded by a constant-
head boundary:

ho — h = 72 1W(w,) — W) (8.20)
where u, and u, are as defined in connection with Eq. (8.19).

It is possible to use the image well approach to provide predictions of draw-
down in systems with more than one boundary. Ferris et al. (1962) discuss several
geometric configurations. One of the more realistic (Figure 8.16) applies to a
pumping well in a confined alluvial aquifer in a more-or-less straight river valley.
For this case, the imaginary infinite system must include the real pumping well
R, an image well /, equidistant from the left-hand impermeable boundary, and an
image well I, equidistant from the right-hand impermeable boundary. These image
wells themselves give birth to the need for further image wells. For example, I,
reflects the effect of I, across the left-hand boundary, and I, reflects the effect of
I, across the right-hand boundary. The result is a sequence of imaginary pumping
wells stretching to infinity in each direction. The drawdown at point P in Figure
8.16 is the sum of the effects of this infinite array of wells. In practice, image wells
need only be added until the most remote pair produces a negligible effect on
water-level response (Bostock, 1971).
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u
A at an overlying point in the aquitard by the application of a one-dimensional flow
xgn .[ Xz % . theory, detvcloped by Karl Terzaghi, the founder of modern soil mechanics

anszder an aquitard of thickness b’ (Figure 8.17) sandwiched hetweelzx two

produczng .aquifers. If the initial condition is a constant hydraulic head 4 = A
& e . in the aquitard, and if the drawdowns in hydraulic head in the adjacent aquifer:
T L Ta can be represented as an instantaneous step function Ah, the system can be repre-

l ] ’-\'/é‘ % sented by the following one-dimensional boundary-value problem.
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Figure 8.16 Image-well system for pumpage from a confined aquifer in a }

river valley bounded by impermeable boundaries. z b'
; 0 ! 1 i 1 y | %
The Response of Ideal Aquitards ho-Bh : 220 T
; p : g o
The most common geological occurrence of exploitable confined aquifers is in h
sedimentary systems of interbedded aquifers and aquitards. In many cases the g - !
aquitards are much thicker than the aquifers and although their permeabilities are igure 8.17 Response of an ideal aquitard to a step drawdown in head

; e ) : . in the two adj i
low, their storage capacities can be very high. In the very early pumping history of a HESPRIO SRR

production well, most of the water comes from the depressurization of the aquifer
in which the well is completed. As time proceeds the leakage properties of the
aquitards are brought into play and at later times the majority of the water being

From Eq. (2.76), the one-dimensional form of the flow equation is

0%h _ pg(@’ + n'p) oh

produced by the well is aquitard leakage. In many aquifer-aquitard systems, the = Rl EEE (8.21)
aquitards provide the water and the aquifers transmil it to the wells. It is thus of
considerable interest to be able to predict the response of aquitards as well as where the primed parameters are the aquitard properties. The initial condition is
aquifers.

In the earlier discussion of leaky aquifers, two theories were introduced: the h(z,0) = h,

Hantush-Jacob theory, which utilizes the W(u, r/B) curves of Figure 8.8, and the

; i and the iti
Neuman-Witherspoon theory, which utilizes the W(u, r/B, r/Bzys 11 B.,) curves boundary conditions:are

of Figure 8.9. In that the Hantush-Jacob theory does not include the storage prop- RO, ) = h, — Ak

erties of the aquitard, it is not suitable for the prediction of aquitard response. i ¥

The Neuman-Witherspoon solution, in the form of Eq. (8.11) can be used to pre- h(b', ) = h, — Ah

dict the hydraulic head A(r, z, ) at any elevation z in the aquitard (Figure 8.7)

at any time t, at any radial distance r, from the well. In many cases, however, it Terzaghi (1925) provided an analytical solution to this boundary-value problem
may be quite satisfactory to use a simpler approach, If the hydraulic conductivity He noted that for clays n'f < a' in Eq. (8.21). He grouped the remaining aquitarci
of the aquitards is at least 2 orders of magnitude less than the hydraulic conduc- parameters into a single parameter c,, known as the coefficient of consolidation and
tivity in the aquifers, it can be assumed that flow in the aquifers is horizontal and defined as

leakage in the aquitards is vertical. If one can predict, or has measurements of, X’

h(r, 1) at some point in an aquifer, one can often predict the hydraulic head A(z, t) Oy Sy (8.22)

pg.




334 Groundwater Resource Evaluation | Ch. 8

He further defined the dimensionless time factor, 7, as

de 1
T, = Gy (8.23)
Given the aquitard parameter ¢, and the geometric parameter b’, one can calculate
T, for any time .

Figure 8.17 is a graphical presentation of Terzaghi's solution A(z, 7). It allows
the prediction of the hydraulic head at any elevation z at any time ¢ in an aquitard
sandwiched between two producing aquifers, as long as the drop in hydraulic head
Ah can be estimated in the aquifers. It is also possible to interpret this solution
for an aquitard that drains to only one aquifer. For example, if the lower boundary
of the aquitard on the inset to Figure 8.17 is impermeable, only the upper half
of the curves shown in the figure are used for the prediction of A(z, t). The z =0
line passes through the center of the figure, and the parameters ¢, and T, are
defined as above. Wolff (1970) has described a case history that utilizes the con-
cepts of one-dimensional aquitard response.

Predictions of aquitard response, and the inverse application of this theory
to determine aquitard parameters, as discussed in Section 8.6, are also important
in assessing contaminant migration (Chapter 9) and land subsidence (Section 8.12).

The Real World

Each of the analytical solutions presented in this section describes the response to
pumping in a very idealized representation of actual aquifer configurations. In the
real world, aquifers are heterogeneous and anisotropic; they usually vary in thick-
ness; and they certainly do not extend to infinity. Where they are bounded, it is
not by straight-line boundaries that provide perfect confinement. In the real world,
aquifers are created by complex geologic processes that lead to irregular stratig-
raphy, interfingering of strata, and pinchouts and trendouts of both aquifers and
aquitards. The predictions that can be carried out with the analytical expressions
presented in this section must be viewed as best estimates. They have greater worth
the more closely the actual hydrogeological environment approaches the idealized
configuration.

In general, well-hydraulics equations are most applicable when the unit of
study is a well or well field. They are less applicable on a larger scale, where the
unit of study is an entire aquifer or a complete groundwater basin. Short-term
yields around wells are very dependent on aquifer properties and well-field geo-
metry, both of which are emphasized in the well-hydraulics equations. Long-
term yields on an aquifer scale are more often controlled by the nature of the
boundaries. Aquifer studies on the larger scale are usually carried out with the
aid of models based on numerical simulation or electric-analog techniques. These
approaches are discussed in Sections 8.8 and 8.9.

The predictive formulas developed in this section and the simulation tecl_1—
niques described in later sections allow one to calculate the drawdowns in hydraulic
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head that will occur in an aquifer in response to groundwater development through
wells. They require as input either the three basic hydrogeological parameters:
hydraulic conductivity, K, porosity, n, and compressibility, &; or the two derived
aquifer parameters: transmissivity, 7, and storativity, S. There is a wide variety
of techniques that can be used to measure these parameters. In the next section,
we will discuss laboratory tests; in Section 8.5, piezometer tests: and in Section 8.6,
pumping tests. In Section 8.7, we will examine some estimation techniques, and in
Section 8.8, the determination of aquifer parameters by inverse simulation. The
formulas presented in this section are the basis for the pumping-test approach that
is described in Section 8.6.

8.4 Measurement of Parameters: Laboratory Tests

The laboratory tests described in this section can be considered as providing point
values of the basic hydrogeologic parameters. They are carried out on small
samples that are collected during test-drilling programs or during the mapping of
surficial deposits. If the samples are undisturbed core samples, the measured
values should be representative of the in situ point values. For sands and gravels,
even disturbed samples may yield useful values. We will describe testing methods
for the determination of hydraulic conductivity, porosity, and compressibility in
the saturated state; and we will provide references for the determination of the
characteristic curves relating moisture content, pressure head, and hydraulic con-
ductivity in the unsaturated state. We will emphasize principles; for a more complete
description of each testing apparatus and more detailed directions on laboratory
procedures, the reader is directed to the soil-testing manual by Lambe (1951), the
permeability handbook of the American Society of Testing Materials (1967), or
the pertinent articles in the compendium of soil analysis methods edited by Black
(1965). Our discussions relate more to soils than to rocks, but the principles of
measurement are the same. The rock mechanics text by Jaeger (1972) discusses
rock-testing procedures.

Hydraulic Conductivity

The hydraulic conductivity, K, was defined in Section 2.1, and its relationship to
the permeability, k, was explored in Section 2.3. The saturated hydraulic conduc-
tivity of a soil sample can be measured with two types of laboratory apparatus.
The first type, known as a constant-head permeameter, is shown in Figure 8.18(a);
the second type, a falling-head permeameter, is shown in Figure 8.18(b).

In a constant-head test, a soil sample of length L and cross-sectional area 4
is enclosed between two porous plates in a cylindrical tube, and a constant-head
differential H is set up across the sample. A simple application of Darcy’s law
leads to the expression

k=92 (8.24)
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Figure 8,18 (a) Constant-head permeameter; (b) falling-head permeameter
(after Todd, 1959).

where Q is the steady volumetric discharge through the system. It ‘is important I‘hat
no air become entrapped in the system, and for this reason it is wise to use deaired
water. If disturbed samples are being tested in the permeameter, they should be
carefully saturated from below as they are emplaced. .

In a falling-head test [Figure 8.18(b)], the head, as measured in a tube of cross-
sectional area a, is allowed to fall from H, to H, during time t. The hydraulic
conductivity is calculated from

This equation can be derived (Todd, 1959) from the simple boundary-value problem
that describes one-dimensional transient flow across the soil sample. In order that
the head decline be easily measurable in a finite time period, it is necessary to
choose the standpipe diameter with regard to the soil being_ tested. I_.ambe (1951)
suggests that for a coarse sand a standpipe whose diameter 1s appro%lmately equal
to that of the permeameter is usually satisfactory, whereas a ﬁne‘sﬂt may neces-
sitate a standpipe whose diameter is one-tenth the permeameter d_lametcr. Larpbe
also suggests that the point /H H, be marl_(ﬂi_gq the standpipe. If the time
required for the head decline from H, to /H,H, is not equal to that for the
decline from ~/H H, to H,, the test has not functioned correctly and a check
should be made for leaks or entrapped air. _

Klute (1965a) notes that the constant-head system is best suited to sa'mples
with conductivities greater than 0.01 cm/min while the falling-head system is b._cst
suited to samples with lower conductivity. He also notes that claborate, painstaking
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measurements are not generally required for conductivity determinations on field
samples. The variability among samples is usually large enough that precise deter-
mination of the conductivity of a given sample is not warranted.

For clayey materials the hydraulic conductivity is commonly determined from
a consolidation test, which is described in the subsection on compressibility below.

Porosity

In principle, the porosity, n, as defined in Section 2.5, would be most easily mea-
sured by saturating a sample, measuring its volume, V7, weighing it and then oven
drying it to constant weight at 105°C. The weight of water removed could be
converted to a volume, knowing the density of water. This volume is equivalent to
the volume of the void space, ¥,; and the porosity could be calculated from
n=V,/Vg.

In practice, it is quite difficult to exactly and completely saturate a sample of
given volume. It is more usual (Vomocil, 1965) to make use of the relationship

n=1— % (8.26)

which can be developed by simple arithmetic manipulation of the basic definition
of porosity. In Eq. (8.26), p, is the bulk mass density of the sample and p, is the
particle mass density. The bulk density is the oven-dried mass of the sam ple divided
by its field volume. The particle density is the oven-dried mass divided by the
volume of the solid particles, as determined by a water-displacement test. In cases
where great accuracy is not required, p, = 2.65 g/em? can be assumed for most
mineral soils.

Compressibility

The compressibility of a porous medium was defined in Section 2.9 with the aid
of Figure 2.19. It is a measure of the relative volumetric reduction that will take
place in a soil under an increased effective stress. Compressibility is measured in a
consolidation apparatus of the kind commonly used by soils engineers. In this
test, a soil sample is placed in a loading cell of the type shown schematically in
Figure 2.19(a). A load L is applied to the cell, creating a stress o, where o — L/A,
4 being the cross-sectional area of the sample. If the soil sample is saturated and
the fluid pressure on the boundaries of the sample is atmospheric (i.e., the sample
is free-draining), the effective stress, o,, which leads to consolidation of the sample,
is equal to the applied stress, @.

The reduction in sample thickness, b, is measured after equilibrium is achieved
at each of several loading increments, and the results are converted into a graph
of void ratio, e, versus effective stress, ,, as shown in F igure 2.19(b). The compres-
sibility, o, is determined from the slope of such a plot by

— _de/(1 + &)
o =B % (8.27)
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where ¢, is the initial void ratio prior to loading. As noted ip Section' 2.9, o isa
function of the applied stress and it is dependent on the previous loading history.

Lambe (1951) describes the details of the testing procedure. The‘most common
loading method is a lever system on which weights of known magth}dc are hl..mg.
There are two types of loading cell in common use. In the ﬁ{ced-rfng container
[Figure 8.19(a)], all the sample movement relative to t!le container is downwafg.
In the floating-ring container [Figure 8.19(b)], compression occurs toward the. mid-
dle from both top and bottom. In the floating-ring container, the f:ﬁ"ect of fl']Ctl'OH
between the container wall and the soil specimen is smaller than in the ﬁ_xefl-rn?g
container. In practice, it is difficult to determine thf: mag‘m!,ude of the friction in
any case, and because its effect is thought to be minor, it 18 normzlilly neglected.
Cohesionless sands are usually tested as disturbed samples. Cohesive clays must
be carefully trimmed to fit the consolidometer ring.

Porous

stone Cover plate

'.,“’ afas -?-'-'“"3“,00'00: -
Sample of
cross-sectional

{a) {b)

Figure 8,19 (a) Fixed-ring consolidometer; (b) floating-ring consolido-
meter (after Lambe, 1951).

In soil mechanics terminology, the slope of the e — o, curve is -.::alled the
coefficient of compressibility, a,. The relationship between a, and ¢ is easily seen to

be
—de e (1 + en)av (8.28)

a,, =
AR

More commonly, soils engineers plot the void ratio, e, against t!_:e logarithm of
@,. When plotted in this manner, there is usually a significant portion of _thc curve
that is a straight line. The slope of this line is called the compression index, C.,

where

o o= e 8.29)
C- = Xiog o) ;

In most civil engineering applications the rate of consolidation is just as
important as the amount of consolidation. This rate is depen.dent both. on t'he
compressibility, &, and the hydraulic conductivity, K. As noted in CDIlIlCCthI:l with
Eq. (8.22), soils engineers utilize a grouped parameter known as the coefficient of
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consolidation, ¢,, which is defined as

K
0= 8.30
= pew (8.30)

At each loading level in a consolidation test, the sample undergoes a transient
drainage process (fast for sands, slow for clays) that controls the rate of consolida-
tion of the sample. If the rate of decline in sample thickness is recorded for each
loading increment, such measurements can be used in the manner described by
Lambe (1951) to determine the coefficient of consolidation, ¢,, and the hydraulic
conductivity, K, of the soil.

In Section 8.12, we will further examine the mechanism of one-dimensional
consolidation in connection with the analysis of land subsidence.

Unsaturated Characteristic Curves

The characteristic curves, K(y) and 8(y), that relate the moisture content, 8, and
the hydraulic conductivity, X, to the pressure head, y, in unsaturated soils were
described in Section 2.6. Figure 2.13 provided a visual example of the hysteretic
relationships that are commonly observed, The methods used for the laboratory
determination of these curves have been developed exclusively by soil scientists.
It is not within the scope of this text to outline the wide variety of sophisticated
laboratory instrumentation that is available. Rather, the reader is directed to the
soil science literature, in particular to the review articles by L. A, Richards (1965),
Klute (1965b), Klute (1965¢c), and Bouwer and Jackson (1974).

8.5 Measurement of Parameters:
Piezometer Tests

It is possible to determine in situ hydraulic conductivity values by means of tests
carried out in a single piezometer. We will look at two such tests, one suitable for
point piezometers that are open only over a short interval at their base, and one
suitable for screened or slotted piezometers that are open over the entire thickness
of a confined aquifer. Both tests are initiated by causing an instantaneous change
in the water level in a piezometer through a sudden introduction or removal of a
known volume of water. The recovery of the water level with time is then observed.
When water is removed, the tests are often called bail tests; when it is added, they
are known as slug tests. It is also possible to create the same effect by suddenly
introducing or removing a solid cylinder of known volume.

The method of interpreting the water level versus time data that arise from bail
tests or slug tests depends on which of the two test configurations is felt to be most
representative. The method of Hvorslev (1951) is for a point piezometer, while
that of Cooper et al. (1967) is for a confined aquifer. We will now describe each in
turn.
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\ F i f Hvorslev ' A plot of field recovery data, H — h versus ¢, should therefore show an exponential

The simplest interpl:etatloﬂ o pl;zomete:-:?:?g;;?c:s;;:tli..:itteomedium in , decline in recovery rate with time. If, as shown on Figure 8.20(b), the recovery is
(1951). His init.ial analysis assun_-ned x Om;i’gfe Witi‘l ceference to the bail test of normalized to H — H, and plotted on a logarithmic scale, a straight-line plot
which both soil and water are '1::0;“!:‘:]153 oate of inflow, g, at the piezometer tip results. Note that for H — h/H — H, = 0.37, In (H — h/H — H,) = —1, and from
Figure 8.20(a), Hvorslev- reasoned tha g ducti\ri’ty K. of the soil and to Eq. (8.33), T, = t. The basic time lag, T, can be defined by this relation; orif a
at any time ¢ is proportional to ths hydeautie son e more physical definition is desired, it can be seen, by multiplying both top and bot-
the unrecovered head difference, H — h, so that tom of Eq. (8.32) by H — H,, that T, is the time that would be required for the
dh (8.31) complete equalization of the head difference if the original rate of inflow were

q(r) = mr* 5 = FK(H — h) maintained. That is, T, = ¥/q,, where V is the volume of water removed or added.

) ox To interpret a set of field recovery data, the data are plotted in the form of

) on the shape and dimensions of the piezomele Figure 8.20(b). The value of T, is measured graphically, and K is determined from

‘i::t‘:;z F;;s;a:fa:: (::[ trhit g,e liate?sdzlear that q(t;))ewill decrease asymptotically toward Eq. (8.32). For a piezometer intake of length L and radius R [Figure 8.20(a)], with

L/R > 8, Hvorslev (1951) has evaluated the shape factor, F. The resulting expres-
sion for K is

\mﬂ ;r 1.0 K= re lzrl(éfRi (834)

Hvorslev also presents formulas for anisotropic conditions and for a wide variety

of shape factors that treat such cases as a piezometer open only at its basal cross

section and a piezometer that just encounters a permeable formation underlying
037 Ty an impermeable one. Cedergren (1967) also lists these formulas.

5 In the field of agricultural hydrology, several in situ techniques, similar in

£ix principle to the Hvorslev method but differing in detail, have been developed for

= 1 =T the measurement of saturated hydraulic conductivity. Boersma (1965) and Bouwer

and Jackson (1974) review those methods that involve auger holes and piezometers,

For bail tests of slug tests run in piezometers that are open over the entire

J_J thickness of a confined aquifer, Cooper et al. (1967) and Papadopoulos et al. (1973)

RN [, T (O T = have evolved a test-interpretation procedure. Their analysis is subject to the same

assumptions as the Theis solution for pumpage from a confined aquifer. Contrary

to the Hvorslev method of analysis, it includes consideration of both formation

and water compressibilities. It utilizes a curve-matching procedure to determine

the aquifer coefficients 7" and S. The hydraulic conductivity K can then be deter-

(a) (b) mined on the basis of the relation, K = T/b. Like the Theis solution, the method

. ; (b) method of analysis. is based on the solution to a boundary-value problem that involves the transient

20 Hvorslov piezometer test. (s) Geomety (£) equation of groundwater flow, Eq. (2.77). The mathematics will not be described

here.

For the bail-test geometry shown in Figure 8.21(a), the method involves the

T, — nr? (8.32) preparation of a plot of recovery data in the form H — h/H — H, versus . The

LI ./ < plot is prepared on semilogarithmic paper with the reverse format to that of

| the Hvorslev test; the H — h/H — H, scale is linear, while the t scale is logarithmic.

| The field curve is then superimposed on the type curves shown in Figure 8.21(b).

With the axes coincident, the data plot is translated horizontally into a position

where the data best fit one of the type curves. A matchpoint is chosen (or rather, a

vertical axis is matched) and values of t and W are read off the horizontal scales

zero as time goes On.

L ——t=00 (and t<0)

05

t +dt

I
N
Recovery

0 2 4 6 g 10
. >|:}=R t (hrs)

Figure B.

Hvorslev defined the basic time lag, T, as

tituted in Eq. (8.31), the solution to the resulting

When this parameter is subs 1 Ec ) 5 e
ordinary differential equation, with the initial condition, h = Hgatt = 0,is

H—h - e*lﬂ'l (8_33)

H_Ho—
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Figure B.21 Piezometer test in a confined aquifer. (a) Geometry; (b) type
curves (after Papadopoulos et al., 1973).

at the matched axis of the field plot and the type plot, respectively. For ease .of
calculation it is common to choose a matched axis at W = 1.0. The transmissivity

T is then given by

T — ”:’z (8.35)

where the parameters are expressed in any consistent set of units.

In principle, the storativity, S, can be determined from the a valuff of the
matched curve and the expression shown on Figure 8.21(b). In practice, since the
slopes of the various a lines are very similar, the determination of S by this method
is unreliable.

The main limitation on slug tests and bail tests is that they are heavily depen-
dent on a high-quality piezometer intake. If the wellpoint or screen is cormfied
or clogged, measured values may be highly inaccurate. On 1hc‘ other hand, if a
piezometer is developed by surging or backwashing prior to tt_astmg‘, the measured
values may reflect the increased conductivities in the artificially induced gravel
pack around the intake. : ‘

It is also possible to determine hydraulic conductivity in a piezometer or
single well by the introduction of a tracer into the well bore. The tracer copccntra-
tion decreases with time under the influence of the natural hydraulic gradient that
exists in the vicinity of the well. This approach is known as the borehole dilution
method, and it is described more fully in Section 9.4.

8.6 Measurement of Parameters:
Pumping Tests

In this section, a method of parameter measurement that is specifically suited to the
determination of transmissivity and storativity in confined and unconfined aquifers
will be described. Whereas laboratory tests provide point values of the hydro-
geological parameters, and piezometer tests provide in situ values representative
of a small volume of porous media in the immediate vicinity of a piezometer tip,
pumping tests provide in situ measurements that are averaged over a large
aquifer volume.

The determination of 7 and S from a pumping test involves a direct applica-
tion of the formulas developed in Section 8.3. There, it was shown that for a given
pumping rate, if 7" and S are known, it is possible to calculate the time rate of
drawdown, h, — h versus t, at any point in an aquifer. Since this response depends
solely on the values of 7" and §, it should be possible to take measurements of
hy — h versus t at some observational point in an aquifer and work backward
through the equations to determine the values of 7 and S.

The usual course of events during the initial exploitation of an aquifer involves
(1) the drilling of a test well with one or more observational piezometers, (2) a
short-term pumping test to determine the values of T'and S, and (3) application of
the predictive formulas of Section 8.3, using the 7 and S values determined in the
pumping test, to design a production well or wells that will fulfill the pumpage
requirements of the project without leading to excessive long-term drawdowns.
The question of what constitutes an “excessive” drawdown and how drawdowns
and well yields are related to groundwater recharge rates and the natural hydrologic
cycle are discussed in Section 8.10.

Let us now examine the methodology of pumping-test interpretation in more
detail. There are two methods that are in common usage for calulating aquifer
coefficients from time-drawdown data. Both approaches are graphical. The first
involves curve matching on a log-log plot (the Theis method), and the second
involves interpretations with a semilog plot (the Jacob method).

Log-Log Type-Curve Matching

Let us first consider data taken from an aquifer in which the geometry approaches
that of the idealized Theis configuration. As was explained in connection with
Figure 8.5, the time-drawdown response in an observational piezometer in such an
aquifer will always have the shape of the Theis curve, regardless of the values of
T and S in the aquifer. However, for high T a measurable drawdown will reach
the observation point faster than for low 7, and the drawdown data will begin to
march up the Theis curve sooner. Theis (1935) suggested the following graphical
procedure to exploit this curve-matching property:

1, Plot the function W{(u) versus 1/u on log-log paper. (Such a plot of dimen-
sionless theoretical response is known as a type curve.)
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9. Plot the measured time-drawdown values, i — h versus t, on log-log paper
of the same size and scale as the W(u) versus 1/u curve. '

3. Superimpose the field curve on the type curve keeping the cocrfhna}e lzllxes
parallel. Adjust the curves until most of the observed data points fall on

e curve.

4, tS};Tegpan arbitrary match point and read off the paired values of W(u),
1/u, hy — h, and t at the match point. CalE;ulatc u from 1/u. 2

5. Using these values, together with the pumping rate Q gnd th_e radial distance
» from well to piezometer, calculate 7' from the relationship

= O 8.36
T=%alh, = B (3.36)

6. Calculate S from the relationship

s=20 (8.37)

Equations (8.36) and (8.37) follow directly from Egs. (8.7) and (8.6). They
are valid for any consistent system of units. Some authors prefer to present the
equations in the form

T = 400 W) (8.38)
s= ;_T: (8.39)
r

where the coefficients 4 and B are dependent on the 1'mits used fqr the various
parameters. For SI units, with Ay — h and r measured‘m met.ers, tin secondsf Q1
in m#/s, and T'in m?/s, 4 = 0.08 and B = 0.25. For the 1nconslster_1t set of p_ra((:itlca
units widely used in North America, with &, — h and r measured in feet, t in ays(i
Q in U.S. gal/min, and T in U.S. gal/day/ft, A = 114.6 and B = 1.87. For Q an
T in terms of Imperial gallons, 4 remains unchanged and B = 1.56. o
Figure 8.22 illustrates the curve-matching procedure and.calt::ulatl_ons orha
set of field data. The alert reader will recognize these data as being identical to the
calculated data originally presented in Figure 8.5(b). It_would proba.bl)f be intui-
tively clearer if the match point were taken at some point on the c:{:unlu:lden‘;l polrci
tions of the superimposed curves. However, a few quick Falculatlons s cauh
convince doubters that it is equally valid to take tl_w matchpomt_ anywh_e_re on }E” er
overlapping fields once they have been fixed in their correct relative positions. £'o
ease of calculation, the matchpoint is often taken at W)= 1.0,u = 1.0 2
The log-log curve-matching technique can also be used for leaky aqui er:
(Walton, 1962) and unconfined aquifers (Prickett, 1965; Neuman, 1975a). FxgurS
8.23 provides a comparative review of the geometry of these systems and.tha ty;:er
of hy — h versus t data that should be expected in an observational piezomete
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Figure 8.22 Determination of T and S from Ay — h versus t data using the

log-log curve-matching procedure and the W(u) versus 1/u-type
curve.

in each case. Sometimes time-drawdown data unexpectedly display one of these
forms, thus indicating a geological configuration that has gone unrecognized dur-
ing the exploration stage of aquifer evaluation.

For leaky aquifers the time-drawdown data can be matched against the leaky
type curves of Figure 8.8. The r/B value of the matched curve, together with the
matchpoint values of W(u,r/B), u, h, — h, and t, can be substituted into Egs.
(8.6), (8.8), and (8.9) to yield the aquifer coefficients 7 and S. Because the develop-
ment of the r/B solutions does not include consideration of aquitard storativity,
an r/B curve matching approach is not suitable for the determination of the
aquitard conductivity K’. As noted in the earlier subsection on aquitard response,
there are many aquifer-aquitard configurations where the leakage properties of
the aquitards are more important in determining long-term aquifer yields than the
aquifer parameters themselves. In such cases it is necessary to design a pumping-
test configuration with observational piezometers that bottom in the aquitards as
well as in the aquifers. One can then use the pumping-test procedure outlined by
Neuman and Witherspoon (1972), which utilizes their more general leaky-aquifer
solution embodied in Egs. (8.6), (8.10), and (8.11). They present a ratio method
that obviates the necessity of matching field data to type curves as complex as
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Figure 8.23 Comparison of log-log hg — h versus t data for ideal, leaky, un-

confined, and bounded systems.

those of Figure 8.9. The method only requires matching against the Theis curve,
and calculations are relatively easy to carry out. .
As an alternative approach (Wolff, 1970), one can simply read off a T value

from Figure 8.17 given a hydraulic head value A measured in an aquitard piezo-

. ; ; ,
meter at elevation z at time . Knowing the aquitard thickness, b’, one can solve

Eq. (8.23) for ¢,. If an & value can be estimated, Eq. (8.22) can be solved for‘K t

For unconfined aquifers the time-drawdown data should be matched agains
the unconfined type curves of Figure 8.12. The 5 value of the matched cur\:':é
together with the match-point values of W(uy, Uz, N), Ugs U B,_kc — h, ar}d t ca; :
substituted into Egs. (8.13) through (8.15) to y131<l21 the aqu.l_fer coefficients :t >
and §,. Moench and Prickett (1972) discuss the interpretation of data at sites
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where lowered water levels cause a conversion from confined to unconfined con-
ditions.

Figure 8.23(d) shows the type of log-log response that would be expected in
the vicinity of an impermeable or constant-head boundary. However, bounded
systems are more easily analyzed with the semilog approach that will now be
described.

Semilog Plots

The semilog method of pump-test interpretation rests on the fact that the exponen-
tial integral, W(u), in Eqgs. (8.5) and (8.7) can be represented by an infinite series.
The Theis solution then becomes

2 3
ha—h=%(—0.57?2—lnu—i—u-—ztle—l— u +) (8.40)

Cooper and Jacob (1946) noted that for small « the sum of the series beyond In
u becomes negligible, so that

e s N o
ho — h = 725 (—0.5772 — Inu) (8.41)

Substituting Eq. (8.6) for u, and noting that In u = 2.3 log 4, that —In u = In
1/u, and that In 1.78 = 0.5772, Eq. (8.41) becomes

. 230,  225Ti
hy—h =gz log =" (8.42)

Since Q, r, T, and S are constants, it is clear that 4, — & versus log ¢ should plot
as a straight line.

Figure 8.24(a) shows the time-drawdown data of Figure 8.22 plotted on a
semilog graph. If Ak is the drawdown for one log cycle of time and ¢, is the time
intercept where the drawdown line intercepts the zero drawdown axis, it follows
from further manipulation with Eq. (8.42) that the values of 7 and S, in consistent
units, are given by

_ 230
T=i2% (8.43)

As with the log-log methods, these equations can be reshaped as

_ €0
r-58 (8.45)
s =20 (8.46)
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Figure 8.24 (a) Determination of 7 and S from Ay — A versus t data using the
semilog method; (b) semilog plot in the vicinity of an imper-
meable boundary.

where C and D are coefficients that depend on the units used. For Ak and r in
meters, ¢ in seconds, Q in m3/s, and T in m?/s, C = 0.18 and D = 2.25. For Ah
and r in feet, ¢ in days, Q in U.S. gal/min, and T in U.S. gal/day/ft, C = 264 and
D = 0.3. For Q and T'in terms of Imperial gallons, C = 264 and D = 0.36.
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Todd (1959) states that the semilog method is valid for u < 0.01. Examination
of the definition of u [Eq. (8.6)] shows that this condition is most likely to be
satisfied for piezometers at small r and large t.

The semilog method is very well suited to the analysis of bounded confined
aquifers, As we have seen, the influence of a boundary is equivalent to that of a
recharging or discharging image well. For the case of an impermeable boundary,
for example, the effect of the additional imaginary pumping well is to double the
slope of the A, — & versus log t plot [Figure 8.24(b)]. The aquifer coefficients S
and T should be calculated from Egs. (8.43) and (8.44) on the earliest limb of the
plot (before the influence of the boundary is felt). The time, #,, at which the break
in slope takes place can be used together with Egs. (8.19) to calculate r,, the distance
from piezometer to image well [Figure 8.15(c)]. It takes records from three piezom-
eters to unequivocally locate the position of the boundary if it is not known from
geological evidence.

Advantages and Disadvantages of Pumping Tests

The determination of aquifer constants through pumping tests has become a
standard step in the evaluation of groundwater resource potential. In practice, there
is much art to successful pump testing and the interested reader is directed to
Kruseman and de Ridder (1970) and Stallman (1971) for detailed advice on the
design of pumping-test geometries, and to Walton’s (1970) many case histories.

The advantages of the method are probably self-evident. A pumping test
provides in situ parameter values, and these values are, in effect, averaged over
a large and representative aquifer volume. One obtains information on both
conductivity (through the relation X = 7}/b) and storage properties from a single
test. In aquifer-aquitard systems it is possible to obtain information on the very
important leakage properties of the system if observations are made in the aquitards
as well as the aquifers.

There are two disadvantages, one scientific and one practical. The scientific
limitation relates to the nonuniqueness of pumping-test interpretation. A perusal
of Figure 8.23(b),(c), and (d) indicates the similarity in time-drawdown response
that can arise from leaky, unconfined, and bounded systems. Unless there is very
clear geologic evidence to direct groundwater hydrologists in their interpretation,
there will be difficulties in providing a unique prediction of the effects of any
proposed pumping scheme. The fact that a theoretical curve can be matched by
pumping test data in no way proves that the aquifer fits the assumptions on which
the curve is based.

The practical disadvantage of the method lies in its expense. The installation
of test wells and observational piezometers to obtain aquifer coefficients is proba-
bly only justified in cases where exploitation of the aquifer by wells at the test site
is contemplated. In most such cases, the test well can be utilized as a production
well in the subsequent pumping program. In geotechnical applications, in con-
tamination studies, in regional flow-net analysis, or in any flow-net approach that
requires hydraulic conductivity data but is not involyed with well development,
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the use of the pumping-test approach is usually inappropriate. It is our opinion
that the method is widely overused. Piezometer tests are simpler and cheaper,
and they can provide adequate data in many cases where pumping tests are not
justified.

8.7 Estimation of Saturated Hydraulic Conductivity

It has long been recognized that hydraulic conductivity is related to the grain-size
distribution of granular porous media. In the early stages of aquifer exploration
or in regional studies where direct permeability data are sparse, this interrelation-
ship can prove useful for the estimation of conductivity values. In this section, we
will examine estimation techniques based on grain-size analyses and porosity
determinations. These types of data are often widely available in geological reports,
agricultural soil surveys, or reports of soil mechanics testing at engineering sites.

The determination of a relation between conductivity and soil texture requires
the choice of a representative grain-size diameter. A simple and apparently durable
empirical relation, due to Hazen in the latter part of the last century, relies on the
effective grain size, d,,, and predicts a power-law relation with X

K = Ad?, (8.47)

The d,, value can be taken directly from a grain-size gradation curve as determined
by sieve analysis. It is the grain-size diameter at which 10, by weight of the soil
particles are finer and 90 % are coarser. For K in cm/s and 4, in mm, the coefficient
A in Eq. (8.47) is equal to 1.0. Hazen’s approximation was originally determined
for uniformly graded sands, but it can provide rough but useful estimates for most
soils in the fine sand to gravel range.

Textural determination of hydraulic conductivity becomes more powerful
when some measure of the spread of the gradation curve is taken into account.
When this is done, the median grain size, dsg, is usually taken as the representative
diameter. Masch and Denny (1966) recommend plotting the gradation curve [Figure
8.25(a)] using Krumbein’s ¢ units, where ¢ = —log, d, d being the grain-size
diameter (in mm). As a measure of spread, they use the inclusive standard deviation,
a;, where

T dig — dsa + ds — dys (8.48)

For the example shown in Figure 8.25(a), ds, = 2.0 and o; = 0.8. The curves
shown in Figure 8.25(b) were developed experimentally in the laboratory on pre-
pared samples of unconsolidated sand. From them, one can determine K, knowing
ds, and o;.

For a fluid of density, p, and viscosity, u, we have seen in Section 2.3 [Eq.
(2.26)] that the hydraulic conductivity of a porous medium consisting of uniform
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Figure 8.26 Determination of saturated hydraulic conductivity from grain-
size gradation curves for unconsolidated sands (after Masch
and Denny, 1966).

spherical grains of diameter, d, is given by
e (%g) cd (8.49)

For a nonuniform soil, we might expect the d in Eq. (8.49) to become d,,, where
d,, is some representative grain size, and we would expect the coefficient C to be
dependent on the shape and packing of the soil grains. The fact that the porosity,
n, Tepresents an integrated measure of the packing arrangement has led many
investigators to carry out experimental studies of the relationship between C and
n. The best known of the resulting predictive equations for hydraulic conductivity
is the Kozeny-Carmen equation (Bear, 1972), which takes the form

<= ()l () (6

In most formulas of this type, the porosity term is identical to the central
element of Eq. (8.50), but the grain-size term can take many forms. For example,
the Fair-Hatch equation, as reported by Todd (1959), take the form

&= (2L [m(igﬁlz ;;3)*} EPR

where m is a packing factor, found experimentally to be about 5; @ is a sand shape
factor, varying from 6.0 for spherical grains to 7.7 for angular grains; P is the

LY
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percentage of sand held between adjacent sieves; and d,, is the geometric mean of

the rated sizes of adjacent sieves.
Both Egs. (8.50) and (8.51) are dimensionally correct. They are suitable for

application with any consistent set of units.

8.8 Prediction of Aquifer Yield
by Numerical Simulation

The analytical methods that were presented in Section 8.3 for the prediction of
drawdown in multiple-well systems are not sophisticated enough to handle the
heterogeneous aquifers of irregular shape that are often encountered in the field.
The analysis and prediction of aquifer performance in such situations is normally
carried out by numerical simulation on a digital computer.

There are two basic approaches: those that involve a finite-difference formula-
tion, and those that involve a finite-element formulation. We will look at finite-
difference methods in moderate detail, but our treatment of finite-element methods
will be very brief.

Finite-Difference Methods

As with the steady-state finite-difference methods that were described in Section
5.3, transient simulation requires a discretization of the continuum that makes up
the region of flow. Consider a two-dimensional, horizontal, confined aquifer of
constant thickness, b; and let it be discretized into a finite number of blocks, each
with its own hydrogeologic properties, and each having a node at the center at
which the hydraulic head is defined for the entire block. As shown in Figure 8.26(a),
some of these blocks may be the site of pumping wells that are removing water
from the aquifer.

Let us now examine the flow regime in one of the interior nodal blocks and
its four surrounding neighbors. The equation of continuity for transient, saturated
flow states that the net rate of flow into any nodal block must be equal to the time
rate of change of storage within the nodal block. With reference to Figure 8.26(b),
and following the developments of Section 2.11, we have

Qs + Oas + Oss + Qus =S, Ax Ayb% (8.52)

where S, is the specific storage of nodal block 5. From Darcy’s law,

Qs = Ky kld_thAXb (8.53)

where K, is a representative hydraulic conductivity between nodes 1 and 5.
Similar expressions can be written for Q,5, Qs5, and Qys.
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Figure8.26 Discretization of a two-dimensional, horizontal, confined aquifer.

Let us first consider the case of a homogeneous, isotropic medium for which
Kis=K,;s=K;s;=K,;s=Kand S, =8, =385, =5, =S5, If we arbitrarily
select a square nodal grid with Ax = Ay, and note that 7= Kb and S = S,b,
substitution of expressions such as that of Eq. (8.53) into Eq. (8.52) leads to

B < s B e SAxZ%f’t_s (8.54)

The time derivative on the right-hand side can be approximated by

Ohs __ hs(t) — hs(t — At

w?lere At is the time step that is used to discretize the numerical model in a time-
wise sense. If we now convert to the ijk notation indicated on Figure 8.26(c), where
the subscript (i, j) refers to the nodal position and the superscript k=0, 1, 2, ., .
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indicates the time step, we have

SAx?2 _
hf;-: ™ h.t,t.; T hi‘—l‘.f %1 hl&...'i-l - 4}‘:‘:1 T T;I (hf.' =k ﬁ;l (856)

In a more general form,

Ahf‘t — Bh(k'j_; + Chf.;]lj ‘1" Dhﬁ;+[ "i’ Eh(k_llj ”'+‘ F (8.57)
where
—SAx 8.58
A= +4 (8.58)
B=C=D=E=1 (8.59)
= SAX e 8.60
F —— TAI LW ( )

Equation (8.57) is the finite-difference equation for an internal node (i, /) in
a homogeneous, isotropic, confined aquifer. Each of the parameters S, T, Ax, and
At that appear in the definitions of the coefficients are known, as is the vaIt_Ae of‘th.c
hydraulic head, A, ;, at the previous time step, k — 1. In a similar fashion, it is
possible to develop finite-difference equations for boundary nodes and corner
nodes, and for nodes from which pumping takes place. In each case, the finite-
difference equation is similar in form to Eg. (8.57), but the expressions for the
coefficients will differ. For boundary nodes, some of the coefficients will be zero.
For an internal pumping node, the coefficients 4, B, C, D, and E are as given in
Egs. (8.58) and (8.59), but

=B (S . gt 8.61
K= _T_(Al hiy' + Wu) (8.61)

where W, is a sink term with units [L/T]. W is related to the pumping rate, Q
[L*/T], by
W,y =Rud (8.62)

Sometimes W is given a more general definition,

Wi, =254 — R, (8.63)

where R, , is a source term with units [L/ T that represents vertical leakage into ll_ae
aquifer from overlying aquitards. In this case Eq. (8.61) is used for all nodes In
the system and W, , is specified for every node. It will be negative for nodes accept-

ing leakage and positive for nodes undergoing pum;_)ing. ) ‘
It is possible to develop Eq. (8.57) in a more rigorous way, starting with the
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partial differential equation that describes transient flow in a horizontal confined
aquifer. In Appendix IX, the rigorous approach is used to determine the values for
the coefficients 4, B, C, D, E, and F, in the general finite-difference equation for an
internal node in a heterogeneous, anisotropic aquifer. In such a system each node
(#, /) may be assigned its own specific values of S, ,, (T,),, ,, and (T,),, ,, where T,
and T, are the principal components of the transmissivity tensor in the x and y
coordinate directions. The derivation of Appendix IX is carried out for a rectan-
gular nodal grid in which Ax 5= Ay. A further sophistication, which is not consid-
ered there, would allow an irregular nodal grid in which the Ax and Ay values are
themselves a function of nodal position. Irregular nodal spacings are often required
in the vicinity of pumping wells where hydraulic gradients tend to be large. The
concepts that underlie the development of these more complex finite-difference
formulations is identical to that which led to Eq. (8.57). The more complex the
finite-difference equations embodied in the computer program, the more versatile
is that program as a numerical simulator of aquifer performance.

It is possible, then, to develop a finite-difference equation, at some degree of
sophistication, for every node in the nodal grid. If there are N nodes, there are N
finite-difference equations. At each time step, there are also N unknowns: namely,
the N values of A, , at the N nodes. At each time step, we have N linear, algebraic
equations in N unknowns. This set of equations must be solved simultaneously
at each time step, starting from a set of initial conditions wherein 4, ; is known for
all (7, j), and proceeding through the time steps, k = 1, 2, . ... Many methods are
available for the solution of the system of equations, and numerical aquifer models
are often classified on the basis of the approach that is used. For example, the
method of successive overrelaxation that was described in Section 5.3 for the numer-
ical simulation of steady-state flow nets is equally applicable to the system of equa-
tions that arises at each time step of a transient aquifer model. More commonly a
method known as the alternating-direction implicit procedure is used. Remson et
al. (1971) and Pinder and Gray (1977) provide a systematic and detailed presenta-
tion of these various methods as they pertain to aquifer simulation. Advanced
mathematical treatment of the methods is available in the textbook by Forsythe
and Wasow (1960). The original development of most numerical-simulation tech-
niques took place in the petroleum engineering field, where the primary application
is in the simulation of oil-reservoir behavior. Pinder and Bredehoeft (1968) adapted
the powerful alternating-direction implicit procedure to the needs of groundwater
hydrologists.

There are two aquifer-simulation programs that have been completely docu-
mented and widely applied in North America. One is the U.S. Geological Survey
model, which is an outgrowth of Pinder and Bredehoeft's original work. Trescott
et al. (1976) provide an updated manual for the most recent version of the computer
program. The other is the Illinois State Water Survey model, which is fully docu-
mented by Prickett and Lonnquist (1971). Bredehoeft and Pinder (1970) have also
shown how a sequence of two-dimensional aquifer models can be coupled together
to form a quasi-three-dimensional model of an aquifer-aquitard system.
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As a practical example, we will consider the analysis carried out by Pinder
and Bredehoeft (1968) for an aquifer at Musquoduboit Harbour, Nova Scotia.
The aquifer there is a glaciofluvial deposit of limited areal extent. Figure 8.27(a)
shows the initial estimate of the areal distribution of transmissivity for the aquifer
as determined from the rather sparse hydrogeological data that were available.
Simulations with this transmissivity matrix failed to reproduce the drawdown pat-
terns observed during a pumping test that was run near the center of the aquifer. The
aquifer parameters were then adjusted and readjusted over several computer runs
until a reasonable duplication was achieved between the measured time-drawdown
data and the results of the digital model. Additional test-well logs tended to support
the adjusted parameters at several points. The final transmissivity distribution is
shown in Figure 8.27(b). The model was then put into prediction mode; Figure
8.27(c) is a plot of the predicted drawdown pattern 206.65 days after the start of
exploitation by a proposed production well pumping at a rate of Q = 0.963 ft?/s.

Render (1971, 1972) and Huntoon (1974) provide additional case histories
of interest.

Finite-Element Methods

The finite-element method, first noted in Section 5.3 in connection with the simula-
tion of steady-state flow nets, can also be used for the simulation of transient aquifer
performance. As in the finite-difference approach, the finite-element approach
leads to a set of N algebraic equations in N unknowns at each time step, where the
N unknowns are the values of the hydraulic heads at a set of nodal points distrib-
uted through the aquifer. The fundamental difference lies in the nature of the nodal
grid. The finite-element method allows the design of an irregular mesh that can be
hand-tailored to any specific application. The number of nodes can often be
significantly reduced from the number required for a finite-difference simulation.
The finite-element approach also has some advantages in the way it treats boundary
conditions and in the simulation of anisotropic media.

The development of the finite-element equations for each node requires an
understanding of both partial differential equations and the calculus of variations.
Remson, Hornberger, and Molz (1971) provide an introductory treatment of the
method as it applies to aquifer simulation. Pinder and Gray (1977) provide an
advanced treatment. Zienkiewicz (1967) and Desai and Abel (1972) are the most
widely quoted general reference texts. The finite-element method was introduced
into the groundwater literature by Javandel and Witherspoon (1969). Pinder and
Frind (1972) were among the first to utilize the method for the prediction of regional
aquifer performance. Gupta and Tanji (1976) have reported an application of a
three-dimensional finite-element model for the simulation of flow in an aquifer-
aquitard system in the Sutter Basin, California.

Model Calibration and the Inverse Problem

If measurements of aquifer transmissivity and storativity were available at every
nodal position in an aquifer-simulation model, the prediction of drawdown patterns
would be a very straightforward matter. In practice, the data base on which models
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Figure 8.27 Numerical simulation of aquifer performance at Musquoduboit
Harbour, Nova Scotia (after Pinder and Bredehoeft, 1968).
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must be designed is often very sparse, and it is almost always necessary to calibrate
the model against historical records of pumping rates and drawdown patterns,
The parameter adjustment procedure that was described in connection with Figure
8.27 represents the calibration phase of the modeling procedure for that particular
example. In general, a model should be calibrated against one period of the histor-
ical record, then verified against another period of record. The application of a
simulation model for a particular aquifer then becomes a three-step process of
calibration, verification, and prediction.

Figure 8.28 is a flowchart that clarifies the steps involved in the repetitive
trial-and-error approach to calibration, Parameter correction may be carried out
on the basis of purely empirical criteria or with a performance analyzer that
embodies formal optimization procedures. The contribution by Neuman (1973a)
includes a good review and a lengthy reference list, The role of subjective informa-
tion in establishing the constraints for optimization was treated by Lovell et al.
(1972). Gates and Kisiel (1974) considered the question of the worth of additional
data. They analyzed the trade-off between the cost of additional measurements
and the value they have in improving the calibration of the model.

Unknown Measured
flow
system output
Measured input Error Performance Parameter
—_— =
analyzer corrector
¥
Initial Simulation |
estimate of model output

parameters 1

New parameters

Figure 8.28 Flowchart of the trial-and-error calibration process (after Neu-
man, 1973a).

The term calibration usually refers to the trial-and-error adjustment of aquifer
parameters as outlined in Figure 8.28. This approach involves the repetitive applica-
tion of the aquifer model in its usual mode. In each simulation the boundary-value
problem is set up in the usunal way with the transmissivity, 7'(x, y), storativity,
S(x, y), leakage, R(x,y, 1), and pumpage, Q(x, y, t), known, and the hydraulic
head, A(x, y, t), unknown. It is possible to carry out the calibration process more
directly by utilizing an aquifer simulation model in the inverse mode. In this case
only a single application of the model is required, but the model must be set up as
an inverse boundary-value problem where A(x, y, t) and Q(x, y, f) are known and
T(x, y), S(x, y), and R(x, y, t) are unknown. When posed in this fashion, the cali-
bration process is known as the inverse problem.

In much of the literature, the term parameter identification is used to encompass
all facets of the problem at hand. What we have called calibration is often called

359 Groundwater Resource Evaluation | Ch. 8

the indirect approach to the parameter identification problem, and what we have
called the inverse problem is called the direct approach.

The solution of the inverse formulation is not, in general, unique. In the first
place there may be too many unknowns; and in the second place, h(x, y, t) and
O(x, y, 1) are not known for all (x, y). In practice, pumpage takes place at a finite
number of points, and the historical records of head are available at only a finite
number of points. Even if R(x, y, ) is assumed constant or known, the problem
remains ill-posed mathematically. Emsellem and de Marsily (1971) have shown,
however, that the problem can be made tractable by using a “flatness criteria”
that limits the allowable spatial variations in 7 and S. The mathematics of their
approach is not simple, but their paper remains the classic discussion of the inverse
problem. Neuman (1973a, 1975b) suggests using available measurements of T
and § to impose constraints on the structure of 7(x, y) and S(x, y) distributions.
The contributions of Yeh (1975) and Sagar (1975) include reviews of more recent
developments.

There is another approach to inverse simulation that is simpler in concept but
apparently open to question as to its validity (Neuman, 1975b). It is based on the
assumption of steady-state conditions in the flow system. As first recognized by
Stallman (1956), the steady-state hydraulic head pattern, A(x, y, z) in a three-
dimensional system can be interpreted inversely in terms of the hydraulic conduc-
tivity distribution, K(x, y,z). In a two-dimensional, unpumped aquifer, A(x, y)
can be used to determine 7(x, y). Nelson (1968) showed that the necessary condi-
tion for the existence and uniqueness of a solution to the steady-state inverse
problem is that, in addition to the hydraulic heads, the hydraulic conductivity or
transmissivity must be known along a surface crossed by all streamlines in the
system. Frind and Pinder (1973) have pointed out that, since transmissivity and
flux are related by Darcy’s law, this criterion can be stated alternatively in terms
of the flux that crosses a surface. If water is being removed from an aquifer at a
steady pumping rate, the surface to which Nelson refers occurs around the cir-
cumference of the well and the well discharge alone provides a sufficient boundary
condition for a unique solution. Frind and Pinder (1973) utilized a finite-clement
model to solve the steady-state inverse problem. Research is continuing on the
question of what errors are introduced into the inverse solution when a steady-
state approach is used for model calibration for an aquifer that has undergone a
transient historical development.

- 8.9 Prediction of Aquifer Yield
by Analog Simulation

Numerical simulation of aquifer performance requires a moderately large computer
and relatively sophisticated programming expertise. Electric-analog simulation
provides an alternative approach that circumvents these requirements at the
expense of a certain degree of versatility.




Analogy Between Electrical Flow

and Groundwater Flow |
The principles underlying the physical and ma‘thcmaﬁcal analogy bet\a{een‘ electn:l:al
flow and groundwater flow were introduced in Sectlon'S.Z. The‘ apph‘catlcin urtl. EII‘
discussion was the simulation of steady-state flow nets 1{1.two-d1meps1ona ver lcak
cross sections. One of the methods described there utilized a res.:stance-nerhwor
analog that was capable of handling heterogeneous systems 'of 1.rregular s la.pe.
In this section, we will pursue analog methods further, by considering thz*: app 1ca;
tion of two-dimensional resistance-capacitance networks for thf: predif:tlon Ic)
transient hydraulic-head declines in heterogeneous, confined aquifers of irregular
s}’hapzcmsider a horizontal confined aquifer of thickness b. If it is overlaid \x{;th
a square grid of spacing, Ax, [as in Figure 8.26(a)], any small homogeneous portion
of the discretized aquifer [Figure 8.29(a)] can be modgled by a ss:alcd-down array
of electrical resistors and capacitors on a square gr*d of spacing, Axye [l:;gur;
8.29(b)]. The analogy between electrical flow in the r.es1stanca-capa.c1ta$;e ne wq;
and groundwater flow in the horizontal confined aquifer can be reveale - y examld-
ing the finite-difference form of the equations of flow for each system. For ground-

water flow, from Eq. (8.54),
oh
T(kl ‘+‘ hz + hg + h.‘ == 4}!5) =r= Ssz > (8-64)
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Figure 8.29 Small homogeneous portion of discretized aquifer and analo-
gous resistor-capacitor network (after Prickett, 1975).

For the electrical circuit, from Kirchhoff’s laws:

av 5
%(V, + Vo 4+ Vs +Vy— 4ys) = CFMS (8.65)

Comparison of Egs. (8.64) and (8.65) leads to the analogous quantities:

1. Hydraulic head, h; and voltage, V. : .
2 Tr};nsmjssivity, T; and the reciprocal of the resistance, R, of the resistors.
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3. The product of the storativity, S, times the nodal block area, Ax%; and the
capacitance, C, of the capacitors.

4. Aquifer coordinates, x, and y, (as determined by the spacing, Ax,); and
model coordinates, x,, and y,, (as determined by the spacing, Ax M)

5. Real time, 7,; and model time, ¢,,.

In addition, if pumpage is considered, there is an analogy between:

6. Pumping rate, Q, at a well; and current stren gth, I, at an electrical source.

Resistance-Capacitance Network

The network of resistors and capacitors that constitutes the analog model is usually
mounted on a Masonite pegboard perforated with holes on approximately I-inch
centers. There are four resistors and one capacitor connected to each terminal.
The resistor network is often mounted on the front of the board, and the capacitor
network, with each capacitor connected to a common ground, on the back. The
boundary of the network is designed in a stepwise fashion to approximate the
shape of the actual boundary of the aquifer,

The design of the components of the analog requires the choice of a set of
scale factors, F,, F,, F,, and F,, such that

F=4 (8.66)
_ Ax,
Fy= g (8.67)
F,=1a (8.68)
5
B = % (8.69)

Heterogeneous and transversely anisotropic aquifers can be simulated by
choosing resistors and capacitors that match the transmissivity and storativity
at each point in the aquifer. Comparison of the hydraulic flow through an aquifer
section and the electrical flow through an analogous resistor [Figure 8.30(a)] leads
to the relation

R= {% (8.70)

Comparison of the storage in an aquifer section and the electrical capacitance of
an analogous capacitor [Figure 8.30(b)] leads to the relation

_ FiSAx:
C = F4F3

(8.71)
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Figure 8.30 Aguifer nodal block and analogous (a) resistor and (b) capacitor
(after Prickett, 1975).

The resistors and capacitors that make up the network are chosen on the basis
of Egs. (8.70) and (8.71). The scale factors, F,, F,, F;, and F,, must bf: selectec.l in
such a way that (1) the resistors and capacitors fall within the range of inexpensive,
commercially available components; (2) the size of the model is Practlcal; .and' (3)
the response times of the model are within the range of available excitation-
response equipment. .

Figure 8.31 is a schematic diagram that shows the arrangemt;nt of excitation-
response apparatus necessary for electric-analog simulation using a resistance-
capacitance network. The pulse generator, in tandem with a WavefO{'m. generator,
produces a rectangular pulse of specific duration and amplitude. This input pul_se
is displayed on channel 1 of a dual-channel oscilloscope as it is fed through a resis-
tance box to the specific terminal of the resistance-capacitance network that repre-
sents the pumped well. The second channel on the oscilloscope is used to d}splaj.r
the time-voltage response obtained by probing various observation points in the
network. The input pulse is analogous to a step-function increase in pumping .rate;
the time-voltage graph is analogous to a time-drawdown record at an observational
piezometer. The numerical value of the head drawdown is calculated from the
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Figure 8,31 Excitation-response apparatus for electrical-analog simulation
using a resistance-capacitance network.

voltage drawdown by Eq. (8.66). The time at which any specific drawdown applies
is given by Eq. (8.68). Any pumping rate, Q, may be simulated by setting the current
strength, 7, in Eq. (8.69). This is done by controlling the resistance, R,, of the
resistance box in Figure 8.31. The current strength is given by 7 = V,/R,, where
V. is the voltage drop across the resistance box.

Walton (1970) and Prickett (1975) provide detailed coverage of the electric-
analog approach to aquifer simulation. Most groundwater treatments owe much
to the general discussion of analog simulation by Karplus (1958). Results of analog
simulation are usually presented in the form of maps of predicted water-level
drawdowns similar to that shown in Figure 8.27(c). Patten (1965), Moore and
Wood (1967), Spieker (1968), and Render (1971) provide case histories that
document the application of analog simulation to specific aquifers.

Comparison of Analog and Digital Simulation

Prickett and Lonnquist (1968) have discussed the advantages, disadvantages,
and similarities between analog and digital techniques of aquifer simulation. They
note that both methods use the same basic field data, and the same method of
assigning hydrogeologic properties to a discretized representation of the aquifer.
Analog simulation requires knowledge of specialized electronic equipment;
digital simulation requires expertise in computer programming. Digital simulation
is more flexible in its ability to handle irregular boundaries and pumping schemes
that vary through time and space. It is also better suited to efficient data readout
and display.

The physical construction involved in the preparation of a resistance-capaci-
tance network is both the strength and the weakness of the analog method. The
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fact that the variables of the system under study are represented by analogous
physical quantities and pieces of equipment is extremely valuable for the purposes
of teaching or display, but the cost in time is large. The network, once built,
describes only one specific aquifer. In digital modeling, on the oth?r hand., once a
general computer program has been prepared, data det.?ks representing a wide vari-
ety of aquifers and aquifer conditions can be run with the same program. The
effort involved in designing and keypunching a new data deck is much less than
that involved in designing and building a new resistance-capacitance netwqu.
This flexibility is equally important during the calibration phase of aquifer
simulation. ‘ .

The advantages of digital simulation weigh heavily in 1tslfavor3 and with Fhe
advent of easy accessibility to large computers, the method is rapidly bf':comufg
the standard tool for aquifer management. However, analog simulalnon will
undoubtedly continue to play a role for some time, especially in developing coun-
tries where computer capacities are not yet large.

8.10 Basin Yield

Safe Yield and Optimal Yield
of a Groundwater Basin

Groundwater yield is best viewed in the context of the full lhree-dimcnsional
hydrogeologic system that constitutes a groundwater basin. On this scale o-f study
we can turn to the well-established concept of safe yield or to the more rigorous
concept of optimal yield. .

Todd (1959) defines the safe yield of a groundwater basin as the amounjc of
water that can be withdrawn from it annually without producing an undesired
result. Any withdrawal in excess of safe yield is an overdraft. Domenico (1972)
and Kazmann (1972) review the evolution of the term. Domenico notes t?lat the
“undesired results” mentioned in the definition are now recognized to include
not only the depletion of the groundwater reserves, but also the intrusion of water
of undesirable quality, the contravention of existing water rights, and the delte-
rioration of the economic advantages of pumping. One might also include excessive
depletion of streamflow by induced infiltration and land subsidcnf:e.

Although the concept of safe yield has been widely used in ground?vatr,:r
resource evaluation, there has always been widespread dissatisfaction with it
(Thomas, 1951; Kazmann, 1956). Most suggestions for improvcme_nt ’havc encour-
aged consideration of the yield concept in a socioeconomic sense within the overall
frantework of optimization theory. Domenico (1972) reviews the development
of this approach, citing the contributions of Bear and Levin ( l9.6?),. Bura}s (191?6),
Burt (1967), Domenico et al. (1968), and others. From an optimization viewpoinf,
groundwater has value only by virtue of its use, and the optimal yield must be
determined by the selection of the optimal groundwater management scheme from
a set of possible alternative schemes. The optimal scheme is the one that best meets
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a set of economic and/or social objectives associated with the uses to which the
water is to be put. In some cases and at some points in time, consideration of the
present and future costs and benefits may lead to optimal yields that involve mining
groundwater, perhaps even to depletion. In other situations, optimal yields may
reflect the need for complete conservation. Most often, the optimal groundwater
development lies somewhere between these extremes.

The graphical and mathematical methods of optimization, as they relate to
groundwater development, are reviewed by Domenico (1972).

Transient Hydrologic Budgets and Basin Yield

In Section 6.2 we examined the role of the average annual groundwater recharge,
R, as a component in the steady-state hydrologic budget for a watershed. The value
of R was determined from a quantitative interpretation of the steady-state, regional,
groundwater flow net. Some authors have suggested that the safe yield of a ground-
water basin be defined as the annual extraction of water that does not exceed the
average annual groundwater recharge. This concept is not correct. As pointed out
by Bredehoeft and Young (1970), major groundwater development may signif-
icantly change the recharge-discharge regime as a function of time. Clearly, the
basin yield depends both on the manner in which the effects of withdrawal are
transmitted through the aquifers and on the changes in rates of groundwater
recharge and discharge induced by the withdrawals. In the form of a transient
hydrologic budget for the saturated portion of a groundwater basin,

Q) = R®) — D(t) + %3 (8.72)

where Q(1) = total rate of groundwater withdrawal
R(1) = total rate of groundwater recharge to the basin
D(t) = total rate of groundwater discharge from the basin
dS/dt = rate of change of storage in the saturated zone of the basin.

Freeze (1971a) examined the response of R(f) and D(1) to an increase in Q(1)
in a hypothetical basin in a humid climate where water tables are near the surface.
The response was simulated with the aid of a three-dimensional transient analysis
of a complete saturated-unsaturated system such as that of Figure 6.10 with a
pumping well added. Figure 8.32 is a schematic representation of his findings.
The diagrams show the time-dependent changes that might be expected in the
various terms of Eq. (8.72) under increased pumpage. Let us first look at the case
shown in Figure 8.32(a), in which withdrawals increase with time but do not
become excessive. The initial condition at time 1, is a steady-state flow system in
which the recharge, R,, equals the discharge, D,. At times t,, t,, t5, and {,, new
wells begin to tap the system and the pumping rate Q undergoes a set of stepped
increases. Each increase is initially balanced by a change in storage, which in an
unconfined aquifer takes the form of an immediate water-table decline. At the
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Figure 8.32 Schematic diagram of transient relationships between recharge
rates, discharge rates, and withdrawal rates (after Freeze, 1971a).

same time, the basin strives to set up a new equilibrium under conditions of
increased recharge, R. The unsaturated zone will now be induced to deliver greater
flow rates to the water table under the influence of higher gradients in the satu-
rated zone. Concurrently, the increased pumpage may lead to decreased discharge
rates, D. In Figure 8.32(a), after time #,, all natural discharge ceases and the
discharge curve rises above the horizontal axis, implying the presence of induced
recharge from a stream that had previously been accepting its baseflow component
from the groundwater system. At time #,, the withdrawal Q is being fed by the
recharge, R, and the induced recharge, D; and there has been a significant decline
in the water table. Note that the recharge rate attains a maximum between ¢; and
t,. At this rate, the groundwater body is accepting all the infiltration that is avail-
able from the unsaturated zone under the lowered water-table conditions.

In Figure 8.32(a), steady-state equilibrium conditions are reached prior to
each new increase in withdrawal rate. Figure 8.32(b) shows the same sequence of
events under conditions of continuously increasing groundwater development
over several years. This diagram also shows that if pumping rates are allowed
to increase indefinitely, an unstable situation may arise where the declining water
table reaches a depth below which the maximum rate of groundwater recharge R
can no longer be sustained. After this point in time the same annual precipitation
rate no longer provides the same percentage of infiltration to the water table.
Evapotranspiration during soil-moisture-redistribution periods now takes more
of the infiltrated rainfall before it has a chance to percolate down to the ground-
water zone. At ¢, in Figure 8.32(b), the water table reaches a depth below which
no stable recharge rate can be maintained. At ¢4 the maximum available rate of
induced recharge is attained. From time ¢, on, it is impossible for the basin to supply
increased rates of withdrawal. The only source lies in an increased rate of change of
storage that manifests itself in rapidly declining water tables. Pumping rates can
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no longer be maintained at their original levels. Freeze (1971a) defines the value
of Q at which instability occurs as the maximum stable basin yield. To develop a
basin to its limit of stability would, of course, be foolhardy. One dry year might
cause an irrecoverable water-table drop. Production rates must allow for a factor
of safety and must therefore be somewhat less than the maximum stable basin
yield.

The discussion above emphasizes once again the important interrelationships
between groundwater flow and surface runoff. If a groundwater basin were devel-
oped up to its maximum yield, the potential yields of surface-water components
of the hydrologic cycle in the basin would be reduced. It is now widely recognized
that optimal development of the water resources of a watershed depend on the
conjunctive use of surface water and groundwater. The subject has provided a
fertile field for the application of optimization techniques (Maddock, 1974: Yu
and Haimes, 1974). Young and Bredehoeft (1972) describe the application of digital
computer simulations of the type described in Section 8.8 to the solution of manage-
ment problems involving conjunctive groundwater and surface-water systems.

8.11 Artificial Recharge and Induced Infiltration

In recent years, particularly in the more populated areas of North America where
water resource development has approached or exceeded available yield, there
has been considerable effort placed on the management of water resource systems.
Optimal development usually involves the conjunctive use of groundwater and
surface water and the reclamation and reuse of some portion of the available water
resources. In many cases, it involves the importation of surface water from areas
of plenty to areas of scarcity, or the conservation of surface water in times of plenty
for use in times of scarcity. These two approaches require storage facilities, and
there is often advantage to storing water underground where evaporation losses
are minimized. Underground storage may also serve to replenish groundwater
resources in areas of overdraft.

Any process by which man fosters the transfer of surface water into the
groundwater system can be classified as artificial recharge. The most common
method involves infiltration from spreading basins into high-permeability, uncon-
fined, alluvial aquifers. In many cases, the spreading basins are formed by the
construction of dikes in natural channels. The recharge process involves the growth
of a groundwater mound beneath the spreading basin. The areal extent of the mound
and its rate of growth depend on the size and shape of the recharging basin, the
duration and rate of recharge, the stratigraphic configuration of subsurface forma-
tions, and the saturated and unsaturated hydraulic properties of the geologic
materials. Figure 8.33 shows two simple hydrogeological environments and the
type of groundwater mound that would be produced in each case beneath a circular
spreading basin. In Figure 8.33(a), recharge takes place into a horizontal uncon-
fined aquifer bounded at the base by an impermeable formation. In Figure 8.33(b),
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lem, and Marino (1975a, 1975b) produced a numerical simulation. All three of
these analyses have two additional limitations. First, they neglect unsaturated flow
by assuming that the recharge pulse traverses the unsaturated zone vertically and
reaches the water table unaffected by soil moisture-conditions above the water
table. Second, they utilize the Dupuit-Forchheimer theory of unconfined flow
(Section 5.5) which neglects any vertical flow gradients that develop in the saturated
zone in the vicinity of the mound. Numerical simulations carried out on the com-
plete saturated-unsaturated system using the approaches of Rubin (1968), Jeppson
and Nelson (1970), and Freeze (1971a) would provide a more accurate approach
to the problem, but at the expense of added complexity in the calculations.

Practical research on spreading basins has shown that the niceties of predictive
analysis are seldom reflected in the real world. Even if water levels in spreading
ponds are kept relatively constant, the recharge rate almost invariably declines
with time as a result of the buildup of silt and clay on the basin floor and the growth
of microbial organisms that clog the soil pores. In addition, air entrapment between
the wetting front and the water table retards recharge rates. Todd (1959) notes
that alternating wet and dry periods generally furnish a greater total recharge
than does continuous spreading. Drying kills the microbial growths, and tilling
and scraping of the basin floor during dry periods reopens the soil pores.

There are several excellent case histories that provide an account of specific
projects involving artificial recharge from spreading basins. Seaburn (1970)
describes hydrologic studies carried out at two of the more than 2000 recharge
basins that are used on Long Island, east of New York City, to provide artificial
recharge of storm runoff from residential and industrial areas. Bianchi and Haskell
(1966, 1968) describe the piezometric monitoring of a complete recharge cycle
of mound growth and dissipation. They report relatively good agreement between
the field data and analytical predictions based on Dupuit-Forchheimer theory.
They note, however, that the anomalous water-level rises that accompany air
entrapment (Section 6.8) often make it difficult to accurately monitor the growth
of the groundwater mound.

While water spreading is the most ubiquitous form of artificial recharge,
it is limited to locations with favorable geologic conditions at the surface. There
have also been some attempts made to recharge deeper formations by means of
injection wells. Todd (1959) provides several case histories involving such diverse
applications as the disposal of storm-runoff water, the recirculation of air-condi-
tioning water, and the buildup of a freshwater barrier to prevent further intrusion
of seawater into a confined aquifer. Most of the more recent research on deep-well
injection has centered on utilization of the method for the disposal of industrial
wastewater and tertiary-treated municipal wastewater (Chapter 9) rather than for
the replenishment of groundwater resources.

The oldest and most widely used method of conjunctive use of surface water
and groundwater is based on the concept of induced infiltration. 1f a well produces
water from alluvial sands and gravels that are in hydraulic connection with a
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stream, the stream will act as a constant-head line source in the manner noted in
Figures 8.15(d) and 8.23(d). When a new well starts to pump in such a situation,
the pumped water is initially derived from the groundwater zone, but once the cone
of depression reaches the stream, the source of some of the pumped water will be
streamflow that is induced into the groundwater body under the influence of the
gradients set up by the well. In due course, steady-state conditions will be reached,
after which time the cone of depression and the drawdowns within it remain con-
stant. Under the steady flow system that develops at such times, the source of all
the pumped groundwater is streamflow. One of the primary advantages of induced
infiltration schemes over direct surface-water utilization lies in the chemical and
biological purification afforded by the passage of stream water through the alluvial

deposits.

8.12 Land Subsidence

In recent years it has become apparent that the extensive exploitation of ground-
water resources in this century has brought with it an undesired environmental
side effect. At many localities in the world, groundwater pumpage from uncon-
solidated aquifer-aquitard systems has been accompanied by significant land sub-
sidence. Poland and Davis (1969) and Poland (1972) provide descriptive summaries
of all the well-documented cases of major land subsidence caused by the withdrawal
of fluids. They present several case histories where subsidence has been associated
with oil and gas production, together with a large number of cases that involve
groundwater pumpage. There are three cases—the Wilmington oil field in Long
Beach, California, and the groundwater overdrafts in Mexico City, Mexico, and
in the San Joaquin valley, California-that have led to rates of subsidence of the
land surface of almost 1 m every 3 years over the 35-year period 1935-1970. In
the San Joaquin valley, where groundwater pumpage for irrigation purposes is
to blame, there are three separate areas with significant subsidence problems.
Taken together, there is a total area of 11,000 km? that has subsided more than
0.3 m. At Long Beach, where the subsiding region is adjacent to the ocean, sub-
sidence has resulted in repeated flooding of the harbor area. Failure of surface struc-
tures, buckling of pipe lines, and rupturing of oil-well casing have been reported.
Remedial costs up to 1962 exeeded $100 million.

Mechanism of Land Subsidence

The depositional environments at the various subsidence sites are varied, but
there 1s one feature that is common to all the groundwater-induced sites. In each
case there is a thick sequence of unconsolidated or poorly consolidated sediments
forming an interbedded aquifer-aquitard system. Pumpage is from sand and gravel
aquifers, but a large percentage of the section consists of high-compressibility
clays. In earlier chapters we learned that groundwater pumpage is accompanied by
vertical leakage from the adjacent aquitards. It should come as no surprise to find
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that the process of aquitard drainage leads to compaction* of the aquitards just as
the process of aquifer drainage leads to compaction of the aquifers. There are two
fundamental differences, however: (1) since the compressibility of clay is 1-2
orders of magnitude greater than the compressibility of sand, the total potential
compaction of an aquitard is much greater than that for an aquifer; and (2) since
the hydraulic conductivity of clay may be several orders of magnitude /ess than the
hydrauh'cf conductivity of sand, the drainage process, and hence the compaction
process, is much slower in aquitards than in aquifers.

Consider the vertical cross section shown in Figure 8.34. A well pumping at

Q
r
N EEHE s

Figure 8.34 One-dimensional consolidation of an aquitard.

a rate Q is fed by two aquifers separated by an aquitard of thickness b. Let us
assume t'hat the geometry is radially symmetric and that the transmissivities in the
two_aqulfers are identical. The time-dependent reductions in hydraulic head in the
aquifers (which could be predicted from leaky-aquifer theory) will be identical
at points 4 and B. We wish to look at the hydraulic-head reductions in the aquitard
along the line 4B under the influence of the head reductions in the aquifers at 4
and B. If A (1) and h4(1) are approximated by step functions with a step Ak (Figure
8.34), the aquitard drainage process can be viewed as the one-dimensional, transient
boundary-value problem described in Section 8.3 and presented as Eq. (8.21).
The initial condition is 4 = h, all along 4B, and the boundary conditions are

'Followi_ng P.Ola!.ld and Davis (1969), we are using the term “compaction” in its geological
sensc. In engineering jargon the term is often reserved for the increase in soil density achieved
through the use of rollers, vibrators or other heavy machinery.
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h = hy — Ah at 4 and at B for all t > 0. A solution to this botfndary-valuta prob-
lem was obtained by Terzaghi (1925) in the form of an analytical expression for
h(z, 1). An accurate graphical presentation of his solutlonl appears as 'Flgu:e 8.1':".
The central diagram on the right-hand side of Figure 8.34is a scher{:anc plot of his
solution; it shows the time-dependent decline in hydraulic head at times #;, £, . . -,
t. along the line 4B. To obtain quantitative results for a particular case, one must
know the thickness &', the vertical hydraulic conductivity K, the vertical compress-
ibility &', and the porosity #’ of the aquitard, together with the head reduction Ah
on the boundaries. :

In soil mechanics the compaction process associated with the drainage 9f a
clay layer is known as consolidation. Geotechnical engineers _have long recognized
that for most clays & > nf, so the latter term is usually omitted from Eq. (8.21).
The remaining parameters are often grouped into a single parameter c,, defined by

W <y (8.73)
" pge

The hydraulic head h(z, 1) can be calculated from Figure 8.17 with the aid of Eq.

.23) given ¢, Ah, and b. :
¥ I)ngorder to calculate the compaction of the aquitard given the hydraulic head
declines at each point on 4B as a function of time, it is necessary to recall the f:ﬁ'ec-
tive stress law: o, = g, - p. For o, = constant, do, = —dp. In the aquard,
the head reduction at any point z between the times ¢, and ¢, (Figure 8.34) is dh
= h,(z,t,) — hy(z, 1,). This head drop creates a fluid pressure rcd_uction rdp = pgdy
= pgd(h — z) = pg dh, and the fluid pressure reduction 1s r_eﬁected by an
increase in the effective stress dg, = —dp. It is the change in effective stress, acting
through the aquitard compressibility @', that causes the aquitard compaction
Ab’. To calculate Ab’ along 4B between the times #, and ¢,, it is necessary to divide
the aquitard into m slices. Then, from Eq. (2.54),

AY,, = b'3 pgw’ dh, ®.74)
=1

where dh, is the average head decline in the ith slice. '

For a multiaquifer system with several pumping wells, the land subsrd_cnce
as a function of time is the summation of all the aquitard and aquifer compftct:ons.
A complete treatment of consolidation theory appears in most spil mechanics texts
(Terzaghi and Peck, 1967; Scott, 1963). Domenico and Mifflin (1965) were the
first to apply these solutions to cases of land subsidence. g

It is reasonable to ask whether land subsidence can be arrested by injecting
groundwater back into the system. In principle this should i_ncrease the hydrat.xhc
heads in the aquifers, drive water back into the aquitards, and cause an expansion
of both aquifer and aquitard. In practice, this approach is not particularly effec-
tive because aquitard compressibilities in expansion have only about o'm‘a-te?th
the value they have in compression. The most successful documented injection
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scheme is the one undertaken at the Wilmington oil field in Long Beach, California
(Poland and Davis, 1969). Repressuring of the oil reservoir was initiated in 1958
and by 1963 there had been a modest rebound in a portion of the subsiding region
and the rates of subsidence were reduced elsewhere.

Field Measurement of Land Subsidence

If there are any doubts about the aquitard-compaction theory of land subsidence,
they should be laid to rest by an examination of the results of the U.S. Geological
Survey subsidence research group during the last decade. They have carried out
field studies in several subsiding areas in California, and their measurements pro-
vide indisputable confirmation of the interrelationships between hydraulic head
declines, aquitard compaction, and land subsidence.

Figure 8.35 is a contoured map, based on geodetic measurements, of the land
subsidence in the Santa Clara valley during the period 1934-1960. Subsidence is

Figure 8.36 Land subsidence in feet, 1934-1960, Santa Clara valley, Cali-
fornia (after Poland and Davis, 1969).

confined to the area underlain by unconsolidated deposits of alluvial and shallow-
marine origin. The centers of subsidence coincide with the centers of major pump-
ing, and the historical development of the subsidence coincides with the period
of settlement in the valley and with the increased utilization of groundwater.
Quantitative confirmation of the theory is provided by results of the type
shown in Figure 8.36. An ingeniously simple compaction-recorder installation
[Figure 8.36(a)] produces a graph of the time-dependent growth of the total




Groundwater Resource Evaluation | Ch. 8

)
2

375 Groundwater Resource Evaluation | Ch. 8

8.36(b)]. Figure 8.36(c) shows the compaction records together with the total land
subsidence as measured at a nearby benchmark, and the hydraulic head for the
250- to 300-m-depth range as measured in an observation well at the measurement
site. Decreasing hydraulic heads are accompanied by compaction. Increasing
hydraulic heads are accompanied by reductions in the rate of compaction, but
there is no evidence of rebound. At this site “the land subsidence is demonstrated
to be equal to the compaction of the water-bearing deposits within the depth tapped
by water wells, and the decline in artesian head is proved to be the sole cause of
the subsidence” (Poland and Davis, 1969, p. 259).

Riley (1969) noted that data of the type shown on Figure 8.36(c) can be viewed
as the result of a large-scale field consolidation test. If the reductions in aquitard
volume reflected by the land subsidence are plotted against the changes in effective
stress created by the hydraulic-head declines, it is often possible to calculate the
average compressibility and the average vertical hydraulic conductivity of the
aquitards. Helm (1975, 1976) has carried these concepts forward in his numerical
models of land subsidence in California.

It is also possible to develop predictive simulation models that can relate
possible pumping patterns in an aquifer-aquitard system to the subsidence rates
that will result. Gambolati and Freeze (1973) designed a two-step mathematical
model for this purpose. In the first step (the hydrologic model), the regional hydrau-
lic-head drawdowns are calculated in an idealized two-dimensional vertical cross
section in radial coordinates, using a model that is a boundary-value problem based
on the equation of transient groundwater flow. Solutions are obtained with a
numerical finite-element technique. In the second step of the modeling procedure
(the subsidence model), the hydraulic head declines determined with the hydrologic
model for the various aquifers are used as time-dependent boundary conditions
in a set of one-dimensional vertical consolidation models applied to a more refined
geologic representation of each aquitard. Gambolati et al. (1974a, 1974b) applied
the model to subsidence predictions for Venice, Italy. Recent measurements
summarized by Carbognin et al. (1976) verify the model’s validity.
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8.13 Seawater Intrusion
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(a) Compaction-recorder installation; (b) compaction meas-
urement site near Sunnyvale, California; (c) meflsfjmd com-
pactions, land subsidence, and hydraulic head van.atmns at the
Sunnyvale site, 1960-1962 (after Poland and Davis, 1969).

When groundwater is pumped from aquifers that are in hydraulic connection with
the sea, the gradients that are set up may induce a flow of salt water from the sea
toward the well. This migration of salt water into freshwater aquifers under the
influence of groundwater development is known as seawater intrusion.

As a first step toward understanding the nature of the processes involved,
it is necessary to examine the nature of the saltwater-freshwater interface in coastal
aquifers under natural conditions. The earliest analyses were carried out indepen-
dently by two European scientists (Ghyben, 1888; Herzberg, 1901) around the
turn of the century. Their analysis assumed simple hydrostatic conditions in a
homogeneous, unconfined coastal aquifer. They showed [Figure 8.37(a)] that the

Figure 8.36
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8.37 Saltwater-freshwater interface in an unconﬁned‘ c‘:oas*tal aquifer
(a) under hydrostatic co nditions ; (b) under conditions of steady-
state seaward flow (after Hubbert, 1940).

Figure

interface separating salt water of density p, and f(‘;cshhw(riater t:;f d:g;ugﬁgs m::;:
ject i i t an angle a < 90°. Under hydrostatic s
e el ding from the water table to the inter-

ioht of a unit column of fresh water extending Irom
Eii:g}ils balanced by a unit column of salt water extending from sea level t];) the same
depth as the point on the interface. With reference to Figure 8.37(a), we have

p.gz, = pr8(z, + 2.) (8.75)
or
2, =Lz, (8.76)
v Pi — p!
For p, = 1.0 and p, = 1.025,
& z, = 40z, (8.77)

i - lation.
ion (8.77) is often called the Ghyben Herzbe::g re

Equallf“\)w!:: Eapcci)fy a change in the water-table elevation of Az,, ti.aen f:rom Eq. (8.177),
Az. — 40Az,. If the water table in an unconfined coastal aquifer is lowered 1 m,

: ter interface will rise 40 m. ' .
e S?tllt\:;ost real situations, the Ghyben-Herzberg relation underestimates tl;:
depth to the saltwater interface. Where freshwater flow to the sea ta}ces gls::e, -
hydrostatic assumptions of the Ghyben-Herzberg analys]is a;‘e not s:tlgsifgi::‘ n; : 1;'; o

istic pi i Hubbert (1940) in the form 0 .

realistic picture was provided by 0) ; ot

tion of the interface can
for steady-state outflow to the sea. The exact posi _ atpt
i i - by graphical flow-net co l,
d for any given water-table configuration ' : ' :
Ir:];?i:lg the rel);tgionships shown on Figure 8.37(b) for the intersection of equipoten

ial li n the water table and on the interface. _—y
= 1'111'11:: :onccpts outlined in Figure 8.37 do not reflect -rcahty in yet s.nc:ot}wti= ;‘F:ge
Both the hydrostatic analysis and the steady-state analysis assume that the in
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separating fresh water and salt water in a coastal aquifer is a sharp boundary.
In reality, there tends to be a mixing of salt water and fresh water in a zone of
diffusion around the interface. The size of the zone is controlled by the dispersive
characteristics of the geologic strata. Where this zone is narrow, the methods of
solution for a sharp interface may provide a satisfactory prediction of the fresh-
water flow pattern, but an extensive zone of diffusion can alter the flow pattern
and the position of the interface, and must be taken into account. Henry (1960)
was the first to present a mathematical solution for the steady-state case that
includes consideration of dispersion. Cooper et al. (1964) provide a summary of
the various analytical solutions.

Seawater intrusion can be induced in both unconfined and confined aquifers.
Figure 8.38(a) provides a schematic representation of the saltwater wedge that
would exist in a confined aquifer under conditions of natural steady-state outflow.
Initiation of pumping [Figure 8.38(b)] sets up a transient flow pattern that leads
to declines in the potentiometric surface on the confined aquifer and inland migra-
tion of the saltwater interface. Pinder and Cooper (1970) presented a numerical
mathematical method for the calculation of the transient position of the saltwater
front in a confined aquifer. Their solution includes consideration of dispersion.

Potentiome!ric surfoce

##### on confined aquifer

e . t. - sTeT ew, tre
N - _x b P P
b S Tt 4

Interface \

Fresh water

Salt water

(a) (b)

Figure 8.38 (a) Saltwater-freshwater interface in a confined coastal aquifer
under conditions of steady-state seaward flow; (b) seawater
intrusion due to pumping.

One of the most intensively studied coastal aquifers in North America is the
Biscayne aquifer of southeastern Florida (Kohout, 1960a, 1960b). It is an uncon-
fined aquifer of limestone and calcareous sandstone extending to an average depth
of 30 m below sea level, Field data indicate that the saltwater front undergoes
transient changes in position under the influence of seasonal recharge patterns
and the resulting water-table fluctuations. Lee and Cheng (1974) and Segol and
Pinder (1976) have simulated transient conditions in the Biscayne aquifer with
finite-element numerical models. Both the field evidence and the numerical model-
ing confirm the necessity of considering dispersion in the steady-state and transient
analyses. The nature of dispersion in groundwater flow will be considered more
fully in Chapter 9 in the context of groundwater contamination.
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Todd (1959) summarizes five methods that have been considered for control-
ling seawater intrusion: (1) reduction or rearrangement of the pattern of ground-
water pumping, (2) artificial recharge of the intruded aquifer from spreading
basins or recharge wells, (3) development of a pumping trough adjacent to the coast
by means of a line of pumping wells parallel to the coastline, (4) development of
a freshwater ridge adjacent to the coast by means of a line of recharge wells parallel
to the coastline, and (5) construction of an artificial subsurface barrier. Of these
five alternatives, only the first has been proven effective and economic. Both Todd
(1959) and Kazmann (1972) describe the application of the freshwater-ridge concept
in the Silverado aquifer, an unconsolidated, confined, sand-and-gravel aquifer
in the Los Angeles coastal basin of California. Kazmann concludes that the project
was technically successful, but he notes that the economics of the project remain

a subject of debate.
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Problems

1. g:) ggow by dl:mensional analysis on Eq. (8.6) that u is dimensionless
(ci) Show blf dimensional analysis on Eq. (8.7) that W(u) is dimensior;less
qu“z ; B:Et) thedv;.él;egs) of the coefficients 4 and B given in connection v;'ith
- (8.38) and (8.39) are correct for the engineerin t i
i Tect : g system of units com-
ganog& in North America in which volumes are measured in U.S.

2. ﬁk fully penetra.ting we_ll pumps water from an infinite, horizontal, confined
; g?:og:neous, ls9tr0p1c aquifer at a constant rate of 25 ¢/s. If J," is 1.2 ><’
e le /s and S is 2.0 X 1074, make the following calculations. -

fr: :}uzﬁie the d.rawdol;m that would occur in an observation well 60 m
pumping well at times of 1, 5, 10, 50, and 210 min afi
i » 25 10, 30, ter t
i gf;m;:l;:m gl; Plot these values on a log-log graph of &, — h v:rs::lz the =
culate the drawdown that would occur in jor
: t of observatio 11
at distances 1 m, 3m, 15m, 60 m o e
i 1'm, : = , and 300 m from the pumping well a
. t
a time 210 min after the start of pumping. Plot these values on ag semil
graph of hy — h versus r, e

3. ? confined aquifer with 7= 7.0 X 10~* m?/s and § = 5.0 X 10~* is pumped
P?'D:v:rl?e\:ilz:i 32 m :Zpart.kOne \gell is pumped at 7.6 £/s and one at 15.2 I;?s
oWn. /1, — h as a function of position al he line joi i ;

two wells at a time 4 h after the start of purﬂping. SRR

4, Eg \\rzllly isa 10-day_ p.ufnping test better than a 10-h pumping text ?
y are storativities for unconfined aquifers so much larger than th
for confined aquifers? : s
(c) t“];hat km(li of Pumping-test_ arrangement would be required to determine
e exact location of a straight, vertical impermeable boundary?

s Eg ]s:LStttEc assumptions underlying the Theis solution
etch two plots that show the ap i .
. proximate shape yo
the time dra_wdown curve from a confined aquif; it)'(' RO ESIG
((:3 ;["‘ﬁe aquifer pinches out to the west. .
e overlying confining formations are i
2 R Sl impermeable, but the under-
The pumping well is located ne isi i
s s S near a fault that is in hydraulic connection
(4) The well is on the shore of a tidal estuary.
(g) The pump br(_)ke down halfway through the test,
(6) The barometric pressure increased at the pump test site.

6. i
(a) ik‘)t the values of u versus W(u) given in Table 8.1 on a log-log graph
; Plls only necessary to plot those values lying in the range 1072 < u < 1 e
(b) Plot these same values as 1/u versus W(u) on a log-log graph .
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380

1, confined, homogeneous, isotropic aquifer of
;k well fully penetrating the aquifer was con-

ant rate of 0.1 m?/s for a period of | day. The

i umped at a const ] ;
pine A 'pn in the attached table were observed in a fully penetrating
ook i ing well. Compute the transmissivity

observation well 90 m ffom the pumpl
torativity by using: : _ .
?::)d';iec s:l“heis method of log-log matching [using the type curve prepared in

Problem 6(b)]. . ‘
(b) The Jacob method of semilog plotting.

7. The thickness of a horizonta
infinite areal extent is 30 m.

i)
t (min) ho‘h{m) t ho — h t ho — h t hg l
066 | 100 038
- g'g ; gjg gg 070 | 200 090
§ 0.28 o 042 | 60 071 403 (1]'(9)?:
4 0.32 10 oe | 70 o7 | 30 107
5 0.34 51 055 | 80 076 | 1000 1.
6 0.37 30 062 | %0 079

ifer i i d infinite in
i i ed aquifer is 30.5 m thick an
e it pr%duction well is pumped at a constant

i tent. A fully penetrating : £
h(izz(?tp ;asllzr’; e"IIl‘he drawdown in an observation well 30.5 m from the produc
ra L

t(i(;n:sﬂ:"g: rzegios;}:g;l;svzailsfe?c;r the storativity and then calculate the trans-
a

issivi the aquifer. A _
(b) Ig;slglige {hioiydraucllic conductivity and the comprcsstlbrlil;y of the aquifer.

(Assume reasonable values for any unknown parameters.

from a horizontal, confined, homogen_eous,
ed table lists the drawdown observed in an
ot these data on a semilo-
he early data to calculate

9. (a) A well pumps at 15.7¢/s :
isotropic aquifer. The attac :
losb\:‘f:rx?atiorl well 30 m from the pumping well. Pl
garithmic graph and use the Jacob method on t

d .S \ k.
(b) ;il;t kind of boundary is indicated by the break in slope? Measure

slope of the two limbs and note that the s_econd limb has twl;ze nt::dzl;;:z
first limb. In this case, how many image wells must R
. th'(:i an equivalent aquifer of infinite extent? Draw a sketch s od rg
prowss?ble configuration of pumping well, image well(s), and bollim ary,
anzlonote whether the image wells are pumping wells or recharge wells.

2 Bos fi
oy Y INPORE T BRI el L. :
Y
2y 050 | & 3m|' B
i:l ;; 53 268 | 60 329 | 100 34.3?
44 35 280 | 74 341 | 12 4
e 2y 130 414
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10. The straight-line portion of a semilog plot of drawdown versus time taken from
an observation well 200 ft from a pumping well (Q = 500 U.S. gal/min)
in a confined aquifer goes through the points (1 = 4 x 10-* day, h, — h
= L.6ft) and (t = 2 X 1072 day, h, — h = 9.4 ft).
(a) Calculate T and S for the aquifer.

(b) Calculate the drawdown that would occur 400 ft from the pumping well
10 h after the start of pumping.

11. (a) The hydraulic conductivity of a 30-m-thick confined aquifer is known from
laboratory testing to have a value of 4.7 x 10~* m/s. If the straight-line
portion of a Jacob semilogarithmic plot goes through the points (f = 1073
day, hy — h = 0.3 m) and (t = 102 day, h, — h = 0.6 m) for an observa-
tion well 30 m from a pumping well, calculate the transmissivity and stor-
ativity of the aquifer.

(b) Over what range of time values is the Jacob method of analysis valid for
this observation well in this aquifer?

12. You are asked to design a pump test for a confined aquifer in which the trans-
missivity is expected to be about 1.4 x 10~2 m?/s and the storativity about
1.0 X 107%. What pumping rate would you recommend for the test if it is
desired that there be an easily measured drawdown of at least 1 m during the
first 6 h of the test in an observation well 150 m from the pumping well ?

13. (a) Venice, Italy, has subsided 20 cm in 35 years; San Jose, California, has
subsided 20 ft in 35 years. List the hydrogeological conditions that these
two cities must have in common (in that they have both undergone sub-
sidence), and comment on how these conditions may differ (to account
for the large difference in total subsidence).

(b) The following data were obtained from a laboratory consolidation test
on a core sample with a cross-sectional area of 100.0 cm? taken from a
confining clay bed at Venice. Calculate the compressibility of the sample
in m?/N that would apply at an effective stress of 2.0 x 106 N/m?,

Load (N) | 0 2000 5000 10,000 15000 20,000 30,000
Void ratio | 098 083 075 0.68 063 059  0.56

(¢) Calculate the coefficient of compressibility, a,, and the compression index,

C., for these data. Choose a K value representative of a clay and calculate
the coefficient of consolidation, c,.

14. It is proposed to construct an unlined, artificial pond near the brink of a cliff,
The geological deposits are unconsolidated, interbedded sands and clays.
The water table is known to be rather deep.

(a) What are the possible negative impacts of the proposed pond ?
(b) List in order, and briefly describe, the methods of exploration you would
recommend to clarify the geology and hydrogeology of the site.
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(c) List four possible methods that could be used to determine hydraulic
conductivities. Which methods would be the most reasonable to use?
The least reasonable? Why?

15. An undisturbed cylindrical core sample of soil 10 cm high and 5 cm in diameter
weights 350 gm. Calculate the porosity.

16. If the water level in 2 5.cm-diameter piezometer standpipe recovers 907
of its bailed drawdown in 20 h, calculate K. The intake is 0.5 m long and the
same diameter as the standpipe. Assume that the assumptions underlying
the Hvorslev point test are met.

17. Assume that the grain-size curve of Figure 8.25(a) is shifted one ¢ unit to the
left. Calculate the hydraulic conductivity for the soil according to both the
Hazen relation and the Masch and Denny curves.

18. (a) Develop the transient finite-difference equation for an internal node in
a three-dimensional, homogeneous, isotropic nodal grid where Ax = Ay
= Az.

(b) Develop the transient finite-difference equation for a node adjacent to an
impermeable boundary in a two-dimensional homogeneous, isotropic
system with Ax = Ay. Do so:

(1) Using the simple approach of Section 8.8.
(2) The more sophisticated approach of Appendix IX.

19. Assume that resistors in the range 104-10% Q and capacitors in the range 10712~
10-!! F are commercially available. Choose a set of scale factors for the analog
simulation of an aquifer with 7= 105 U.S. gal/day/ft and S~3 x 107°.
The aquifer is approximately 10 miles square and drawdowns of 10’s of feet
are expected over 10’s of years in response to total pumping rates up to 10¢
U.S. gal/day.

Groundwater
Contamination
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During recent years much of the emphasis in groundwater investigations in
industrialized countries has shifted from problems of groundwater supply to con-
siderations of groundwater quality. As a result of our consun:lptive way of life,
the groundwater environment is being assaulted with an ever-increasing number
of soluble chemicals. Current data indicate that in the United States there are at
least 17 million waste disposal facilities emplacing more than 6.5 billion cubic
meters of liquid into the ground each year (U.S. Environmental Protection. Agency,
1977). As time goes on, the vast subsurface reservoir of fresh water, which a few
decades ago was relatively unblemished by man’s activities, is gradually becoming
degraded. _
The problem of water quality degradation of rivers and lakes has pecn e_wdent
for a long time. In general, solutions to this problem have been found in the imple-
mentation of effective legislation for discontinuing contaminant emissions. Already
in some parts of the world, effective emission abatement measures have led to
great improvements in surface-water quality. Unfortunately, problems of ground-.
water quality degradation are in many ways more difficult to overcome. Because
of the heterogeneities inherent in subsurface systems, zones of degrad‘ed ground-
water can be very difficult to detect. The U.S. Environmental F’rotectmn Agez}cy
(1977) has reported that almost every known instance of aquifer contamination
has been discovered only after a water-supply well has been affected. Often by t}le.
time subsurface pollution is conclusively identified, it is too late to apply remedial
measures that would be of much benefit. From a water quality viewpoint, degrada-
tion of groundwater often requires long periods of time before the true extent of
the problem is readily detectable. Long periods of groundwa_xtcr flow are often
required for pollutants to be flushed from contaminated aquifers. Groundwater
pollution often results in aquifers or parts of aquifers being damaged beyond repair.
Whereas the problem of achieving acceptable quality of surface waters focuses
mainly on decreasing the known emissions of pollutants to the§c systems, the prob-.
lem facing scientists and engineers involved in the protection of groundwater
resources is to identify the areas and mechanisms by which pollutants can enter
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groundwater flow systems and to develop reliable predictions of the transport of
contaminants within the flow systems. This is necessary as a basis for minimizing
the impact of existing or proposed industrial, agricultural, or municipal activities
on groundwater quality.

The purpose of this chapter is to provide some insight into the physical and
chemical factors that influence the subsurface migration of dissolved contaminants.
To this end the behavior of nonreactive solutes and of solutes that undergo reac-
tions during subsurface migration will be considered. Following this, more specific
contamination problems related to activities such as agriculture, mining, nuclear
power development, and disposal of refuse, sewage, and industrial wastes will be
briefly reviewed.

Throughout this chapter all solutes introduced into the hydrologic environment
as a result of man’s activities are referred to as contaminants, regardless of whether
or not the concentrations reach levels that cause significant degradation of water
quality. The term pollution is reserved for situations where contaminant concentra-
tions attain levels that are considered to be objectionable.

The emphasis in this chapter is on the occurrence and processes that control
the migration of dissolved contaminants in groundwater, Groundwater can also
be contaminated by oily substances that exist in a liquid state in contact with water
in a manner that does not lead to mixing of the oils in a dissolved form. The oily
liquid is said to be immiscible in the water. The physical processes that control
the movement of immiscible fluids in subsurface systems are described by Bear
(1972) and are introduced in Section 9.5.

9.1 Water Quality Standards

Before proceeding with discussions of the principles of contaminant behavior in
groundwater flow systems and of sources of groundwater contamination, we will
briefly examine some of the more important water quality standards. These stan-
dards serve as a basis for appraisal of the results of chemical analyses of water in
terms of suitability of the water for various intended uses. The most important of
these standards are those established for drinking water (Table 9.1). The recom-
mended limits for concentrations of inorganic constituents in drinking water have
existed for many years. Limits for organic constutuents such as pesticide residues
are a recent addition. There is considerable controversy with regard to the specific
organic constituents that should be included in drinking water standards and the
concentration limits that should be established for them.

In Table 9.1 the major constituents for which recommended permissible
limits are listed are total dissolved solids (TDS), sulfate, and chloride. Consump-
tion by humans of waters with concentrations somewhat above these limits is
generally not harmful. In many regions groundwater used for drinking-water
supply exceeds the limits of one or more of these parameters. Several hundred
milligrams per liter of chloride must be present in order for saltiness to be detected
by taste.
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Table 9.1 Drinking Water Standards

Recommended
concentration limit*
Constituent (mg/¢)
Inorganic
Total dissolved solids 500
Chloride (CI) 250
Sulfate (SO42") 250
Nitrate (NO3) 45¢%
Iron (Fe) 0.3
Manganese (Mn) 0.05
Copper (Cu) 1.0
Zinc (Zn) 5.0
Boron (B) 1.0
Hydrogen sulfide (H,S) 0.05
Maximum permissible concentration}
Arsenic (As) 0.05
Barium (Ba) 1.0
Cadmium (Cd) 0.01
Chromium (CrV1) 0,05
Selenium 0.01
Antimony (Sb) 0.01
Lead (Pb) 0.05
Mercury (Hg) 0.002
Silver (Ag) 0.05
Fluoride (F) 1.4-2.4§
Organic
Cyanide 0.05
Endrine 0.0002
Lindane 0.004
Methoxychlor 0.1
Toxaphene 0.005
2,4-D 0.1
2,4,5-TP silvex 0.01
Phenols 0.001
Carbon chloroform extract 0.2
Synthetic detergents 0.5
Radionuclides and Maximum permissible activity
radioactivity (pCi/)
Radium 226 5
Strontium 90 10
Plutonium 50,000
Gross beta activity 30
Gross alpha activity 3
Bacteriological
Total coliform bacteria 1 per 100 mé

sources: U.S. Environmental Protection Agency, 1975 and World
Health Organization, European Standards, 1970.

*Recommended concentration limits for these constituents are mainly
to provide acceptable esthetic and taste characteristics.

+Limit for NOj expressed as N is 10 mg/¢ according to U.S. and
Canadian standards; according to WHO European standards, it is

11.3 mg/¢ as N and 50 mg/¢ as NOj3.
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Hardness of water is defined as its content of metallic ions which react with
sodium soaps to produce solid soaps or scummy residue and which react with
negative ions, when the water is evaporated in boilers, to produce solid boiler
scale (Camp, 1963). Hardness is normally expressed as the total concentration of
Ca** and Mg?** as milligrams per liter equivalent CaCO,. It can be determined by
substituting the concentration of Ca®** and Mg?**, expressed in milligrams per
liter, in the expression

total hardness = 2.5(Ca?*) + 4.1(Mg?*) 9.1)

Each concentration is multiplied by the ratio of the formula weight of CaCO,
to the atomic weight of the ion; hence the factors 2.5 and 4.1 are included in the
hardness relation. Water with hardness values greater than 150 mg/¢ is designated
as being very hard. Soft water has values less than 60 mg/f. Water softening is
common practice in many communities where the water supply has a hardness
greater than about 80-100 mg/¢. Water used for boiler feed will cause excessive
scale formation (carbonate-mineral precipitation) if the hardness is above about
60-80 mg/¢.

Of the recommended limits specified for minor and trace inorganic constitu-
ents in drinking water, many have been established for reasons other than direct
hazard to human health. For example iron and manganese are both essential
to the human body. Their intake through drinking water is normally an insignifi-
cant part of the body requirement. The recommended limits placed on these metals
in the Standards is for the purpose of avoiding, in household water use, problems
associated with precipitates and stains that form because oxides of these metals
are relatively insoluble (Camp, 1963). The recommended limit for zinc is set at
5 mg/¢ to avoid taste produced by zinc at higher concentrations. Concentrations
as high as 40 mg/¢ can be tolerated with no apparent deteriment to general health,
Zinc concentrations as low as 0.02 mg/¢ are, however, toxic to fish. Zinc contamina-
tion can be regarded as severe pollution in ecological systems where fish are of
primary interest but may be only of minor significance if human consumption is
the primary use of the water.

The most common identifiable contaminant in groundwater is nitrate (NO3).
The recommended limit for nitrate in drinking water is 45 mg/¢ expressed as NO;
or 10 mg/¢ expressed as N. In Europe the limit recommended by the World Health
Organization is 50 mg/¢ as NO; and 11.3 mg/¢ as N. Excessive concentrations
of NOj7 have potential to harm infant human beings and livestock if consumed
on a regular basis. Adults can tolerate much higher concentrations. The extent
to which NOj in water is viewed as a serious pollutant therefore depends on the
water use.

The constituents for which maximum permissible concentration limits have

{Maximum permissible limits are set according to health criteria.
§Limit depends on average air temperature of the region; fluoride is
toxic at about 5-10 mg/{ if water is consumed over a long period of time.
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been set in drinking water standards (Table 9.1) are all cc?nsidered to have s1g_niﬁ.
cant potential for harm to human health at conc.entratn?ns above the. specified
limits. The specified limits are not to be exceeded in public water suPplles. .If the
limits for one or more of the constituents are ex?eeded: the water is considered
to be unfit for human consumption. The limits indicated in Table 9.1 are represen-
tative of the current standards in the United States and Ca.mada. ’l"he limits are
continually being appraised and modifications occur from time to t.irne. As more
is learned about the role of trace constituents in human health, the ll'St of cor%sntu.
ents for which maximum permissible limits exist may expand, particularly in the
anic substances. '
Gt Iorf :(:::'fny regions the most important uses of grounflwater are for agncultu_re,
In these situations it is appropriate to appraise the quall?y _of groundwater relative
to criteria or guidelines established for livestock or irrigation. Recomn".lcnded
concentration limits for these uses are listed in Table 9.2. The list of constituents
and the concentration limits are not as stringent as for drinking \ivatel.'. These water
quality criteria do serve to indicate, howe.v?r, that concentrz.xtlon increases in a}
variety of constituents due to man’s activities can cause Serious dcgradatlon 0
groundwater quality even if the water is not used for human consumption.

Table 9.2 Recommended Concentration Limits
for Water Used for Livestock and
Irrigation Crop Production

Livestock: Irrigation crops:
Recommended Recommended
limits (ma/£) limits (ma/£)
Total dissolved solids
Small animals 3000 700
Poultry 5000
Other animals 7000
Nitrate 45 .
Arsenic 0.2 0.1
Boron 5 0.75
Cadmium 0.05 0.01
Chromium 1 0.1
Fluoride 2 1
Lead 3(1)1 5
Mercury ] -
Selenium 0.05 0.02

source: U.S, Environmental Agency, 1973b.

The common starting point in the development of differential equations to .dcscnb;
the transport of solutes in porous materials is to consider the flux of soh:lte into an
out of a fixed elemental volume within the flow domain. A conservation of mass
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statement for this elemental volume is

net rate of flux of flux of loss or gain

change of mass - solute out | | solute into 1 of solute mass 9.2)
of solute within of the the = | due to ’
the element element element reactions

The physical processes that control the flux into and out of the elemental volume
are advection and hydrodynamic dispersion. Loss or gain of solute mass in the
elemental volume can occur as a result of chemical or biochemical reactions or
radioactive decay.

Advection is the component of solute movement attributed to transport by
the flowing groundwater. The rate of transport is equal to the average linear
groundwater velocity, 4, where 4 = v/n, v being the specific discharge and » the
porosity (Section 2.12). The advection process is sometimes called convection,
a term that in this text is reserved for use in discussion of thermally driven ground-
water flow as described in Chapter 11. The process of hydrodynamic dispersion,
which is described in Section 2.13, occurs as a result of mechanical mixing and
molecular diffusion.

Mathematical descriptions of dispersion are currently limited to materials
that are isotropic with respect to dispersion properties of the medium. The principal
differential equation that describes transport of dissolved reactive constituents
in saturated isotropic porous media is derived in Appendix X. This equation is
known as the advection-dispersion equation. Our purpose here is to examine the
physical significance of the terms in this equation (advection, dispersion, and reac-
tion). We will start with the physical processes and then turn our attention to the
chemical processes.

Nonreactive Constituents in Homogeneous Media

The one-dimensional form of the advection-dispersion equation for nonreactive
dissolved constituents in saturated, homogeneous, isotropic, materials under
steady-state, uniform flow [Eq. (A10.11), Appendix X] is

2
%L —5,9C € ©3)
where /is a curvilinear coordinate direction taken along the flowline, 7 is the average
linear groundwater velocity, D, is the coefficient of hydrodynamic dispersion in the
longitudinal direction (i.e., along the flow path), and C is the solute concentra-
tion. The effects of chemical reactions, biological transformations, and radioactive
decay are not included in this form of the transport equation.

The coefficient of hydrodynamic dispersion can be expressed in terms of two
components,

D, = + D* (9.4)
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where ¢, is a characteristic property of the porous rr{edium know1:1 as the dyfnan;lc
dispersivity, or simply s dispersivity [L], a}nd JD"‘2 is the coe_ﬁ‘iczf.ml o;’:no ecug:
diffusion for the solute in the porous medium [I., ;‘J‘? 1. The re:latlon : ]t: \:;e_ens
and the coefficient of diffusion for the solute species 1n water is describe 11:1 ec-
tion 3.4. Some authors have indicated that a more accurate. form of th'e'mclalc z:imtcal
component of the dispersion coefficient is oo™, whe_re m is an emplrflca y iler-
mined constant between 1 and 2. Laboratory studies 1nd1cat.e that _otI' practical
purposes m can generally be taken as unity for granulflr geologic matenac.l s. t
The classical experiment shown in Figure 9.}(a) is one of the mo;t n';lec \tnirayg
of illustrating the physical meaning of the one-d:meps] onal form of the z: \;f_:c og-
dispersion equation. In this experiment, a nonreactive tracer at concten ra 101-1d }
is continuously introduced into a steady-state flow regime at t_he ups{ream end o
a column packed with a homogeneous granular medium. Fc'n' illustra ive pzrpct)lses
it is assumed that the tracer concentration in the column prior to the introduc 1(;:;
of the tracer is zero. It is convenient to express the tracer concentration in the

Continuous supply
of tracer af
concentration Co C/Co

ofter time tg
\ ol—
L, - o Time —=
J (b)
1 /v breakthrough, f
T

First i
appearance 1

Effect of
II dispersion
L

C/Co

to Time —=

(c)

WY

(d)

T ‘

Outflow with tracer C/Co
at concenirpiion C
after time t

(a)

Figure 9.1 Longitudinal dispersion of a tracer passing through a GDlI.:II'!'II'I of
porous medium, (a) Column with steady flow and contm.uous
supply of tracer after time tp ; (b) step-function-type tracer input
relation ; (c) relative tracer concentration in outflow ffurr} co!umn
(dashed line indicates plug flow condition and solid [sne !IIus-
trates effect of mechanical dispersion and muleculér diffusion) ;

(d) concentration profile in the column at various times.
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column as a relative concentration, defined as C/C,, where C is the concentration
in the column or in the output. The tracer input can therefore be represented as
a step function, as shown in Figure 9.1(b). The concentration versus time relation
of the column outflow, known as the breakthrough curve, is shown in Figure 9.1(c).
If it is assumed that the tracer moves through the column with no mechanical
dispersion or molecular diffusion, the tracer front will pass through as a plug and
will exit from the column as a step function. This condition is shown as a vertical
dashed line in Figure 9.1(c). In real situations, however, mechanical dispersion
and molecular diffusion occur and the breakthrough curve spreads out causing
the tracer to begin to appear in the outflow from the column (at time ¢,) before
the arrival of water traveling at the velocity of 4 (time ¢,). This is represented in
Figure 9.1(c).

Figure 9.1(d) shows instantaneous “pictures” of the dispersion interface
inside the column at various times prior to breakthrough. The tracer front is spread
out along the flow path. The spread of the profile increases with travel distance.
The positions represented by points 1 and 2 in Figures 9.1(d) correspond to times
t, and t, in Figure 9.1(c). Mechanical dispersion and molecular diffusion cause
some of the tracer molecules to move faster than the average linear velocity of the
water and some to move slower. The average linear velocity of the water in the
column is determined by dividing the water input rate (Q) by nd, where 4 is
the cross-sectional area of the column and # is the porosity [Eq. (2.82)].

The boundary conditions represented by the step-function input are described
mathematically as

C(O,I):CU =0
C(oo, 1) =0 >0

For these boundary conditions the solution to Eq. (9.3) for a saturated homogene-
ous porous medium is (Ogata, 1970)

C | [ —ot\ | ol [+ ot
€ . L ede{i=2Y L oxo (B0) o (__#_ ] 9.5
(5 it [‘” 4 (z«/ofr) i (D;) i ZJD,I) L

where erfc represents the complementary error function, which is tabulated in
Appendix V; /is the distance along the flow path; and ¥ is the average linear water
velocity. For conditions in which the dispersivity of the porous medium is large
or when [ or t is large, the second term on the right-hand side of the equation is
negligible. Equation (9.5) can be used to compute the shapes of the breakthrough
curves and concentration profiles illustrated in Figure 9.1(c) and (d). Analytical
solutions for Eq. (9.3) with other boundary conditions are described by Rifai et
al. (1956), Ebach and White (1958), Ogata and Banks (1961), Ogata (1970), and
others.
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The spreading out of the concentration profile and breakthrough curve of
tracers or contaminants migrating through porous materials is caused by both
mechanical dispersion and molecular diffusion. Figure 9.2 shows a conceptra{iaﬁs
profile for the experimental conditions represented in Figure 9.1(a). In this graph

v position of input
[ water at time t

Y|

=
w = Tracer front if Dispersed
=2 'g diffusion only tracer front
SES 9
gee

S 0

Distance x —=

Figure 9.2 Schematic diagram showing the contribution of molecular diffu-
sion and mechanical dispersion to the spread of a concentration
front in a column with a step-function input.

the contribution of molecular diffusion to the spread of the curves is indicated
schematically. At a low velocity, diffusion is the important confributor to the 4:11@1
persion, and therefore the coefficient of hydrodynamic dispersion equals tha? dl.f;,_.
fusion coefficient (D; = D¥). At a high velocity, mechanical mixing is the d_ommaﬁ_ff'
dispersive process, in which case D, = a,0. Larger dispersivity of the medlul_:ﬂ pro-
duces greater mixing of the solute front as it advances. Labc.)ratory expenn.z.enq;:;
on tracer migration in saturated homogeneous granular materials have estabh.sh_e_clﬁ
relations between the influence of diffusion and mechanical dispersion, as illus-
trated in Figure 9.3. The dimensionless parameter 7d/D* is known as the Peclet.
number, where the average particle diameter is denoted by d. The exact shape of
the relation between the Peclet number and D,/ D* depends on the nature of the

100
D* = Coefficient of diffusion
Dy =Coefficient of dispersion
v =Average linear velocity |
1D @
* e
e 5 2 I Mechanical
ot £E | dispersion
© 4L &8 |  dominates
' Transition li
conditions |
04
vd/D"

Figure 9.3 Relation between the Peclet number and the ratio of the longitu-
dinal dispersion coefficient and the coefficient of molecular dif-
fusion in a sand of uniform-sized grains (after Perkins and

Johnston, 1863).
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porous medium and on the fluid used in the experiments. The general shape illus-
trated in Figure 9.3 has been established by various investigators on the basis
of experiments using different media (Bear, 1972).

In situations where the boundary conditions specified for Eq. (9.5) are appli-
cable and where the groundwater velocity is so small that mechanical dispersion
is negligible relative to molecular diffusion, Eq. (9.5) reduces to the one-dimensional
solution to Fick's second law. This “law” is described in Section 3.4. The rate
at which one-dimensional diffusion occurs is expressed graphically in Figure 9.4,
which shows, for periods of diffusion of 100 and 10,000 years, diffusion distances
as a function of relative concentration. The diffusion distances were obtained
using Eq. (3.47) with diffusion coefficient values of 1 X 1071%and 1 x 10~!! m?/s.

One-dimensional diffusion

1.0 prov

o

Relative concentration (C/Co)

0.01 :
0.1 1 10 100
Distance (m)
107'% m?/s > diffusion coefficient (D*) >10™"" m2/s

Figure 9.4 Positions of contaminant front migrating by molecular diffusion
away from a source where C = Cy at t > 0. Migration times are
100 and 10,000 years.

These values are representative of a range typical of nonreactive chemical species
in clayey geologic deposits. Values for coarse-grained unconcolidated materials
can be somewhat higher than 1 x 1071° m?/s but are less than the coefficients for
the chemical species in water (i.e., < 2 X 107 m?/s). Figure 9.4 indicates that
over long periods of time, diffusion can cause contaminants to move considerable
distances, even through low-permeability materials. Whether contaminant migra-
tion on this time scale is important depends on the nature of the problem. In the
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case of subsurface disposal of radioactive wastes or highly toxic inorganic or
organic compounds, diffusion can be an important process. . ) |
One of the characteristic features of the dispersive p:rocgss is that it causeg
spreading of the solute, if the opportunity‘ is avallabl.e, in darcct:lonls Fransverse'
to the flow path as well as in the longitudinal flow dlrec_tnon: This is 1llustrate’d
schematically for a two-dimensional horizontal‘ﬂow field in Figure ?.S(a). In thig
experimental sand box, a nonreactive tracer is mFroduced. as a lcontmuous steaqy__
input to the uniform flow field. Dispersion in this two-dlmenlswm.:l flow domain
is illustrated in a different manner by the experiment shown in Flgl:ll'e 9.5(b). In
this case the tracer is introduced as an instantaneous point source (i.¢., a slug gf“
tracer) into the uniform flow regime. As the tracer is transported along the ﬂow_
path, it spreads in all directions in the horizontal plane. The t:olal mass of .the
tracer in the flow regime does not change, but the mass occupies an increasing
volume of the porous medium. The process of me.chanica.tl dt‘sperswn is direction-
ally dependent even though the porous me_dium is isotropic with respect to texturgt i
properties and hydraulic conductivity. Figure 9.5(b) shows that the tracer zone
develops an elliptical shape as the tracer is transported- thro_ugh thf: system. T_hlg.,
oceurs because the process of mechanical dispersion is arjrsolropic.. Dn_sperfum}
is stronger in the direction of flow (the longitudinal dispersion) than in directions
normal to the flow line (transverse dispersion).

—> Uniform flow

~— Continuous
(%) poin! source
of tracer

(o)

—3 Uniform flow

— 3oy
Instantaneous

point source

..... ‘
—_— e— 30 4\

(b)

Figure 9.5 Spreading of a tracer in a two-dimensional uniform flow field in
an isotropic sand., (a) Continuous tracer feed with step-function
initial condition ; (b) instantaneous point source,
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One-dimensional expressions for the transport of dissolved constituents,
such as Eq. (9.5), are useful in the interpretation of laboratory column experiments,
but are of limited use in the analysis of field problems because dispersion occurs
in the transverse directions as well as in the longitudinal direction. As an example
of a solution to the advection-dispersion equation in three-dimensions [Eq.
(A10.9), Appendix X], we will follow an approach described by Baetsle (1969).
As in Figure 9.5(b), the contaminant is assumed to originate as an instantaneous
slug at a point source at x =0, y = 0, z = 0. The mass of contaminant is then
carried away from the source by transport in a steady-state uniform flow field mov-
ing in the x-direction in a homogeneous isotropic medium. As the contaminant
mass is transported through the flow system, the concentration distribution of
the contaminant mass at time ¢ is given by

(9.6)

i M X: YZ zz
Cx2: 20 = g5 /55,5, =P =t aD; in3)

where M is the mass of contaminant introduced at the point source, D,, D,, and
D, are the coefficients of dispersion in the x, y, z directions and X, Y, and Z are
distances in the x, y, z directions from the center of gravity of the contaminant
mass. The position of the center of gravity of the contaminant mass at time ¢ will
lie along the flow path in the x direction at coordinates (x,, y,, z,), where y, = z,
= 0 and x, = ¥t = »t/n, where 7 is the average linear velocity, v is the specific
discharge, and »n is the porosity. In Eq. (9.6), X =x —ot, Y =y, and Z = z,
It is apparent from Eq. (9.6) that the maximum concentration is located at the
center of gravity of the contaminant cloud, where X =0, Y =0, and Z = 0.
The mass of the contaminant introduced at the source equals C,V,, where C, is
the initial concentration and V, is the initial volume. In the mathematical formula-
tion of the initial conditions, the contaminant input occurs at a point and therefore
has mass but no volume. In practice, however, this is expressed by the quantity
CoVy.-

From Eq. (9.6) it follows that the peak concentration that occurs at the center
of gravity of the contaminant cloud is given by

— CﬂVﬂ
lex == S(ﬂt)afz,v/_ﬁxD,D’ (9.?)

The zone in which 99.7 % of the contaminant mass occurs is described by the ellip-
soid with dimensions, measured from the center of mass, of 3a, = o/2D.1,
30, = »/2D,t, 30, = /2D,1, where ¢ is the standard deviation of the concentra-
tion distribution, This is illustrated in the xy plane in Figure 9.5(b). At low velocities
molecular diffusion is the dominant dispersive mechanism, in which case the
migrating contaminant cloud is circular. Because these equations are based on
idealized conditions, such as the instantaneous point source and uniform flow,
they have limited use in the analysis of most field situations. In simple hydrogeo-
logic settings, however, they can be used to obtain preliminary estimates of the
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migration patterns that may arise from small contaminan% spills or from leac:hing
of buried wastes (Baetsle, 1969). A variety of other analy.tlcal solutions descrﬂfnng
the migration of contaminants in two- and three-dimensional space are described
by Fried (1975) and Codell and Schreiber (in press)'. '

Mechanical dispersion in the transverse direction is a rfu_lch weaker process
than dispersion in the longitudinal direction, but at low velom‘ues where m(‘)[em.zlar
diffusion is the dominant dispersive mechanism, the coefficients of longl'tudmal
and transverse dispersion are nearly equal. This is illustrated by the e‘xpenmental
results shown in Figure 9.6, which indicates small dispersion coefﬁc:ents. over a
range of low velocities. Because mechanical dispersion in the transverse .dl:ectlon
is much weaker than in the longitudinal direction, the transverse d_lspersmn coef-
ficient remains diffusion-controlled until the flow velocity is quite high.

Berea sandstone

100 porosity =22 %
10 k- Longitudinal
dispersion

(o]

Transverse dispersion .
1 1

1
0.00001 0,001 o1
Velocity (em/s)

o

Coefficient of dispersion
D,x10and D, x1078 (m?/s)

Figure 9.6 Coefficients of longitudinal and transverse dispersion for trans-
port in a homogeneous sandstone at various flow rates (after
Crane and Gardner, 1961).

The forms of the transport equation described above are based on the assump-
tion that there is no significant density contrast between the contaminant or tracer
fluid and the groundwater in the surrounding flow domain. Equatl:ons that make
allowance for density contrasts are more complex. As a qualitative example of
the effect of density contrasts, consider the sinking contaminant.plume in an
initially uniform flow field, as illustrated in Figure 9.7. If the contaminant solution

(a) (b)

Figure 9.7 Effect of density on migration of contaminant solution in uniform
flow field. (a) Slightly more dense than groundwater; (b) and
(c) larger density contrasts,
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entering this flow regime has the same density as the groundwater, the contaminant
plume will spread in a shallow zone close to the water table. If the contaminant
solution is considerably more dense than the groundwater, the plume will sink
steeply downward into the groundwater flow system. Prediction of contaminant

migration patterns requires accurate knowledge of the density of the contaminant
solution as well as that of the groundwater.

Nonreactive Constituents in Heterogeneous Media

If it were not for the effects of heterogeneities in natural geological materials,
the problem of prediction and detection of contaminant behavior in groundwater
flow systems would be easily solved. Advection is the process whereby solutes are
transported by the bulk mass of the flowing fluid. Advection is normally considered
on the macroscopic scale in terms of the patterns of groundwater flow. These pat-
terns are defined by the spatial and temporal distributions of the average linear
velocity of the fluid. Flow patterns and flow nets have been described extensively
in Chapters 5 and 6. Our purpose here is to consider in more detail the effects on
flow lines and velocities exerted by various types of heterogeneities.

To illustrate the effect of simple layered heterogeneities on transport patterns,
the cross-section flow-domain illustrated in Figure 9.8(a) is used. It is assumed that
steady-state groundwater flow occurs through the cross section and that the
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Figure 9.8 Effect of layers and lenses on flow paths in shallow steady-state
groundwater flow systems. (a) Boundary conditions; (b) homo-
geneous case; (c) single higher-conductivity layer; (d) two
lower-conductivity lenses; (e) two higher-conductivity lenses.
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flow domain is isotropic with respect to hydraulic conductivity. To illustrate the
effect of stratigraphic variations on the transport pattern of contaminants entering
the system in a recharge area, a contaminant input zone is located on the cross
section. In field situations this could represent seepage from a waste lagoon, sani-
tary landfill, or some other surface or near-surface source. Figure 9.8(b), (c), (d),
and (e) shows the patterns of contaminant transport that would occur with various
hypothetical stratigraphic configurations. The contaminant is assumed to be non-
reactive and the effect of dispersion is neglected. The flow lines that depict the
limits of the contaminant migration patterns were obtained by solution of the two-
dimensional form of the steady-state groundwater flow equation [Eq. (2.69)],
using the finite-element method in the manner described by Pickens and Lennox
(1976). Figure 9.8(b) indicates that in situations where the flow domain is homo-
geneous, the contaminant migration pattern would be simple and relatively easy
to monitor. The conditions for the flow system shown in Figure 9.8(c) are similar
to the previous case, with the exception of the inclusion of a thin, higher-conduc-
tivity horizontal layer that extends across the flow domain. This would cause the
contaminants to move through the flow system almost entirely in this thin layer,
The total travel time would be one-fifth of the nonstratified case illustrated in
Figure 9.8(b). The thin higher conductivity bed has a conductivity 100 times larger
than the rest of the system and exerts a very strong influence on the migration
patterns and velocity distribution. If the lower-K medium (K,) represents a very
fine-grained sand, the higher-K bed (K,) could represent a medium- or coarse-
grained sand. In stratigraphic studies of waste disposal sites, a thin medium-
grained sand bed in an otherwise fine-grained sand deposit could easily be
unnoticed unless careful drilling and sampling techniques are used.

In Figure 9.8(d) a discontinuous layer of low-conductivity material exists
in the cross section. The contaminant migration zone moves over the first lense
and under the second one. To reach the discharge area, it passes through the second
lense near the end of its flow path.

Figure 9.8(¢) shows the contaminant migration pattern that would exist if
a thin higher-conductivity bed is discontinuous through the central part of the
cross section. The discontinuity causes a large distortion in the contaminant migra-
tion pattern in the middle of the cross section. The contaminated zone spreads out
in the central part of the flow system and extends to the water-table zone. In
situations where contaminants can be transferred through the unsaturated zone
by advection, diffusion, or vegetative uptake, this condition could lead to spread
of the contaminants in the biosphere. Figure 9.8(e) also illustrates some of the
difficulties that can arise in monitoring contaminated flow systems. If little infor-
mation were available on the stratigraphy of the system, there would be no reason
to suspect that the type of distortions shown in Figure 9.8(e) would occur. Lack of
this information could result in inadequate monitoring of the system. In nature;
geologic cross sections typically include many stratigraphic units with different

hydraulic conductivities. Large conductivity contrasts across sharp discontinuities.

are common. Relative to real situations, the effects of stratification illustrated in
Figure 9.8 are very simple.

} 9
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In the discussion above, layered heterogeneities on the scale that could, if
necessary, be identified and mapped by careful drilling, sampling, and geophysical
logging were considered. Heterogeneities in another category also exist in most
geologic settings. These are known as small-scale heterogeneities. They cannot
be identified individually by conventional methods of field testing. Even if identifi-
cation is possible using special coring techniques, these heterogeneities usually
cannot be correlated from borehole to borehole. In granular aquifers, heterogenei-
ties of this type are ubiquitous. Hydraulic conductivity contrasts as large as an
order of magnitude or more can occur as a result of almost unrecognizable varia-
tions in grain-size characteristics. For example, a change of silt or clay content of
only a few percent in a sandy zone can have a large effect on the hydraulic con-
ductivity.

Figure 9.9 illustrates the effect of two types of small-scale heterogeneities
on the pattern of migration of a tracer or contaminant in granular porous media.
In Figure 9.9(a) the pattern of dispersion is regular and predictable using the
methods described above. In Figure 9.9(b) the lense-type heterogeneities cause the

Dilution due

Average flow

*

Plug flow
fracer input

{a)

:3
o2 Higher
-
750> ‘
a o layers
2 A
+ verage flow —= 3 .
£ W o " i “= [ Higher
§ 3-‘“‘5 g g
€8 | - ) lenses
ol R
|
Coarse lens

Figure 9.9 Comparison of advance of contaminant zones influenced by
hydrodynamic dispersion. (a) Homogeneous granular medium ;
(b) fingering caused by layered beds and lenses; (c) spreading
caused by irregular lenses.
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tracer front to advance in a pattern commonly referred to as fingering. In this case
the contaminant is transported more rapidly in the lenses or beds of higher hydrau-
lic conductivity. Figure 9.9(c) illustrates results obtained by Skibitzke and Robert-
son (1963) using dye tracers in a box model packed with fine sand and long sinuous
lenses of coarser sand. These authors observed that a large angle of refraction at
the boundary between sand of contrasting permeability caused accelerated spread-
ing of the tracer zone.

In one of the very few detailed three-dimensional studies of contaminant
movement in sandy deposits, Childs et al. (1974) observed that “plumes migrate
along zones . . . that, although they are texturally similar, show subtle differences
in fabric that result in slight variations in permeability. Bifurcations indicate that
detection of a shallow plume does not negate the existence of the other plumes of
the same constituent at depth” (p. 369).

Nearly all studies of dispersion reported in the literature have involved
relatively homogeneous sandy materials under controlled conditions in the labora-
tory. These studies have indicated that the dispersivity of these materials is small,
Values of longitudinal dispersivity are typically in the range of 0.1 to 10 mm,
with transverse dispersivity values normally lower by a factor of 5-20. Whether or
not these values are at all indicative of dispersivities in field systems is subject to
considerable controversy at the present time. Many investigators have concluded
that values of longitudinal and transverse dispersivities in field systems are signif-
icantly larger than values obtained in laboratory experiments on homogeneous
materials or on materials with simple heterogeneities. Values of longitudinal dis-
persivity as large as 100 m and lateral dispersivity values as large as 50 m have been
used in mathematical simulation studies of the migration of large contaminant
plumes in sandy aquifers (Pinder, 1973; Konikow and Bredehoeft, 1974; Robertson,
1974).

To illustrate the effect of large dispersivities on the migration of contaminants
in a hypothetical groundwater flow system, a cross-sectional flow domain similar
to that shown in Figure 9.8(a) and (b) will be used. Figure 9.10 shows the effect
of dispersivity on the spreading of a contaminant plume that emanates from a
source in the recharge area of the flow system. Although the cross sections shown
in Figure 9.10 are homogeneous, dispersivities for the system are assumed to be
large as a result of small-scale heterogeneities. With assigned values of dispersivity
the patterns of contaminant distribution can be simulated using a finite-element
approximation to the transport equation expressed in two-dimensional form for
saturated heterogeneous isotropic media [Eq. (A10.13), Appendix X]:

L039)+4059-Zeo-% o

where s, and s, are the directions of the groundwater flowlines and the normals
to these lines, respectively. The finite-element model used to obtain the contami-
nant distributions shown in Figure 9.10 is described by Pickens and Lennox (1976).
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Figure 9.10 Dispersion of a contaminant during transport in a shallow
groundwater flow system. Porosity 30% ; hydraulic conductivity
0.5 m/day; o;/a; = 20; transport time 15 years; concentration
contours at C/Cy = 0.9, 0.7, 0.5, 0.3, and 0.1 (after Pickens and
Lennox, 1976).

Other numerical models have been developed by Reddell and Sunada (1970),
Bredehoeft and Pinder (1973), Pinder (1973), and Schwartz (1975). The simulations
presented in Figure 9.10 indicate that if dispersivity is large, contaminants can
spread to occupy a portion of the flow system many times larger than would be
the case in the presence of advection alone. If the transverse dispersivity is very
large as indicated in Figure 9.10, contaminants transported along relatively
horizontal flow paths can migrate deep into the flow system. The longitudinal
and transverse dispersivities represented in the simulated contaminant transport
patterns shown in Figure 9.10 indicate that if dispersivity values are orders of
magnitude larger than the values obtained from laboratory experiments, dispersion
will exert a strong influence on contaminant transport. Whether or not dispersivi-
ties in nonfractured geologic materials under field conditions have magnitudes
that are this large remains to be established by detailed field experiments. This
topic is discussed further in Section 9.4.




Transport of Reactive Constituents

In this section we will consider the transport of solu.tes that pehave as tho§e
described above, but with the added influence of ch.emlca] reactions. Changers in
concentration can occur because of chemical reactions that take place entlr;ly
within the aqueous phase or because of the transfer qf the solute to or from.otﬂt:r
phases such as the solid matrix of the porous medium or Ihe_gas phase in ] e
unsaturated zone. The myriad of chemical and biochemical reactions that can a te?.r
contaminant concentrations in groundwater ﬂ(_:-w systems can be groyped in six
categories: adsorption-desorption reactions, acu!-base .rt?acnons, soluhon_—prempz
tation reactions, oxidation-reduction reactions, ion pairing or complexaufm, an
microbial cell synthesis. Radioactive contaminants are mﬂucnc;d by' radl{?actwc
decay in addition to the nonradiogenic processes. _ln the follo_wmg dlscuss.non ;.r;
will focus on adsorption as a concentration-altering mechanism. In Section 9.
es of reactions are considered. .

Dtherth:frphomogene:n:n.ts saturated media with s.teady-statc ﬂov.v. the one-dlmﬁn-
sional form of the advection-dispersion equation cxpres.ﬁed in a manner that
includes the influence of adsorption [Eq. (A10.14), Appendix X] is

#C - 9C, p 98 _9C ©9.9)

Digr — Ui v e T o

where p, is the bulk mass density of the porous medium, i's the porosity, and §
is the mass of the chemical constituent adsorbed on the solid Part of the porous
medium per unit mass of solids. dS/dt represents the rate at wh.ich the const;tuept
is adsorbed [M/MT], and (p,/n)(dS/d1) represents the change in concentration in
the fluid caused by adsorption or desorption

1
¥

MM _M
DMT ™ [

Adsorption reactions for contaminants in groundwater are normally v1!:we(i
as being very rapid relative to the flow velocity. The :?rnm]nt of the cont?mm:.m
that is adsorbed by the solids (i.e., the degree of adsorption) is commonly a function
of the concentration in solution, § = f(C). It follows that

ds _9s dC (9.10)

and

in which the term 35/dC represents the partitioning of the contaminant between
the solution and the solids.
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The partitioning of solutes between liquid and solid phases in a porous medium
as determined by laboratory experiments is commonly expressed in two-ordinate
graphical form where mass adsorbed per unit mass of dry solids is plotted against
the concentration of the constituent in solution. These graphical relations of S
versus C and their equivalent mathematical expressions are known as isotherms.
This term derives from the fact that adsorption experiments are normally conducted
at constant temperature,

Results of adsorption experiments are commonly plotted on double-loga-
rithmic graph paper. For solute species at low or moderate concentrations, straight-
line graphical relations are commonly obtained over large ranges of concentration.
This condition can be expressed as

log S = blog C -+ log K,
or

§=K.C" 9.12)

where S is the mass of the solute species adsorbed or precipitated on the solids per
unit bulk dry mass of the porous medium, C is the solute concentration, and K
and b are coeflicients that depend on the solute species, nature of the porous
medium, and other conditions of the system. Equation (9.12) is known as the
Freundlich isotherm. The slope of the log-log adsorption relation is represented
by the term b in Eq. (9.12). If b = 1 (i.e., if the straight-line relationship between
S and C on a log-log plot has a slope of 45°), then the S versus C data will also
plot as a straight line on an arithmetic plot. Such an isotherm is termed linear,
and from Eq. (9.12) with b = 1,

& =K, (9.13)
where K is known as the distribution coefficient. This parameter is widely used in
studies of groundwater contamination. K is a valid representation of the parti-
tioning between liquid and solids only if the reactions that cause the partitioning
are fast and reversible and only if the isotherm is linear. Fortunately, many con-
taminants of interest in groundwater studies meet these requirements. A compre-
hensive treatment of adsorption isotherms is presented by Helfferich (1962), who
provides detailed information on many important types of isotherms in addition
to the Freundlich isotherm.

The transfer by adsorption or other chemical processes of contaminant mass
from the pore water to the solid part of the porous medium, while flow occurs,
causes the advance rate of the contaminant front to be retarded. To illustrate this
concept, the classical column experiment shown in Figure 9.1(a) will again be
considered. It is assumed that two tracers are added to the water passing through
the column. One tracer is not adsorbed and therefore moves with the water. The
other tracer undergoes adsorption, and as it travels through the column part of
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its mass is taken up by the porous medium. The two tracers are added instantane-
ously to the water at the column input [step-function input as shown in F_igure
9.1(b)]. As transport occurs, the two tracers are distributed in tht? column in the
manner represented schematically in Figure 9.11. The transporting water mass
represented by the nonreactive tracer moves ahead of the reactive tracer. The
concentration profile for the nonadsorbed tracer spreads out as a result of disper-
sion. The concentration profile of the front of the reactive tracer also spreads out
but travels behind the front of the nonreactive tracer. The adsorbed tracer is
therefore said to be retarded.
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Figure 9.11 Advanceof adsorbed and nonadsorbed solutes through a column
of porous materials. Partitioning of adsorbed species is described
by Kz Relative velocity = 1/[1 + (ps/n)K4]. Solute inputs are
at concentration Cp att > 0.

For cases where the partitioning of the contaminant can be adequately
described by the distribution coefficient (i.e., fast reversible adsorption, with
linear isotherm), the retardation of the front relative to the bulk mass of water is
described by the relation

_vl=1+%.1<. (9.14)

where # is the average linear velocity of the groundwater and 4, is the velocity
of the C/C, = 0.5 point on the concentration profile of the retarded constituent.
Equation (9.14) is commonly known as the retardation equation. The ta'rm
1+ (py/n) « K, is referred to as the retardation factor. The reciprocal of theretardation
factor is known as the relative velocity (,/3). Equation (9.14) was originally devel-
oped on an empirical basis for use in chemical engineering by Vermeulen and
Hiester (1952). It was first applied to groundwater problems by Higgins (1959)
and Baetsle (1967, 1969). Baetsle indicated that it can be used to determine the
retardation of the center of mass of a contaminant moving from a point source
while undergoing adsorption.

To gain a more quantitative appreciation for the effects of chemical retarda-
tion on contaminant migration, some representative parameter values will be used
in conjunction with Eq. (9.14). For unconsolidated granular deposits, porosity.
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expressed as a fraction, is commonly in the range 0.2-0.4. The average mass density
of minerals that constitute unconsolidated deposits is approximately 2.65. The
range of bulk mass densities, p,, that correspond to the porosity range above is
1.6-2.1 g/cm®. For these ranges of porosity and bulk mass density, p,/n values
range from 4 to 10 g/cm®. An approximation to Eq. (9.14) is therefore

ﬂt&l[ oy

The only major unknown in Eq. (9.15) is the distribution coefficient K,. The
distribution coefficient can be expressed as

K, — mass of solute on the solid phase per unit mass of solid phase
" concentration of solute in solution

The dimensions for this expression reduce to L3/M. Measured K, values are
normally reported as milliliters per gram (m¢/g).

Distribution coefficients for reactive solutes range from values near zero
to 10° mé/g or greater. From Eq. (9.15) it is apparent that if K, = 1 m¢/g, the
midconcentration point of the solute would be retarded relative to the bulk
groundwater flow by a factor between 5 and 11. For K, values that are orders of
magnitude larger than 1, the solute is essentially immobile.

To further illustrate the effect of liquid- to solid-phase partitioning, a cross-
sectional flow domain similar to the one represented in Figures 9.8 and 9.10 is
used. The pattern of contamination in this cross section caused by an influx of
water with contaminant species of different distribution coefficients is shown in
Figure 9.12. The patterns were obtained by Pickens and Lennox (1976) using a
finite-element solution to the transport equation with the reaction term described
by Eq. (9.11). The case in which K, = 0 shows the zone occupied by a contaminant
species that is not affected by chemical reactions. Under this condition the pro-
cesses of advection and dispersion cause the contaminant to gradually occupy
a large part of the flow domain. The transport pattern is controlled by the con-
taminant input history, by the velocity distribution, and by dispersion. Con-
taminant species with K, values greater than zero occupy a much smaller portion
of the flow domain. If K, = 10 mf/g, most of the contaminant mass migrates only
a very short distance from the input zone during the specified migration period.
This situation can be anticipated from consideration of the magnitude of this K,
value in Eq. (9.15). There is an extensive zone beyond the C/C, = 0.1 contours
shown in Figure 9.12 in which the contaminant occurs at very low concentrations.
If the contaminant is harmful at low concentrations, this zone can be extremely
important, even though it includes only a small portion of the total contaminant
mass in the flow system.

When a mixture of reactive contaminants enters the groundwater zone, each
species will travel at a rate depending on its relative velocity, ./9. After a given
time 1, the original contaminant cloud will have segregated into different zones,
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Figure 9.12 Effect of the distribution coefficient on contaminant retardation
during transport in a shallow groundwater flow system. Porosity
0.3; hydraulic conductivity 0.5 m/day; a; = 10 m; & = 0.5 m;
transport time 60 years; concentration contours at C/Cy = 0.9,
0.7, 0.5, 0.3, and 0.1 (after Pickens and Lennox, 1976).

each advancing in the same direction at different velocities. Considering‘t!'le instan-
taneous point-source example described by Egs. (9.6) and (9.7), the position of the
center of mass of the migrating cloud is obtained from the relative velocity defined
by the reciprocal of 4/, calculated from Eq. (9.14). Equation (9._6) can b!: used‘to
calculate the concentration distribution of the dissolved reactive species, with
substitution of 7 for z, where 7 = #(3_/#). Since the total standard deviation of
a given distribution is a function of time as well as distance traveled, both param-
eters influence the dispersion pattern of each retarded species (Baetsle, 1969). ,
The distribution coefficient approach to the representation of chemical pa'rtl-
tioning of contaminants in groundwater flow systems is based on ‘the‘ assumpﬂqn
that the reactions that partition the contaminants between the liquid and solid
phases are completely reversible. As a contaminant plume advances a_along flow
paths, the front is retarded as a result of transfer of part of the contaminant mass
to the solid phase. If the input of contaminant mass to the system 1s dlscontlnu.ed,
contaminants will be transferred back to the liquid phase as lower-concentration
water flushes through the previously contaminated zone. In this situal.ioy the con~
taminant moves as a cloud or enclave through the flow system. This is illustrated
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Figure 9.13 Migration of a reactive contaminant through a shallow ground-
water flow system, (a) Concentration versus time relation for the
contaminant source; (b) concentration distributions after 20,
35, and 50 years. Porosity 0.3 ; hydraulic conductivity 0.5 m/day ;
a; = 10 m; &, = 0.5 m; concentration contours at C/Cg = 0.9,
0.7, 0.5, 0.3, and 0.1 (after Pickens and Lennox, 1976).

in Figure 9.13, which shows the migration of a contaminant enclave through the
cross section illustrated in Figures 9.10 and 9.12. Initially, the contaminated zone
is localized beneath the input area. After the input of contaminated water is discon-
tinued, the contaminant mass moves along the flow paths, leaving a zone of less-
contaminated water beneath the input area. As time goes on, the contaminants are
flushed out of the flow system. If the partitioning reactions are completely revers-
ible, all evidence of contamination is eventually removed from the system as com-
plete desorption occurs. Thus, if the reactions are reversible, contaminants cannot
be permanently isolated in the subsurface zone, even though retardation of the
concentration front may be strong. In some situations a portion of the contaminant
mass transferred to the solid part of the porous material by adsorption or precipi-
tation is irreversibly fixed relative to the time scale of interest. This portion is not
transferred back to the pore water as new water passes through the system and is
therefore isolated in the subsurface environment.

When the distribution coefficient is used to determine contaminant retarda-
tion, it is assumed that the partitioning reactions are very fast relative to the rate
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of groundwater movement. Many sl.lbstant.:es3 however, d.o not react stuﬁig::;ltg;
fast with the porous medium for this assumption to be valid. Wh;g qr.:r.:tr;1 ami i
of this type move through porous media, they.a_dvgnce more rapi !y' _ellln \:’ e
be the case if the reactions produce K, typ_e _paftmonmg rFIatlons..'I_'hls 1;‘ illus rath
in Figure 9.14, which shows the nonequilibrium front in a position ;t:'e:;e Ke
front of a nonretarded tracer and the front of a.retarded tracer describe | by the K,
relation. Analysis of the movement of contalmllnants thal_t undcrgt? pal:tltt_ionmtg‘ in
a manner that cannot be described by equilibrium relations requires “:1 forma T?}?n
on the rates of reaction between the contaminant and the Pporous me 1:m. .b;;
information is difficult to obtain. In field studies the retardat:op equaﬂu:mf _esfcn
above is often used because of its simplicity or becau§e there_ is & lack of in ?rma-.
tion on reaction rates. This can lead to serious errors in Predlctlon of rates of con-
taminant migration in systems where kinetic factors are important.
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Figure 9.14 Advance of reactive and nonreactive contaminants through a
column, (a) Dispersed front of nonretarded solute; (b) frqnt ?f
solute that undergoes equilibrium partitioning between liquid
and solids: (c) front of solute that undergoes slower rate of
transfer to the solids.

Transport in Fractured Media

Although contaminant transport in fractured geologic_ materials i§ gov'erned- by
thesame processes as in granular media—namely, advection, mechanical dispersion,

molecular diffusion, and chemical reactions—the effects in fractured media r;an bti..
quite different. The effective fracture porosity of fractu.re.d roclfs ar‘:d 0 clon
solidated cohesive materials that are fractured, such a;s Jcmted_ ztlll, _s;!t, orc aég.
is normally very small. Values in the order of 1-0:0_01 9%, or 1072-10 ex;;ressteﬁ
as a fraction, are not unusual. Although the porosities are small, the groun :'?i -
velocities can be large. The reason for this can be deduced from the modifie

Darcy relation (Section 2.12)

i=—

n dl

where # is the average linear velocity of water in the fractures, K the l?ulk h)rcirz’::;:;;;-i 1
conductivity of the fractured medium, n, the bulk fracture porosity, and

K dh (9'1 6)‘ 1
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the hydraulic gradient. This relation treats the fractured medium as an equivalent
porous medium. The parameters in the equations relate to a volume segment of
the medium that is sufficiently large to be described by hydraulic conductivity and
porosity averaged over the bulk mass. In this approach each fracture opening is
considered to be very small relative to the bulk volume of the domain over which K
is measured. The number of fractures in this domain therefore must be large.

For illustrative purposes we will consider a medium that has a bulk hydraulic
conductivity of 10~# m/s and a fracture porosity of 1074, These values could repre-
sent conditions in a slightly fractured granite. Using a hydraulic gradient of 10-2,
which is within the range commonly observed in field situations, the groundwater
velocity computed from Eq. (9.16) is 10 m/yr. Compared to velocities in fine-
grained unfractured granular materials, this velocity is very large. For example, an
unfractured granular medium, such as a silt deposit, with this hydraulic conduc-
tivity and gradient and an intergranular porosity of 0.3 would have a groundwater
velocity of about 0.003 m/yr. The flux of water (volume of water per unit time
passing through a specified cross-sectional area) in these two cases is the same and
is extremely small. Although Eq. (9.16) can be used to compute average velocities
in fractured media, it provides no indication of the velocities in individual fractures.
Depending on the fracture aperture and wall roughness, the velocity of ground-
water may deviate from the average by orders of magnitude.

It was indicated above that in the mathematical analysis of mechanical dis-
persion in granular media, the media are assumed to be isotropic with respect to
dispersivity. That is, longitudinal dispersivity at a point in the medium has a single
value regardless of the direction of the velocity vector. Each of the transverse
dispersivities has a single value relative to the longitudinal dispersivity. The
differences between longitudinal and transverse dispersivities are related to the
mechanism of dispersion rather than to directional properties of the medium.
Fractured geologic materials, however, are notoriously anisotropic with respect
to the orientation and frequency of fractures. It can be expected that the dispersion
of solutes during transport through many types of fractured rocks cannot be
described by the equations developed for homogeneous granular materials. Little
is known about dispersion in fractured media. A common approach in field investi-
gations of contaminant migration in fractured rock is to treat the problem in the
same manner mathematically as for granular porous media. The scale at which this
approach becomes valid in the analysis of field situations is not known. As a con-
cluding comment on this topic, the statement by Castillo et al. (1972) is appropriate:

Although the basic theoretical aspects of . . . (dispersion) . . . have been
treated at length for the case where the permeable stratum is composed of
granular materials, the classical concept of flow through a porous medium is
generally inadequate to describe the flow behaviour in jointed rock, and it
becomes increasingly unsuitable for the analysis of dispersion. Despite these
limitations, little work has been directed toward extending these ideas to
handle flow through jointed rock formations (p. 778).
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i Ian the case of contaminant migration through fractured mate.:r:a.ls, 1t. is mor:
appropriate, as suggested by Burkholder (1976), to express the distribution coef-
ficient K, on a per-unit-surface-area basis.

It is therefore defined as

A modification in approach i

e on the solid phase per unit area of solid phase

mass of solut ; _
Cy concentration of solute in solution

K,

The dimensions for this expression are [M/L? - L}|M] or [L]. The units that are
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to the area of an assumed planar fracture surface, in which case the retardation
relation becomes

Il

ne‘[el

(9.18)

It should be kept in mind that Eq. (9.17) is only valid for fractured materials
in which the porosity of the solid mass between fractures is insignificant. When
contaminants occur in fractures, there is a gradient of contaminant concentration
between the fracture fluid and the fluid in the unfractured material adjacent to the
fracture. If the solid matrix is porous, a portion of the contaminant mass will move
by molecular diffusion from the fracture into the matrix. This mass is therefore
removed, at least temporarily, from the flow regime in the open fracture.

Figure 9.15 illustrates the effect of matrix diffusion on the concentration
distribution of nonreactive and reactive contaminants migrating through a fracture
in & medium with a porous matrix. For illustrative purposes it is assumed that
dispersion within the fracture is insignificant. Comparison of Figure 9.15(a) and
(b) indicates that diffusion into the matrix causes the concentration in the fracture
to diminish gradually toward the front of the advancing contaminant zone. The
bulk mass of the advancing contaminant zone in the fracture appears to be retarded
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: S '
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. : =—> !
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1
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width (Section 2.12). Fractu
therefore can have much lar
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Figure 9.15 Effect of diffusion on contaminant migration in porous fractured
medium. (a) Unidirectional hydraulic transport in a fracture in a
nonporous medium; (b) unidirectional hydraulic transport with
migration into matrix as a result of molecular diffusion ; (c) uni-
directional hydraulic transport with molecular diffusion and
adsorption (profiles of relative concentration of reactive con-
taminant within fracture shown at time ¢, ).
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because part of the contaminant mass is transferred to the matrix. The lgenr::al
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Figure 9.16 Schematic representation of contaminant migration from a sur-

face source through fractured porous limestone.
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a strong influence on contaminant behavior in many

ly fractured (Section

1975). In the Plains Region of North America,
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4.4). Grisak et al. (1976) indicate that although the fractures are generally a major
avenue of groundwater flow, the chemical evolution of groundwater is controlled
by diffusion of dissolved reaction products from the clayey matrix into the fracture
network.

9.3 Hydrochemical Behavior of Contaminants

In this section, the hydrochemical behavior of groundwater contaminants will be
discussed. It is not feasible for all the hydrochemical processes that affect contami-
nants in groundwater to be considered in this text. Our purpose is to illustrate some
of the most important processes that control the behavior of several groups of
contaminants with different hydrochemical properties. The origin and causes of
groundwater contamination are discussed in Section 9.4.

Nitrogen

The most common contaminant identified in groundwater is dissolved nitrogen in
the form of nitrate (NO3). This contaminant is becoming increasingly widespread
because of agricultural activities and disposal of sewage on or beneath the land
surface, Its presence in undesirable concentrations is threatening large aquifer
systems in many parts of the world. Although NO3 is the main form in which nitro-
gen occurs in groundwater, dissolved nitrogen also occurs in the form of ammo-
nium (NHj), ammonia (NH,), nitrite (NO3), nitrogen (N,), nitrous oxide (N,0),
and organic nitrogen. Organic nitrogen is nitrogen that is incorporated in organic
substances.

Nitrate in groundwater generally originates from nitrate sources on the land
surface, in the soil zone, or in shallow subsoil zones where nitrogen-rich wastes
are buried (Figure 9.17). In some situations NOj7 that enters the groundwater
system originates as NOj7 in wastes or fertilizers applied to the land surface. These
are designated as direct nitrate sources in Figure 9.18. In other cases, NOj3 origi-
nates by conversion of organic nitrogen or NH3, which occur naturally or are
introduced to the soil zone by man’s activities. The processes of conversion of
organic nitrogen to NHj is known as ammonification. Through the process of
nitrification, NHj is converted to NOj3 by oxidation. Ammonification and nitri-
fication are processes that normally occur above the water table, generally in the
soil zone, where organic matter and oxygen are abundant. Thus, in Figure 9.18
these processes are represented as NOj producers outside the boundaries of the
groundwater flow system.

Concentrations of NOj in the range commonly reported for groundwater
are not limited by solubility constraints. Because of this and because of its anionic
form, NOj is very mobile in groundwater. In groundwater that is strongly oxi-
dizing, NOj is the stable form of dissolved nitrogen. It moves with the groundwater
with no transformation and little or no retardation. Very shallow groundwater
in highly permeable sediment or fractured rock commonly contains considerable
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Figure 9.17 Sources and pathways of nitrogen in the subsurface environ-
ment.

dissolved O,. It is in these hydrogeologic environments where NO; commonly '
i rge distances from input areas. i
mlgr?\tcdsel;iﬁe in the redox potential of the groundwater can, in some 51tuatfon_s.-:
cause denitrification, a process in which NOj i1s reduced to N,O or N, (Flgu.r_e_.-
9.17). This process is represented chemically in T_able 3.!1._ In an ideal system,
which can be described by reversible thermodynamics, dennr!ﬁcatlon would occu;
at a redox potential of about 4.2 as pE (or 4-250 mv as Eh) in water at pH 7 and

415 Groundwater Contamination | Ch, 9

Off gassing if water flows
fo unsaturated zone

LI Dissolved g’u s’e",;"////// L

NoO —————== N»

Denitrification
Direct NO3 sources NGZ 4 N:!r;'g-fhan 4%
above water table K | 3 vy 2 4
f“-—._.J'\-._.._.-v—\
Ammonification

: Organic N —NH}
\ +
NHz (Adsorption)

Groundwater system

Figure 9.18 Nitrogen inputs and transformations in the groundwater system,

25°C. At this redox potential, the water would be devoid of dissolved O, (i.c.,
below the detection limit). The NOj is reduced to N,O and then, if the redox
potential declines further, the N,O is reduced to N,. These reaction products
exist as dissolved species in the groundwater. If the water moves into the unsatu-
rated zone, a portion of the N,O or N, may be lost by off-gassing to the soil air
(Figure 9.18).

Figure 9.18 indicates that in addition to the denitrification pathway for the
reduction of NO,, there is a pathway that leads to NHj. For biochemical reasons
only a small fraction of the NO3 that undergoes reduction follows this reduction
path. If NH{ is produced in groundwater by this process, most of it would even-
tually be adsorbed on clay or silt-sized particles in the geologic materials.

From a water-quality viewpoint, denitrification in groundwater is a desirable
process. Increased concentrations of dissolved N, and N,O are not detrimental
to drinking water. In contrast, NO; at concentrations above 45 mg/¢ renders
water unfit for consumption by human infants. If water has more than 450 mg/¢
of NOg3, it is unsuitable for consumption by livestock.

Denitrification is a process that has been observed in numerous investigations
of soil systems in the laboratory and in the field. Given a source of organic matter
and abundant NOj, bacterial systems in soil are capable of denitrifying large
amounts of NO3. Denitrification in the groundwater zone, however, is a process
about which little is known. It appears that a lack of suitable types or amounts of
organic matter in the groundwater zone commonly inhibit the growth of deni-
trifying bacteria in groundwater. This limits the rate of denitrification, even if the
redox system has evolved toward reducing conditions. However, since groundwater
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commonly flows at low velocity, a slow rate of denitrification may nevertheless
be significant with respect to the nitrate budget of the subsurface environment.
For discussions of field situations in which evidence indicating denitrification in
aquifers is presented, the reader is referred to Edmunds (1973) and Gillham and

Cherry (1978).

Trace Metals

In recent years the mobility of trace metals in groundwater has received consider-
able attention. Of special interest are the trace metals for which maximum per-
missible or recommended limits have been set in drinking water standards. These
include Ag, Cd, Cr, Cu, Hg, Fe, Mn, and Zn (sce Table 9.1). During the next
decade this list may grow as more is learned about the role of trace metals in human
health and ecology. Although these elements rarely occur in groundwater at con-
centrations large enough to comprise a significant percentage of the total dissolved
solids, their concentrations can, depending on the source and hydrochemical
environment, be above the limits specified in drinking water standards. Most of the
elements listed above are in an elemental group referred to by chemists as the
transition elements. Many of these elements are also known as heavy metals.

Trace metals in natural or contaminated groundwaters, with the exception
of iron, almost invariably occur at concentrations well below 1 mg/{. Concentra-
tions are low because of constraints imposed by solubility of minerals or amorphous
substances and adsorption on clay minerals or on hydrous oxides of iron and
manganese or organic matter. Isomorphous substitution or coprecipitation with
minerals or amorphous solids can also be important.

A characteristic feature of most trace metals in water is their tendency to form
hydrolyzed species and to form complexed species by combining with inorganic
anions such as HCO3, CO,*", 80,*-, CI~, F-, and NO3. In groundwater environ-
ments contaminated with dissolved organic compounds, organic complexes may
also be important. Expressed in terms of the products of hydrolysis, the total con-
centration of a trace metal M that in the unhydrolyzed form exists as M"* is

-

M, = (M"*) 4 (MOH" *) ++ (M(OH),""#%) + ...

If the total concentration, My, is known, the concentrations of the other species.

can be computed using mass-action equations with equilibrium constants derived
from thermodynamic data (Leckie and James, 1974). Using Zinc as an exam'ple,_f_'-
the hydrolyzed species and inorganic complexes that would form would include: 3
ZnOH*, Zn(OH)3, Zn(OH),*", ZnCl", ZnSOg, and ZnCOj. The occurrence and
mobility of zinc in groundwater requires consideration of these and other dissolved-'f
species. Chemical analyses of zinc in groundwater provide direct information only.
on the total zinc content of water. The percent of the total concentration existing
as hydrolyzed species increases with increasing pH of the water. Complexes Of;
zine with CI-, SO,%-, and HCOj increase with increasing concentrations of these
anions in solution. In Section 3.3, it was shown that dissolved species in ground-
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water resulting from the formation of complexes with major ions can be computed
from analyses of total concentrations of major constituents. In much the psam
manner, the concentration of trace-metal complexes can be computed using COI':
::::ct:a:;:tlaldsa:: from ilaboratory analyses. Capability to predict the mobility of
' : groun water_ can depend on the capability for prediction of the
oncentrations of the most important complexes formed by the element in the
water. Although information on the free and complexed forms are often required
f9r an understanding of the mobility of trace metals, the concentration 3 1
listed in water quality standards are total concentratio'ns. .
Nearly all the trace metals of interest in groundwater problems are influenced
by redox conditions, as a result either of changes in the oxidation state of the trace
metal or of non'met_al!ic elFments with which it forms complexes. The redox environ-
.mentlfnay also 1f1d1rectly :nﬂuence.trace-metal concentrations as a result of changes
in solid p}!ases in the porous medium that cause adsorption of the trace metal. In
the f&_)l_lowmg discussion, mercury is used for illustration of the influence of rec.lox
cm}ditmns. and complexing. Diagrams of pE-pH for Hg, in water that contains
CI~ and dissolved sulfur species, are shown in Figure 9.19. Figure 9.19(a) indicates

20 T T T T T 20 T T T T
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15 of groundwater | 15 {'0 cl
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w | |
a 3 | I -
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Figure 9.19 Stability fields of solid phases and aqueous species of mercury
as a function of pH and pE at 1 bar total pressure. (a) Solid
ths calculated for conditions of 10~3 molal Ci- and SO, 2-
in solution; (b) aqueous species calculated for condition; of
1073 molal SO,2~ and 10-3 and 10~! molal CI-. Fine dashed
line indicates expanded boundary of HgCl$(aq) field at higher
CI~ concentration (after Leckie and James, 1974).
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the main solid compounds of mercury that occur in the various pH-pE stability
fields and the field in which liquid mercury occurs. The dominant aqueous Hg
species in equilibrium with these solid phases containing appreciable concentra-
tions of SO,>~ and Cl~ are shown in Figure 9.19(b). In high-C1~ water, HgCl; is the
dominant dissolved species of Hg in the normal pH range of groundwater under
oxidizing conditions. At low CI~ concentrations, HgO is the equilibrium solid
phase and Hg(OH); is the dominant dissolved species at high redox potential.
The main equilibrium reaction in this pH-pE environment is

HgO + H,0 = Hg(OH); (9.19)

At 25°C, log K for this reaction is —3.7. The equilibrium Hg(OH); concentration
from this reaction is therefore 47 mg/£. This concentration is 4 orders of magnitude
above the maximum permissible level for drinking water. In most of the pH-pE
domain below the HgO(s) stability field, solubility constraints produce equilibrium
concentrations of total dissolved mercury considerably below this level. In much
of the redox domain, the equilibrium concentrations are below the maximum levels
permitted in drinking water.

Some of the other trace metals also have large equilibrium concentrations in
waters with high redox potential. In anaerobic groundwaters, the relative insolu-
bility of sulfide minerals can limit trace metals to extremely low concentrations,
In nonacidic groundwaters with high concentrations of dissolved inorganic carbon,
solubility of carbonate materials will, if equilibrium is achieved, maintain concen-

trations of metals such as cadmium, lead, and iron at very low levels. This is the

case provided that excessive amounts of inorganic or organic complexing substances
are not present in the water.

In addition to the constraints exerted by solubilities of solid substances and
the effects thereon caused by the formation of dissolved complexes, the occurrence
and mobility of trace metals in groundwater environments can be strongly influ-
enced by adsorption processes. In some groundwaters, many of the trace
metals are maintained by adsorption at concentrations far below those that would
exist as a result only of solubility constraints. Trace-metal adsorption in subsurface
systems occurs because of the presence of clay minerals, organic matter, and the
other crystalline and amorphous substances that make up the porous media. In
some geologic materials trace-metal adsorption is controlled by crystalline or
amorphous substances that are present in only small quantities. For example,
Jenne (1968) indicates that hydrous oxides of Fe and Mn furnish the principal
control on the fixation of Co, Ni, Cu, and Zn in soils and freshwater sediments.
In oxidizing environments, these oxides occur as coatings on grains and can
enhance the adsorptive capability of the medium far out of proportion to their.
percent occurrence relative to the other solids. The hydrous oxide coatings can act
as scavengers with respect to trace metals and other toxic constituents.

Hydrous iron and manganese oxide precipitates are usually denoted as

Fe(OH),(s) and MnO,(s). FeOOH(s) is sometimes used to designate the iron oxide
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precipitates. The oxides of iron and manganese may be X-ray amorphous (le
noncrystalline) or crystalline. In crystalline form hydrous iron oxide is known' a;
tht? mineral goethite, or if the composition is Fe,0;, as hematite. Hydrous iron
oxide precipitates are generally mixtures of different phases. Crystalline forms such
as goethite and hematite form as a result of long-term aging of amorphous precipi-
tates (Langmuir and Whittemore, 1971).

A pH-Eh diagram for iron in water that contains dissolved inorganic carbon
and dissolved sulfur species is shown in Figure 9.20. Within the pH range typical
of groundwater, Fe(OH),(s) is thermodynamically stable at moderate to high pE
values. In groundwaters with appreciable dissolved inorganic carbon and sulfur
FeCQ;(s) (siderite) and FeS,(pyrite or marcasite) are stable at lower pE valucs.,
In Figure 9.20 the boundaries of the Fe(OH),(s) field have considerable uncertainty
becal.lse of uncertainty in free-energy data for Fe(OH),(s). Nevertheless, the pH-
pE diagram serves to illustrate that the existence of Fe(OH),(s) is dependent on
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Figure 9.20 Stability fields for main solid phases and aqueous species of iron
in water as a function of pH and p£, 25°C and 1 bar. Dashed lines
represent solubility of iron. Stability fields and iron solubility
calculated for conditions of total dissolved sulfur = 104 mol/{
and bicarbonate = 10~2 mol/¢ (after Hem, 1967).
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the redox conditions. From this it follows that the trace-metal adsorption capability
of a groundwater system may vary greatly from one zone to another. If" plan’s
activities disturb the pH-pE regime, a zone that initially has a strong capability for
trace-metal adsorption may lose this capability, or the reverse situation may occur.

In summary, it can be concluded that the environmental chemistfy of trace
metals is complex. It is difficult to predict their transport behavior wilhm.gr'our.ld-
water flow systems. In many subsurface environments adsorption and precipitation
reactions cause fronts of these elements to move very slowly relative to the velocity
of the groundwater. It is not surprising, therefore, that relatively few instances of
trace-metal pollution of groundwater have been reported (Kaufman, 1974). In
situations where trace-metal contamination does occur, however, the consequences
can be serious.

More comprehensive reviews of trace-metal behavior in aqueous systems are
provided by Leckie and James (1974) and Leckie and Nelson (1977). The occurrence
and controls of trace metals in natural and contaminated groundwaters have been

reviewed by Matthess (1974).

Trace Nonmetals
Of the many nonmetals listed in the periodic table of the elements, only a few have
received much attention in groundwater investigations. These include carbon,
chlorine, sulfur, nitrogen, fluorine, arsenic, selenium, phosphorus, and boron.
Dissolved forms of carbon (HCO3, CO,*-, CO,, H,CO,), of chlorine (CI7), z}nd of
sulfur (SO,*-, HS™, H,S) occur in abundance in most natural and conl’ammate‘d'
groundwaters. The geochemical origin and behavior of these cons}ltuents is
described in Chapters 3 and 7 and need not be pursued here. Nitrogen in ground-

water was discussed previously in this chapter. Our purpose here is to briefly

review the hydrochemical behavior of the other important noumetallic,‘ inorganic
constituents that occur as contaminants or as toxic natural constituents in grm'md-
water. The following constituents will be considered: arsenic, fluoride, selenium,
boron, and phosphate. These constituents are rarely present in natural or con-
taminated waters at concentrations above 1 mg/¢. Limits for the first four constit-
uents on this list are included in the drinking water standards (Table 9.1). .
Arsenic and its compounds have been widely used in pigments, as insecticides
and herbicides, as an alloy in metals, and as chemical warfare agents (Ferg!.lsqn-
and Gavis, 1972). Synthetic organic compounds have now replaced arsenic in
most of these uses, but because of past usage and contributions from ore processing
wastes and from natural sources, arsenic is still an element of interest in terms of
environmental quality. Based on a review of arsenic data from water supply and

surface water environments, Ferguson and Gavis (1972) concluded that arsenic

concentrations in natural waters often approach or exceed the limits specified in
drinking water standards.

The geochemistry of arsenic has been described by Onishi and Sandell (1955)-
Ferguson and Gavis (1972) have reviewed the arsenic cycle in natural waters.
Arsenic occurs in four oxidation states, +V, +1II, 0, and —IIL The —III state
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is stable only at extremely low pE values. In the pH range typical of groundwater,
the stable solid arsenic forms are As,O,(s) and As,0,(s). These solids are soluble
enough for dissolved arsenic species to exist at concentrations well above the per-
missible concentration in drinking water. Under oxidizing conditions, the following
species of dissolved arsenic are stable: H,AsOg, H,AsO;, HAsO,?", and AsO,*-.
Under mildly reducing conditions, H;AsOj3, H,AsO3, and HAsO,?*- are predomi-
nant. At low pE values in waters with moderate or large concentrations of dissolved
sulfur species, the sulfides As,S; and AsS are stable. Under these conditions, total
dissolved arsenic is limited by solubility constraints to concentrations far below the
limit for drinking water. At higher pE conditions, however, dissolved arsenic
species can occur at equilibrium concentrations that are much above the permissible
limit for drinking water. The fact that the dominant dissolved species are either
uncharged or negatively charged suggests that adsorption and ion exchange will
cause little retardation as these species are transported along groundwater flow
paths.

Of the various nonmetals for which maximum permissible limits are set in
drinking water standards, two of these, fluoride and selenium, are of interest
primarily because of contributions from natural sources rather than from man-
derived sources. Although within the strict usage of the term, these constituents
derived from natural sources are not contaminants even if they do occur at toxic
levels, their occurrence will be discussed in this section.

Selenium is a nonmetallic element that has some geochemical properties similar
to sulfur. Selenium can exist in the +VI, +1V, and —1I oxidation states, and
occurs in appreciable concentrations in such rocks as shale, in coal, in uranium
ores, and in some soils (Lewis, 1976). The aqueous solubilities of selenium salts
are in general greater than those of sulfate salts. In dissolved form in groundwater,
selenium is present primarily as SeO,* and SeQ,*~ ions. Experimental studies by
Moran (1976) indicate that selenium concentrations in groundwater can be con-
trolled by adsorption on coatings or colloidal particles of hydrous iron oxide. In
many groundwater systems, however, there is so little selenium present in the
rocks or soils that availability is the main limiting factor. There are, however,
exceptions to this generalization. For example, Moran (1976) has described an
area in Colorado in which waters from many wells have selenium concentrations
that exceed the permissible limits for drinking water.

Fluoride, because of the beneficial effects on dental health that have been
claimed for it and consequently because of its use as a municipal water-supply
additive in many cities, is a constituent that has received much attention in recent
decades. Fluoride is a natural constituent of groundwater in concentrations varying
from less than 0.1 mg/¢ to values as high as 10-20 mg/¢. Maximum permissible
limits specified for drinking water range from 1.2 to 2.4 mg/¢ (Table 9.1), depending
on the temperature of the region. Concentrations recommended for optimum
dental health are close to 1 mg/¢, but also vary slightly depending on the tempera-
ture of the region. Natural concentrations of F~ in groundwater depend on the
availability of F- in the rocks or minerals encountered by the water as it moves
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along its flow paths and on solubility constraints imposed by fluorite (CaF,) or
fluorapatite, Ca,(PO,),-CaF,. Equilibrium dissolution-precipitation relations for
these minerals in water are

Kflourile = [CaZ‘l'HF-]z 108 KIS’C = _9-8 (920)

Kirourapatite = [Ca***[F)[PO] log Ky5c = —80 9.21)
Because of the lack of PO,*~ in most groundwater environments, CaF, is probably
the mineral phase that exerts the solubility constraint in situations where F~ is.
available from the host rock. However, as can be determined by substituting
values in Eq. (9.20), Ca** concentrations of many hundreds of milligrams per liter
are required for this solubility constraint to limit F- concentrations to levels
below drinking water standards. The fact that nearly all groundwaters are under-
saturated with respect to fluorite and fluorapatite suggests that the F~ content of
groundwater is generally limited by the availability of F~ in the rocks and sedi-
ments through which the groundwater moves rather than by the solubility of these
minerals. Groundwater with F~ contents that exceed drinking water standards is
common in the Great Plains region of North America and in parts of the south-
western United States. This suggests that F~ is more readily available from the
rocks of these regions than in most other areas of North America.
Although phosphorus is not a harmful constituent in drinking water, its
presence in groundwater can be of considerable environmental significance. Phos-
phorus additions to surface-water bodies in even small amounts can, in some
circumstances, produce accelerated growth of algae and aquatic vegetation,
thereby causing eutrophication of the aquatic system. Because of this, phosphorus
is regarded as a pollutant when it migrates into ponds, lakes, reservoirs, and
streams. The occurrence and mobility of phosphorus in groundwater is important
in situations where there is a potential for groundwater to feed phosphorus into
surface-water environments. Through the widespread use of fertilizers and dis-
posal of sewage on land, the potential for phosphorus influx to surface-water
systems as a result of transport through the groundwater zone is increasing.
Dissolved inorganic phosphorus in water occurs primarily as H;PO,, H,PO;,
HPO,?*", and PO,*~. Since H,PO, is a polyprotic acid [see discussion in Section 3.3
and Figure 3.5(b)], the relative occurrence of each of these forms of dissolved I
phosphorus is pH-dependent. In the normal pH range of groundwater, H,POy
and HPO,?" are the dominant species. Because these species are negatively charged,
the mobility of dissolved phosphorus in groundwater below the organic-rich
horizons of the soil zone is not strongly limited by adsorption. The dominant =
control on phosphorus in the groundwater zone is the solubility of slightly soluble:
phosphate minerals.
Solubility control is usually attributed to one or more of the following miner-
als: hydroxylapatite, Cas(OH)(PO,),; strengite, FePO,-2H,0; and varisite,
AIPO, -2H,0. From the law of mass action, equilibrium expressions for precipita-
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tion-dissolution reactions of these minerals in water can be expressed as

K, = [Ca*’P[OH"][PO* ]  log K, = —58.5 (9.22)
K, = [Fe**][H,PO;)OH]*  log K, — —34.9 (9.23)
K, = [AP*][H,PO;][OH)  log K, = —30.5 (9.24)

where I?“i K, and K, are the equilibrium constants for hydroxylapatite strengite
and varisite, respectively. The log K values are for 25°C and 1 bar. Thes; solubilit ,
rela_t:_on's indicate that the concentrations of Ca?*, Fe’*, and Al** can control lhﬁ
ethb{mm concentration of dissolved phosphorus in solution. Equilibrium con-
centrations of total dissolved phosphorus computed from the solubility relations
above are shown in Figure 9.21. Since the solubilities of hydroxylapatite, strengite,
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Total dissolved phosphorous {molal)
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Figure 9.21 Total phosphate solubility as a function of pH. Dissolved phos-
phate in equilibrium with (a) variscite; (b) strengite; (c) and
(d) hydroxylapatite at two calcium activities.

and varisite depend on the concentrations of Ca**, Fe’*, and AI**, respectivel
each s_ac_alubility line is valid only for a specified concentration of th::se izns Twyc;
solu!:ul:ty lines for hydroxylapatite (lines ¢ and d) are shown in order to in.;s(rate
the nfj?uen‘ce of Ca** on the equilibrium phosphate concentration. The varisite
solubility line (line a) is based on the assumption that the AI** concentration is
gc-_verned by the solubility of gibbsite, AI(OH)(s). For strengite solubility (line b)
1t is assumed that Fe(OH),(s) limits the Fe** concentration.

From Figure 9.21 it is apparent that equilibrium concentrations of total dis-
solved phosphate are large in waters that have low Ca?* concentrations and pH
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values near or below 7. In anerobic groundwater, Fe?* rather than Fe®* is the
dominant form of dissolved iron. In this situation strengite solubility is not a
limiting factor in phosphate occurrence. Groundwaters with' Fhese charac.teristics,
namely, low Ca?* concentrations and reducing redox cond:tlons,‘ occur in many
regions that are underlain by crystalline igneous rocks or by depom'ts r:ierwed from
these rocks. In regions such as the Precambrian Shield region of Mlchlgap, Minne-
sota, and parts of Canada, migration of dissolved phosphorus from septic systems
through shallow groundwater regimes into clear-water lakes poses a significant
water-quality problem. Small increases in phosphorus influx to many of 1'hese lakes
can cause extensive growth of algae and undesirable aquatic vegetation. Pho-
sphorus mobility in groundwater can be a significant factor in the environmental
impact of cottage and recreational developments near lakes.

For a more extensive review of the hydrochemical controls on phosphorus
in aqueous systems and soils, the reader is referred to Stumm and Morgan (1970)
and Beek and De Haan (1974).

Organic Substances

In Chapter 3, it was indicated that all groundwater normally contains sm.alI
amounts of dissolved organic substances of natural origin. These substances, Whl.ch
are referred to as humic and fulvic acids, are of little concern from a water quality
viewpoint., Organic substances produced by man, however, are of great concern,
The number of identified man-made organic compounds now totals near 2 rmlli_on
and is growing at a rate of about 250,000 new formulations annually, of which
300-500 reach commercial production (Giger and Roberts, 1977). : .

Increasing numbers of these substances are relatively resista}nt to biological
degradation. Many resist removal in sewage treatment plan_ts. It is gsnmated that
up to one-third of the total production of today’s synthetlc' organic compounds
eventually enters the biosphere (Iliff, 1973). More than 1200 1nd1deual man-made
organic substances have been identified in drinking water supphf:s (Shackelf‘or'd
and Keith, 1976). This number is increasing rapidly as investigations of organic
compounds in water supplies are intensified.

The question that should be addressed here is: To what extent and under “fha;
circumstances are organic compounds causing degradation of gFoundwater quality?
Unfortunately, this question cannot be answered at present. Sl}lc_e there hav.e been
so few investigations of organic compounds in groundwater, it is not .posmblfz at
the present time to draw any general conclusions. Qur purpose l?ere is tq bn?ﬂy
review some of the factors that are expected to play a major role in the migration
of organic compounds into groundwater systems.

Organic chemicals make their way to the land surface as a result of the use of

pesticides, the use of land for sewage disposal, the use of sapitary lfmdﬁlls or refuse
dumps for disposal of organic compounds, burial of containers with organic f:om.-
pounds at special burial sites, leakage from liquid waste storage ponds, and acc;dgr;}
tal spills along highways or other transportation routes. There are hundreds ©
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thousands of locations in North America and Europe in which organic compounds
may be a threat to groundwater quality.

Fortunately, there are several mechanisms that tend to prevent or retard the
migration of most organic substances from the land surface or soil zone into deeper
parts of the subsurface environment. These mechanisms include chemical precip-
itation, chemical degradation, volatilization, biological degradation, biological
uptake, and adsorption.

Many organic substances have extremely low solubility in water. This generally
limits the possibility for appreciable migration of large quantities in groundwater.
However, because many of these substances are toxic at very low concentrations,
solubility constraints are often not capable of totally preventing migration at
significant concentration levels. For example, comparison of the solubilities and
maximum permissible concentrations in drinking water of some of the common
pesticides (Table 9.3) indicates that the solubilities generally exceed the permissible
concentrations of these pesticides. A more comprehensive description of pesticide
compositions and solubilities is presented by Oregon State University (1974).

Table 9.3 Comparison of Maximum Permissible
Concentration Limits in Drinking Water
and the Solubilities of Six Pesticides

Maximum permissible Solubility
concentration in water
Compound (mg/¢) (mg/£)
Endrine 0.0002 0.2
Lindane 0.004 7
Methoxychlor 0.1 0.1
Toxaphene 0.005 3
2,4-D 0.1 620
2,4,5-TP silvex 0.01 —

NoTE: Solubilities from Oregon State University, 1974.

Many organic substances are lost from the soil zone as a result of volatilization
(i.e., conversion to the vapor state). When the substances transform from the solid
phase or from the dissolved phase to the vapor phase, they are lost by diffusion to
the atmosphere. This process can greatly reduce the concentrations available for
transport in subsurface water. For volatilization to occur, however, a gas phase
must be present. Therefore, this process cannot be effective if the compounds
migrate below the water table, where species occur only in dissolved form.

Nearly all pesticides and many other organic substances that make their way
to the land surface and hence into the soil zone undergo biochemical degradation.
The soil zone contains a multitude of bacteria that can convert and consume count-
less numbers of organic compounds. If it were not for these organisms, the
biosphere would long ago have become intolerably polluted with organic com-
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pounds. In terms of environmental contamination, the major concern is i_'ocu.v.aid
on those organic substances that are not readily degraded by bacteria, either in
the soil zone or in sewage treatment facilities. These substances are known as
refractory compounds. Their presence in the surface environment is becoming
increasingly pervasive. .

The organic substances that pose the greatest threat to the quality of ground-
water resources are those that are relatively soluble, nonvolatile, and refractory.
The main mechanism that prevents most of these compounds from readily migrat-
ing from the land surface into aquifer systems is adsorption. l\/!inerals and amor-
phous inorganic and organic substances in the soil zone and in deeper geologic
materials all provide surfaces for adsorption of organic compounds. Unfortun.ate_ly,
adsorption isotherms are available for only a small percentage of the existing
organic chemicals that are entering the biosphere. These isotherms relate to only
a small number of permeable geological materials under a limited range of hydro-
chemical conditions. Because of this paucity of adsorption data, it is not possible
to draw general conclusions on the potential magnitude of the hazard to ground'-
water resources posed by increasing use and dependence on organic chemicals,

For readers interested in obtaining more information on the occurrence,
classification, and movement of organic substances in groundwater and surface
waters, the following introduction to the literature may be useful. Giger and
Roberts (1977) describe the problems associated with characterizing refractor_y
organic compounds in contaminated waters. A classification scheme for organic
compounds in water is presented by Leenheer and Huffman (19'?7). The cher:m‘cal,
ecological, and adsorptive properties of a wide variety of insecticides and herbicides
are described by the Oregon State University (1974). Malcolm and Leenheer (19-73)
indicate the usefulness of dissolved organic carbon measurement as a contamina-
tion indicator in groundwater and surface-water investigations. Based on an exten-
sive literature review, Shackelford and Keith (1976) summarized the reported
occurrences of organic compounds in groundwater and other waters uscfd for
drinking water supplies. The behavior of petroleum substances such as oil and
gasoline in water is described by McKee (1956). Adsorption isotherms 'for several
organic compounds in selected soils are described by Kay and Elrick (1967),
Hamaker and Thompson (1972), Davidson et al. (1976), and Hague et al. (1974).

Velocity Determination

There are three groups of methods for determination of the velocity of groun(%-_-_
water. The first group includes all techniques that are directly dependent on use
of the Darcy equation. The second group involyes the use of artiﬁcial tracers.
The third group consists of groundwater age-dating methods using_enfnonmen'lal:- K
isotopes such as tritium and carbon 14. Darcy-based techniques require 1nforrt}atlon.- .
on the hydraulic conductivity, hydraulic gradient, and porosity in the portion of
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the flow field in which velocity estimates are desired. From these data the average
linear velocity # can be computed using Eq. (2.82). Methods by which field values
of hydraulic conductivity, hydraulic gradient, and porosity are determined are
described in Chapters 2, 6, and 8. They need not be pursued here, other than to
note that velocity estimates based on use of these parameters in Darcy-based
equations have large inherent uncertainties that generally cannot be avoided.
In field situations hydraulic conductivity determinations often have large uncer-
tainties. Errors in hydraulic conductivity measurements combined with the errors
associated with determination of the gradient and porosity result in considerable
error being associated with the computed velocity. In some situations better accu-
racy can normally be achieved by use of artificial groundwater tracers, although
this may involve greater expense.

The most direct method for groundwater velocity determination consists
of introducing a tracer at one point in the flow field and observing its arrival at
other points. After making adjustments for the effect of dispersion, the ground-
water velocity can be computed from the travel time and distance data, The litera-
ture is replete with descriptions of experiments of this type. Many types of
nonradioactive and radioactive tracers have been used, ranging from such simple
tracers as salt (NaCl or CaCl,), which can be conveniently monitored by measure-
ments of electrical conductance, to radioisotopes such as *H, '*'I, 2Br, and
*!Cr-EDTA (an organic complex with 3!Cr), which can be accurately monitored
using radioactivity detectors. Radioisotopes have the disadvantage of government
licensing requirements for their use and of being hazardous when used by careless
workers. Fluorescent dyes (fluoroscein and rhodamine compounds) have been
used by many investigators. In field tests, visual detection of the dye can sometimes
yield adequate results. Dye concentrations can be measured quantitatively to very
low concentrations when necessary. Recent work suggests that Freon (Cl,CF) may
be one of the best of the artificial tracers for use in groundwater velocity tests
(Thompson et al., 1974). It is nonreactive with geologic materials and can be used
in extremely small concentrations that are nonhazardous in public waters. For
reviews of tracer techniques in groundwater investigations, the reader is referred
to Knutson (1966), Brown et al. (1972), and Gaspar and Oncescu (1972).

The direct tracer method of groundwater velocity determination described
above has four main disadvantages: (1) because groundwater velocities are rarely
large under natural conditions, undesirably long periods of time are normally
required for tracers to move significant distances through the flow system; (2)
because geological materials are typically quite heterogeneous, numerous observa-
tion points (piezometers, wells, or other sampling devices) are usually required to
adequately monitor the passage of the tracer through the portion of the flow field
under investigation; (3) because of (1), only a small and possibly nonrepresentative
sample of the flow field is tested; and (4) because of (2), the flow field may be
significantly distorted by the measuring devices. As a result of these four factors,
tracer experiments of this type commonly require considerable effort over extended
periods of time and are rarely performed.




428 Groundwater Contamination | Ch. 9

A tracer technique that avoids these disadvantages was developed in the .US:SR
in the late 1940’s. This technique, which has become k'nown as the borehole dl'lutfon
or point-dilution method, is now used extensively in Eu.rope.. Borehole d;h}tmn
tests can be performed in relatively short periods. of time in a sin g.ic well or piezo-
meter. The test provides an estimate of the horizontal average l!near VElOCltyl of
the groundwater in the formation near the well screen. A schema.tlc representation
of a borehole dilution test is shown in Figure 9.22(a). The test'ls performed in a
segment of a well screen that is isolated by packers from over:lymg- and }mde;lymg
portions of the well. Into this isolated well segment a tracer is quickly introduced
and is then subjected to continual mixing as lateral groundwater flow gradually
removes the tracer from the well bore. The combined effect of 'gro-undwatcr
through-flow and mixing within the isolated well segment prod_uces a dilution versus
time relation as illustrated in Figure 9.22(b). From this relation the average hori-
zontal velocity of groundwater in the formation beyond the sand or gravel pack
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Figure 9.22 Borehole dilution test. (a) Schematic diagram of apparatus;
(b) dilution of tracer with time.
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but close to the well screen is computed. The theory on which the computational
methods are based is described below.

Although adjustments in field technique and analytical methods can be made
to take into account the effects of flow with a significant vertical component, the
borehole dilution method is best suited for velocity determination in steady-state
lateral flow regimes. We will proceed on this basis and with the additional stipula-
tion that complete mixing of the tracer in the well-screen segment is maintained
with no significant disturbance of the flow conditions in the formation.

The effect of the well bore and sand pack in a lateral flow regime is shown in
Figure 9.23. The average linear velocity of the groundwater in the formation
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Figure 9.23 Distortion of flow pattern caused by the presence of the well
screen and sand or gravel pack.

beyond the zone of disturbance is 4. The average bulk velocity across the center
of the well bore is denoted by #*. It will be assumed that the tracer is nonreactive
and that it is introduced instantaneously at concentration C, into the isolated
segment of the well screen. The vertical cross-sectional area through the center of
the isolated segment is denoted as 4. The volume of this well segment is W, At
time ¢ > 0, the concentration C in the well decreases at a rate

- -. -
fi_f - _:"_EW,_C (9.25)

which, upon rearrangement, yields

dC _ A-v*-dt
e e (9.26)

Integration and use of the initial condition, C = C, at t = 0, leads to

g = —,4_”.,7 In (‘c%) 9.27)
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Thus, from concentration versus time data obtained during borehole _dilulion
tests, values of #* can be computed. The objective of the test, however, is to obtain
estimates of 9. This is accomplished using the relation

=
[l
23|t2|
*

K

(9.28)

where n is the porosity and « is an adjustment factor that depends on the geometry
of the well screen, and on the radius and hydraulic conductivity of the sand or
gravel pack around the screen. The usual range of a for tests in sand or gravel
aquifers is from 0.5 to 4 (Drost et al., 1968),

Borehole dilution tests performed at various intervals within a well screen
can be used to identify zones of highest groundwater velocity. These zones are
often of primary interest because contaminants can move through them at veloci-
ties much higher than in other parts of the system. Identification of the high-
velocity zones, which may occur in only a thin segment of an aquifer system, can
provide for efficient design of monitoring networks for groundwater quality.

The borehole dilution method is described in detail by Halevy et al. (1967)
and Drost et al. (1968). In most borehole dilution tests described in the literature,
radioactive tracers were used. The recent advent of commercially available elec-
trodes for use with portable pH meters for rapid down-hole measurement of C|~
or F~ has made it feasible to conduct borehole-dilution tests with these readily
available tracers in a more convenient manner than was previously the case. An
example is described by Grisak et al. (1977). An even simpler approach involves
the use of salt as the tracer with down-hole measurement of electrical conductance
as the salt is flushed from the well screen. Borehole dilution tests, like many other
types of field tests used in groundwater studies, can be accomplished using simple,
inexpensive equipment or more elaborate instrumentation. The choice of method
depends on factors such as the hydrogeologic setting, availability of instrumenta-
tion, and the experimental precision and reproducibility that is desired.

Dispersivity

From a measurement point of view, the most elusive of the solute transport param-
eters is dispersivity. Longitudinal dispersivity can be measured in the laboratory
by passing a nonreactive tracer through cylindrical samples collected from bore-
holes or excavations. These experiments produce break-through curves as illus-
trated in Figure 9.1(c). The dispersivity of the sample can be computed by fitting
solutions of the advection-dispersion equation to the experimentally determined
breakthrough curve. If the breakthrough curve is obtained from a column test
with step-function tracer input, Eq. (9.5) can be used in the analyses of the curve.
The velocity is obtained by dividing the specific discharge of water through the
column by the porosity. Dispersivity is then obtained as the remaining unknown
in the equation. Dispersivity values obtained from column tests on disturbed or
undisturbed samples of unconsolidated geological materials invariably yield values
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in the range 0.01-2 cm. Based on 2500 column dispersion tests of this type, Klotz
and Moser (1974) observed that values of longitudinal dispersivity depend on grain
size and grain-size distribution and are independent of grain shape, roughness,
and angularity.

Longitudinal dispersivity values determined by column tests are generally
viewed as providing little indication of the in situ dispersivity of the geologic mate-
rials. Dispersivity has the distinction of being a parameter for which values deter-
mined on borehole-size samples are commonly regarded as having little relevance
in the analysis of problems at the field scale.

It is generally accepted that longitudinal and transverse dispersivities under
field conditions are larger than those indicated by tests on borehole samples. In
other words, tracer or contaminant spreading in the field as a result of dispersion
is greater than is indicated by laboratory measurements. This difference is normally
attributed to the effects of heterogeneities on the macroscopic flow field. Since most
heterogeneities in geological materials occur at a larger scale than can be included
in borehole samples, dispersivity values from tests on small samples can be viewed
as representing a property of the medium but at a scale of insufficient size for
general use in prediction of dispersion in the field.

Studies of contaminant migration under field conditions require dispersivity
measurements in the field. Although this premise is generally accepted, there is
little agreement on the types of field dispersivity tests or methods for test analysis
that are most appropriate. This state of affairs may be the result of the fact that
relatively few detailed field dispersivity tests have been conducted, rather than a
result of excessive difficulties of the task. It has only been in recent years that dis-
persivity at the field scale has received much attention. In comparison to the many
thousands of field hydraulic conductivity and transmissivity tests that have been
conducted in the common types of geologic materials, only a few tens of field
dispersivity tests are reported in the literature.

There are four main types of field dispersivity tests. These are (1) single-well
withdrawal-injection tests, (2) natural-gradient tracer tests, (3) two-well recir-
culating withdrawal-injection tests, and (4) two-well pulse tests. In each of these
tests a nonreactive tracer is introduced into the groundwater system. In the single-
well test, the tracer is pumped in for a set time period followed by pumping from
the well and monitoring the concentration levels. The dispersivity of the formation
near the well screen is computed from the concentration response data (Percious,
1969; Fried et al., 1974). In the natural-gradient test the tracer is introduced into
the system without much disturbance of the flow regime. Its migration is then
monitored at one or more sampling points (Fried, 1976). In the two-well recirculat-
ing test, the tracer is injected into the flow regime at one well. It is pumped out of
a second well and then recirculated through the withdrawal-injection system. The
concentration versus time response at the withdrawal well serves as a basis for
computation of the dispersivity using analytical or numerical models (Grove and
Beetem, 1971; Pickens et al., in press). In the two-well pulse test a tracer is intro-
duced into a well situated within the drawdown cone caused by pumping of a



432 Groundwater Cantamination | Ch. 9

second well. Concentration data from the pumping well are used for calculation
of a dispersivity value for the segment of the formation between the two wells
(Zuber, 1974). _

Fried (1975) presents an outline of the test methods and the mathematical
basis for analysis of data from the first three types of tests indicated above. In each
case dispersivity values are obtained by fitting an analytical or numerical model
to the experimental data. Zuber (1974) emphasizes that the dispersivity value
obtained from a given field experiment depends, sometimes to a high degree, on
the mathematical model used in the analysis, and on the scale of the experiment.
Aquifers are commonly stratified and tracers travel at different rates through the
different layers. Even though the differences in hydraulic conductivity between
layers may be almost imperceptible, the design of wells used for sampling can e:fert
a dominant influence on the dispersivity values computed from concentration
response data. Tests in which monitoring wells with large screened intervals are
used can yield large apparent dispersivities because of mixing in the well screen.
Pickens et al. (in press) describe a multilevel point-sampling device that is well
suited for use in dispersion tests in sandy aquifers. Castillo et al. (1972) show that
the dispersive nature of fractured rocks can exhibit great complexities in com-
parison with that expected of granular materials.

Chemical Partitioning

Reactive contaminants transported by groundwater are distributed between the
solution phase and other phases. Reactions between the dissolved species and the
geological materials may cause a portion of the dissolved species to be transferred
to the solids as a result of adsorption or ion exchange. Reactions primarily among
the contaminant, other dissolved constituents, and the geological materials may
cause a portion of the contaminant concentration to be incorporated into a solid
form as a result of chemical precipitation. Above the capillary fringe, where a
continuous gas phase normally exists in part of the void space, reactions may cause
some of the contaminant mass to be transferred from the solution phase to the gas
phase, such as occurs during denitrification in the unsaturated zone. In each of
these processes the contaminant is partitioned between the solution and other
phases. The ultimate fate of the contaminant in the subsurface zone can depend on
the degree of irreversibility of the reactions. Prediction of the rate and concentra-
tions at which a contaminant will be transported in groundwater requires knowl-
edge of the rates and extent to which this partitioning will occur.

In this brief discussion of this broad topic, we will focus on the partitioning
of contaminants between the liquid and solid phases. There are four main
approaches to the determination of this type of partitioning. These include (1) use
of computational models based primarily on thermodynamically derived constants
or coefficients for equilibrium systems, (2) laboratory experiments in which the
contaminant in solution is allowed to react under controlled conditions with sam-
ples of the geologic materials of interest, (3) field experiments in which the degree
of partitioning is determined during passage of contaminant solutions through
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a small segment of the groundwater system and (4) studies of existing sites at which
contamination has already occurred. :

Insight into the computational approach based on equilibrium thermodynam-
ics can be acquired from Chapters 3 and 7. If it is expected that the concentration
of the contaminant in solution is controlled by precipitation-dissolution reactions
and if the necessary thermodynamic data on the aqueous and solid components
of the system are available, the equilibrium concentration of the contaminant in
solution under specified conditions can be computed. Although the necessary
computational techniques are well developed, this method has limited application
for many types of contaminants because of uncertainties with regard to chemical
composition and the free energies of the controlling solid phases or because of
sluggish rates of the dominant reactions. In many cases the contaminant species
of interest are transported in solutions that are chemically very complex. The
presence of organic compounds can cause contaminant mobility to be enhanced
considerably beyond that predicted based on inorganic considerations alone.

In the laboratory, the degree of contaminant partitioning is determined in
column experiments and in what are known as batch experiments. In column experi-
ments (Figure 9.1), prepared solutions or natural waters to which the contaminant
is added are passed through cylindrical samples of the geologic materials of interest.
If the flow rate and input water chemistry is regulated to approximate the field
conditions and if disturbance of the sample prior to emplacement in the column
has not caused the material to acquire properties that deviate significantly from
field conditions, the degree of partitioning and retardation obtained from this type
of experiment provides an indication of what will take place in the field. Column
experiments, however, are rarely conducted with adherence to all of these require-
ments. There is considerable uncertainty, therefore, in application of the results
to field situations. Column experiments are described by Rovers and Farquhar
(1974) and Griffin et al. (1976) using sanitary landfill leachate, by Routson and
Serne (1972) using trace concentrations of radionuclides, by Kay and Elrick (1967)
and Huggenberger et al. (1972) using lindane (a pesticide), by Doner and McLaren
(1976) using urea, and by many other investigators using various chemical
constituents.

In batch experiments the contaminated solution and the geologic material
in a disaggregated state are brought into contact in a reaction vessel. After a period
of time that normally ranges from hours to days, the degree of partitioning of the
contaminant between the solution and the geologic materials is determined.
For partitioning data from these experiments to be applied with confidence in the
analysis of field situations, comparisons with results of column or field tests are
necessary. Batch tests have the advantage of being relatively quick and inexpensive
to conduct. For some contaminants, the batch test is a standard method for estab-
lishing adsorption isotherms or selectivity coefficients in ion exchange reactions.
Sample disturbance and the lack of representation of field flow conditions can
detract from the validity of the results in the analysis of field situations. Samples
used in batch tests are usually exposed to oxidizing conditions (i.e., to oxygen in
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the air) during sample preparation and durir{g the tests. Since the adsforpu;e
capabilities of oxidized materials can be much dlf_Terent than ‘rcd].tced materials, the
test results can be invalid for analysis of contaminant behavior in field systems.
The most direct but rarely the most convenient method for determ.lmrgg the
partitioning and retardation of the contaminant is to conduct field tests. Injection of
a solution of appropriate composition into a small segrpent'of the grounqwater
system followed by monitoring of its behavior can pfov;de, in favcl:rable circum-
stances, a basis for prediction of contaminant behavior e]:c,ewhcrc in the systexp.
Field tests of this type can be time-consuming and expensive. In on!er trta obtain
adequate information, numerous tests may be.rcqun'cd. In some situations the
need to obtain reliable information on contaminant behavior is great enough to
justi is effort. S
JUSU*KI::::;CI_ approach for obtaining information on tl}e partitionin g and ycta{da-
tion of contaminants during transport in groundwater is to conduct investigations
at existing sites where groundwater pollution has'a]re‘ad)f occurred. For results
of these investigations to have more than site-specific significance, not only must
the distributions of the contaminants in the water and‘ on the porous mt?.dta b.e
determined, but the factors that influence these distributions g:ust alsol be lnv&ftl-
gated. During recent years an appreciable number of det'alled studies of sites
with subsurface contamination have been reported in the l:terat_ure. Some of the
more notable examples are those by McKee et all. (1972), Childs et‘al. (19?42i
Suarez (1974), Ku et al. (1978), Goodall and Quigley (1977), and Gillham an

Cherry (1978).

9.5 Sources of Contamination

Land Disposal of Solid Wastes

In North America approximately 3 kg of refuse per capita is produceod daily. MoFe
than 20,000 landfills across the continent accommodate more than 90% .of the solid
waste that is produced by municipal and industrial activities. Acccfrdmg to Ye;}
and Scanlon (1975), a city of | million people generates refuse with an annua;l
volume equivalent to 80 ha covered 5 m deep. Although maten.als Tecovery ;u];

incineration may eventually decrease the amount of waste that 1s_dnsposed oh Yy
landfilling, landfills will continue t(c)l be d{he primary method of disposal of these

ing at least the next few decades. :

waSteTshguc;:;iggn, construction, and operational aspects pf Ian_d dispos_al of r:ffxse
are described by Mantell (1975). For purposes of this dlscus§:on this mformat;‘ortl
is not required, other than to recognize that mfu:h of 1hc.: solid waste (refuse) tha
is now disposed of on land is emplaced in enguu?ered diqusal systems known af
sanitary landfills. In sanitary landfills, solid waste is rcducec‘l in volume by com;;ac
tion and then is covered with earth. Ideally, the earth cover is placed over the re uls.e
at the conclusion of each day’s operation, but in practice less frequent cover app i-
cation is common. The landfill, consisting of successive layers of compacted waste
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and earth, may be constructed on the ground surface or in excavations. In North
America a large number of the older sites that receive municipal wastes are open
dumps or poorly operated landfills. Newer sites are generally better situated and
better operated. It is estimated that 90 7 of the industrial wastes that are considered
to be hazardous are landfilled, primarily because it is the least expensive waste
management option.

Our purpose here is to consider some of the effects that refuse disposal can
have on the groundwater environment, With the exception of arid areas, buried
refuse in sanitary landfills and dumps is subject to leaching by percolating water
derived from rain or snowmelt. The liquid that is derived from this process is
known as leachate. Table 9.4 indicates that leachate contains large numbers of
inorganic contaminants and that the total dissolved solids can be very high,
Leachate also contains many organic contaminants. For example, Robertson et
al. (1974) identified more than 40 organic compounds in leachate-contaminated
groundwater in a sandy aquifer in Oklahoma. These authors concluded that many
of these compounds were produced by leaching of plastics and other discarded
manufactured items within the refuse. Not only do the leachates emanating from

Table 8.4 Representative Ranges for Various
Inorganic Constituents in Leachate
From Sanitary Landfills

Representative range

Parameter (ma/¢)
K* 200-1000
Na* 200-1200
Caz+ 100-3000
Mg* 100-1500
G~ 300-3000
80,2 10-1000
Alkalinity 500-10,000
Fe (total) 1-1000
Mn 0.01-100
Cu <10
Ni 0.01-1
Zn 0.1-100
Pb <5
Hg <0.2
NO; 0.1-10
NH; 10-1000
Pas P04 1-100
Organic nitrogen 10-1000
Total dissolved organic carbon 200-30,000
COD (chemical oxidation demand) 1000-90,000
Total dissolved solids 5000-40,000
pH 48

Sources: Griffin et al., 1976; Leckie et al.,, 1975.
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landfills contain contaminants derived from solids, but many leachates contain
toxic constituents from liquid industrial wastes placed in the landfill.

Concern has developed in recent years with regard to the effect of landfills
on the quality of groundwater resources. Garland and Mosher (1975) cite several
examples where groundwater pollution has been caused by landfills. A case wl_lere
leachate migration caused serious pollution of a large aquifer used as a city’s
water supply is described by Apgar and Satherthwaite (1975). It is expected that
the cost of rectifying this situation will eventually total many millions of dollars.

Numerous investigations in North America and Europe have shown tl;nat
in nonarid regions, infiltration of water through refuse causes water table moundu}g
within or below the landfill. The mounding process is similar to that described in
Section 8.11. Water-table mounding causes leachate to flow downward and outward
from the landfill as illustrated in Figure 9.24. Downward flow of leachate may
threaten groundwater resources. Outward flow normally causes leachate springs
at the periphery of the landfill or seepage into streams or other s.ul"face-water
bodies. If the paths of leachate migration do not lead to aquifers containing potable
water, downward movement of leachate will not pose a threat to groundwater

resources.

Precipitation

bbb

efuse

P AT, Tl T PO
a1

Groundwater zone
contominated by leachate

Figure 9.24 Water-table mound beneath a landfill, causing leachate springs
and migration of contaminants deeper into the groundwater
Zone,

In situations where landfills are located in relatively permeable mater_ials
such as sand, gravel, or fractured rock, leachate migration may cause contamina-
tion over areas many times larger than the areas occupied by the landfills. An
example of such a case is shown in Figure 9.25. At this landfill site on moderately
permeable glaciodeltaic sand, a large plume of leachate-contamlnateq water,
represented in Figure 9.25 by the CI- distribution, has penetrated deep into the
aquifer and has moved laterally several hundreds of meters al:_:mg the paths of
groundwater flow. This contamination developed over a period of 35 years.
Infiltration of water through the landfill will continue to produce leachate for many
decades. Transport by groundwater flow in the sand will cause the zone oi: con-
tamination to greatly expand. In this particular case, however, the aquifer is not

Feet above sea level
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Figure 9.25 Plume of leachate migrating from a sanitary landfill on a sandy
aquifer; contaminated zone is represented by contours of CI~
concentration in groundwater.

used for water supply. The spreading contaminant plume is therefore not regarded
as a significant problem. At a landfill on sand and gravel on Long Island, N.Y.,
Kimmel and Braids (1974) delineated a leachate plume that is more than 3000 m
long and greater than 50 m in depth. These two examples and others described in
the literature indicate that if leachate has access to active groundwater flow regimes,
pollution can spread over very large subsurface zones. Physical and chemical
processes are sometimes incapable of causing appreciable attenuation of many of
the toxic substances contained within the leachate plume.

If landfills are situated in appropriate hydrogeologic settings, both ground-
water and surface-water pollution can be avoided. It is commonly not possible,
however, to choose sites with ideal hydrogeologic characteristics. In many regions
land of this type is not available within acceptable transportation distances, or
it may not be situated in an area that is publicly acceptable for land filling. For
these and other reasons most landfills are located on terrain that has at least some
unfavorable hydrogeologic features.

Although it is well established that landfills in nonarid regions produce
leachate during at least the first few decades of their existence, little is known
about the capabilities for leachate production over much longer periods of time.
In some cases leachate production may continue for many decades or even hun-
dreds of years. It has been observed, for example, that some landfills from the
days of the Roman Empire are still producing leachate. Many investigators have
concluded that at the present time there have been very few occurrences of leachate
contamination of aquifers that are used for water supply. Whether or not it will
be possible to draw similar conclusions many years from now remains to be estab-
lished.
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Farvolden and Hughes (1976) have concluded that solid waste can be buried
at almost any site without creating an undue groundwater pollution hazard, pro-
vided that the site is properly designed and operated. A testing program to define
the hydrogeological environment is essential. These authors indicate that if uncon-
trolled leachate migration is unacceptable, the leachate should be collected and
treated as a liquid waste. One feasible way to ensure that no leachate leaves the
site is to establish a hydraulic gradient toward the site, perhaps by pumping.
Liners for emplacement beneath landfills are currently being evaluated as a control
method but have not yet been established in practice. Some examples of controls
on leachate migration using drains or wells are shown in Figure 9.26. These types
of control measures require that the collected leachate be treated or otherwise
managed in an appropriate manner.

In addition to the production of leachate, infiltration of water into refuse
causes gases to be generated as biochemical decomposition of organic matter

— 3 water table
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Figure 9.26 Control of leachate in a sanitary landfill by (a) tile drain or ditch
and (b) pumped well (after Hughes et al., 1971).
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occurs. Gases such as CO,, CH,, H,S, H,, and N, are commonly observed. CO,
and CH, are almost invariably the most abundant of these gases. CH, (methane)
has a low solubility in water, is odorless, and generally is of little influence on
groundwater quality. In the environmental impact of landfills, however, it can be
of great importance because of its occurrence in gaseous form in the zone above
the water table. It is not uncommon for CH, to attain explosive levels in the refuse
air. In some situations CH, at dangerous levels can move by gaseous diffusion
from the landfill through the unsaturated zone in adjacent terrain. Migration of
CH, at combustible levels from landfills through soils into residences has occurred
in urban areas. In recent years, installation of gas vents in landfills to prevent
buildup of methane in the zone above the water table has become a common
practice.

In addition to hazards caused by the potential for methane explosion, gaseous
migration from landfills can result in extensive damage to vegetation and odor
problems. Case histories of gas migration from landfills have been described by
Flower (1976). Mohsen (1975) has presented a theoretical analysis of subsurface
gas migration from landfill sources. The interactions of the various factors that
influence gas production in landfills have been described by Farquhar and Rovers
(1973).

Sewage Disposal on Land

Sewage is placed on or below the land surface in a variety of ways. Widespread use
of septic tanks and drains in rural, recreational, and suburban areas contributes
filtered sewage effluent directly to the ground. Septic tanks and cesspools are the
largest of all contributors of wastewater to the ground and are the most {requently
reported sources of groundwater contamination in the United States (U.S. Environ-
mental Protection Agency, 1977). Twenty-nine percent of the U.S. population
disposes of its domestic waste through residential disposal systems. An increasing
percentage of the municipal sewage in industrialized countries is being processed
in primary and secondary sewage treatment plants. Although this decreases surface-
water pollution, it produces large volumes of solid residual materials known as
sewage sludge. In many areas this sludge, which contains a large number of poten-
tial contaminants, is spread on agricultural or forested lands. In some regions
liquid sewage that has not been treated or that has undergone partial treatment is
sprayed on the land surface. Application of liquid sewage and sewage sludge to
the land provides nutrients such as nitrogen, phosphorus, and heavy metals to the
soil. This can stimulate growth of grasses, trees, and agricultural crops. Land that
is infertile can be made fertile by this practice. One of the potential negative impacts
of this type of sewage disposal is degradation of groundwater quality.

Primary- and secondary-treated sewage is being spread on forested land and
crop land in an increasing number of areas in Europe and North America. For
example, in Muskegon County, Michigan, more than 130 million liters per day of
sewage effluent is sprayed on the land surface (Bauer, 1974). For many decades
cities such as Berlin, Paris, Milan, Melbourne, Fresno, and many others have been
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using sewage for irrigation of crops. Not only are the nutrients in sewage effluent
valuable, but the water itself is a valuable resource in many regions. In some situa-
tions intensely treated sewage effluent may be used as a source of artificial recharge
for aquifers that serve for municipal water supply. Injection of treated sewage
into coastal aquifers may serve as a means of controlling the intrusion of salt
water.

Considering the many ways in which liquid and solid constituents from
sewage reach the land surface and subsurface zones, it is reasonable to expect that
over the long term the quality of groundwater resources in many areas will reflect
the extent to which hydrogeologic factors are considered in the overall planning
and operation of sewage management systems. In a textbook of this type it is not
feasible to look specifically at the hydrogeologic and geochemical factors that are
important in each of the land-application or disposal-of-sewage options that are
in use. Before proceeding to other topics, however, we will provide a brief guide
to some of the more important studies that have been conducted. For a detailed
guide to the literature in this area, the reader is referred to the U.S. Environmental
Protection Agency (1974a).

During the 1950’s and early 1960's it was observed that one of the most serious
consequences of land disposal of sewage by way of septic systems was contamina-
tion of groundwater by alkyl benzene sulfonate (ABS), which was a major com-
ponent of houschold detergents. ABS is relatively nonbiodegradable anc! exists
in water in anionic form. In the 1960’s, numerous cases of shallow contamination
of sand and gravel aquifers were reported. The problem was most acute in areas
where septic systems were draining into unconfined aquifers in which there were
numerous shallow water supply wells. Case histories of this type of problem in
Long Island and in Southern California are described by Perlmutter et al. (1964)
and Klein (1964).

In the mid-1960’s the detergent industry replaced ABS with linear alykl
sulfonate (LAS), a compound that is readily biodegradable in aerobic environ-
ments. Cases of LAS and ABS contamination of wells have been a rare occurrence
since LAS gained widespread use, a somewhat surprising situation considering
that many septic systems drain into anaerobic groundwater environments where
the effects of biodegradation are probably minimal. LAS may undergo considerable
retardation as a result of adsorption.

Effluent from septic systems includes many other types of contaminantx_v,.
One of the most frequently reported of these contaminants in groundwater Is
nitrate. As indicated in Section 9.3, nitrate commonly does not undergo complete
biochemical reduction to N, even if the groundwater system is anaerobic. Nitrate
emanating from septic systems into groundwater is transported along the ground-
water flow paths. A detailed case history of the migration of nitrate and other
contaminants in groundwater as a result of discharge from septic systems was
presented by Childs et al. (1974). .

In some areas the primary concern with regard to contaminant migration
from septic systems is surface-water quality rather than groundwater quality.
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This is particularly the case in areas of recreational lakes where cottages and
tourist facilities use septic systems located near lakes. Transport of nitrogen and
phosphorus through the groundwater zone into lakes can cause lake eutrophication
manifested by accelerated growth of algae and decrease in water clarity, Some
examples of hydrogeologic investigations in recreational lake environments are
described by Dudley and Stephenson (1973) and Lee (1976).

Another concern associated with the disposal of treated or untreated sewage
on or below the land surface revolves around the question of how far and how
fast pathogenic bacteria and viruses can move in subsurface flow systems. This
problem is also crucial in the development of municipal water supplies by extrac-
tion of water from wells located adjacent to polluted rivers. The literature is replete
with investigations of movement of bacteria through soils or granular geological
materials. As bacteria are transported by water flowing through porous media,
they are removed by straining (filtering), die-off, and adsorption. The migration
of the bacterial front is greatly retarded relative to the velocity of the flowing water.
Although bacteria can live in an adsorbed state or in clusters that clog parts of the
porous medium, their lives are generally short compared to groundwater flow
velocities. In medium-grained sand or finer materials, pathogenic and coliform
organisms generally do not penetrate more than several meters (Krone et al.,
1958). Field studies have shown, however, that in heterogeneous aquifers of sand
or gravel, sewage-derived bacteria can be transported tens or hundreds of meters
along the groundwater flow paths (Krone et al., 1957; Wesner and Baier, 1970).

Viruses are very small organic particles (0.07-0.7 gm in diameter) that have
surface charge. There is considerable evidence from laboratory investigations
indicating that viruses are relatively immobile in granular geological materials
(Drewry and Eliassen, 1968; Robeck, 1969; Gerba et al., 1975; Lance et al., 1977).
Adsorption is a more important retardation mechanism than filtering in highly
permeable granular deposits. Problems associated with sampling and identification
of viruses in groundwater systems have restricted the understanding of virus behav-
ior under field conditions. Advances in sampling technology (Wallis et al., 1972;
Sweet and Ellender, 1972) may lead to a greatly improved understanding of virus
behavior in aquifers recharged with sewage effluent.

Although there is considerable evidence indicating that bacteria and viruses
from sewage have small penetration distances when transported by groundwater
through granular geologic materials, similar generalizations cannot be made for
transport in fractured rock. It is known that these microorganisms can live for
many days or even months below the water table. In fractured rocks, where ground-
water velocities can be high, this is sufficient time to produce transport distances
of many kilometers.

As man relies more heavily on land application as a means of disposal for
municipal sewage effluent and sludge, perhaps the greatest concern with regard
to groundwater contamination will be the mobility of dissolved organic matter.
Sewage effluent contains many hundreds of dissolved organic compounds, of
which very little is known about their toxicity and mobility. Some of these com-
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pounds may eventually be shown to be more significant in terms of degradation
of groundwater quality than nitrate, trace metals, bacteria, or viruses.

Agricultural Activities
Of all the activities of man that influence the quality of groundwater, agriculture
is probably the most important. Among the main agricul(ura_ll‘ activities tha‘t can
cause degradation of groundwater quality are the usage of fertilizers and pestxm'das
and the storage or disposal of livestock or fowl wastes on_la_nd. The most wide-
spread effects result from the use of fertilizer. In industrialized counlfles mo§t
fertilizer is manufactured chemically. This type of fertilizer is known as inorganic
fertilizer. In less developed countries, animal or human wastes are widely used
as organic fertilizer. _

Fertilizers are categorized with respect to their content of nitrogen (N)
phosphorus (P), and potassium (K). These are the three main nutrients regunred
by crops. The annual application rates of fertilizers vary greatly from region to
region and from crop to crop. Nitrogen applications,‘ (exgrcssed as N), generally
vary from about 100 to 500 kg/ha-yr. Because fertilizer is user.l year after year,
it is to be expected that in many areas some of the N, P,_ or K_ is carried by infil-
trating water downward to the water table, where it can migrate in the groundwa_tezr
flow regime. For reasons explained in Section 9.3, nitrogen in t!u: form of N_O3 is
generally much more mobile in subsurface flow systems ‘than‘ dissolved species of
phosphorus. Cation exchange causes K* to have low mobility in most nonfractured
geologic materials. .

Of the three main nutrients in fertilizer, N in the form of NOj is the one that
most commonly causes contamination of groundwater beneath agricullural lands.
High NOj; concentrations have been delineated in extensive areas in many parts of
the world, including Israel (Saliternik, 1972), England (Foster and Crease, 1972),
Germany (Groba and Hahn, 1972), California (Calif. Bureau San?tary Eng., 1963;
Nightingale, 1970; Ayers and Branson, 1973), Nebraska (Spalding et al., 1978),
southern Ontario, and southern Alberta. Many wells in these areas have NO3
concentrations that exceed the recommended limit for drinking water. In areas
where NOj; contamination is areally extensive, fertilizer rather than animal v_vastes
from feedlots or lagoons or septic field seepage is usually identified as thc primary
nitrogen source. Nitrate is the principal dissolved nitrogen compo.nenl, with ammo-
nium and organic nitrogen present in much lower concentrations. Although in
many aquifers that are contaminated by NOj3, the concentrations are below the
limits recommended for drinking water, it is disturbing to note that gr‘a‘dual.
increases in NOj3 have been observed. The widespread use of inorgan‘ic femhz.crs
began after World War II. The major impact on groundwater quality res:fltmg
from this change in agricultural practice is probably not yet fully developed. Nitrate
contamination is rarely reported at depths of more than about 10-100 m below the
water table. As time goes on, however, NO; contamination may extend to greater
depth in areas where there are significant downward flow components. For exam-

ple, NO; in deep wells in California, ranging in depth from 240 to 400 m below
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ground surface, increased from approximately 1 mg/¢ in 1950 to 10-17 mg/¢ in
1962 (Broadbent, 1971). The extent to which denitrification occurs as water moves
along regional flow paths is a major uncertainty inherent in predictions of long-
term NO7 increases in aquifers.

In England, NO;3 contamination of a large regional carbonate-rock aquifer
is widespread. Analysis of the occurrence and movement of NOj in this aquifer
is complicated by the fact that NOj is carried in groundwater flowing in a network
of joints and solution channels, while some of the NOj is lost from the active
flow regime as a result of diffusion into the porous matrix of the limestone (Young
et al., 1977). If at some time in the future the NOj concentration in the flow net-
work declines, NOj will diffuse from the matrix back into the flow regime.

Although extensive NO;3 contamination of shallow groundwater can often
be attributed to leaching of fertilizer, NOj in shallow groundwater in large areas
in southern Alberta (Grisak, 1975), southern Saskatchewan, Montana (Custer,
1976), and Texas (Kreitler and Jones, 1975) is not caused by fertilizer use. In these
areas it appears that most of the NO3 is derived by oxidation and leaching of natu-
ral organic nitrogen in the soil. The greater abundance and deeper penetration of
oxygen into the soil has occurred as a result of cultivation. In some areas the
initial turning of the sod as settlers moved on the land was probably a major factor.
In other areas continual deep cultivation during the modern era of farming has been
a major influence.

In many agricultural areas shallow groundwater has become contaminated
locally as a result of leaching of NO3 from livestock and fow] wastes. The conver-
sion of organic nitrogen in these wastes to NOj takes place through biochemical
processes. Relatively small source areas such as farm manure piles, fowl-waste
lagoons, and feedlots contribute NO; to groundwater, but if these contaminant
sources are not directly underlain by aquifers, the contamination is rarely very
significant. Specific cases of groundwater contamination from animal wastes are
reported by Hedlin (1972) and by Gillham and Webber (1969). In agricultural
areas contamination of shallow wells by NO; and other consituents commonly
occurs because of faulty well construction. If wells are not properly sealed by grout
or clay along the well bore above the screen, contaminated runoff can easily make
its way to the aquifer zone near the well screen.

Concurrent with the widespread increase in the use of chemical fertilizers
since World War II has been the rapid development and use of a multitude of
organic pesticides and herbicides. In a report on groundwater pollution in the
southwestern United States, Fuhriman and Barton (1971) concluded that pollution
by pesticides must be listed as an important potential hazard. However, they
obtained no direct evidence indicating significant pesticide contamination of
groundwater. Kaufman (1974), in a review of the status of groundwater contamina-
tion in the United States, indicates that this conclusion appears to characterize
today’s situation—that of a potential but as-yet-unrealized problem. Based on
a literature review and field studies in Kent, England, Croll (1972) arrived at a
similar conclusion. It is well known from laboratory experiments that many
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pesticides and herbicides with appreciable solubility in water have significant
mobility in some types of geologic materials, particularly clean sands and gravels
(Burns and Mclaren, 1975; Adams, 1973). It is not unreasonable to expect that
the use of these chemicals in agriculture will eventually cause parts of some aquifers
to become contaminated. Davidson et al. (1976) have pointed out that because of
the immense size to which the pesticide industry has grown, the problems associated
with the disposal of surplus and waste pesticide materials and empty or partially
empty pesticide containers has become acute. High concentrations of pesticides
in groundwater can result in greater mobility than at lower concentrations. At
higher concentrations, the exchange sites are more readily saturated with the pesti-
cide, or the biodegradation capabilities of the medium may be exceeded.

Petroleum Leakage and Spills

In industrialized countries hundreds of thousands of steel gasoline storage tanks
lie buried at filling stations, Many thousands of kilometers of underground
pipelines carry petroleum products across continents. Tanker trucks with oil and
gasoline are continually on the move. It is not surprising, therefore, that leakages
and spills from these sources are an increasing threat to groundwater quality.
Most of the buried storage tanks at filling stations were placed in the ground since
World War 1I. Because stringent requirements for tank testing and replacement
are only gradually being implemented in most countries, leakage problems caused
by older tanks are common, particularly in regions of high water tables and
frequent infiltration,

Contamination of groundwater by petroleum products from leaky tanks,
from pipelines, or from spills is a much different type of problem than those
described elsewhere in this chapter. The major difference lies in the fact that oils
and gasoline are less dense than water and are immiscible in water. As a conse-
quence of this, oil or gasoline from leakages or spills migrate almost exclusively
in the unsaturated zone. The processes of petroleum movement in the unsaturated
zone have been described in detail by Schwille (1967), van Dam (1967), and Dietz
(1971). The following discussion is based primarily on these references.

Figure 9.27 illustrates the main subsurface migration stages that occur when
oil seeps in the ground. In this case, the hydrogeologic conditions are simple.
There is appreciable depth of unsaturated zone beneath the level of oil entry into
the system. The term “oil” is used here to refer to both crude oil proper and its
liquid derivatives, such as gasoline.

In the first migration stage, the oil movement is primarily downward under
the influence of gravitational forces. During this seepage stage, capillary forces
produce some lateral migration. This causes a zone, referred to as the oil wetting
zone, around the core of the infiltration body. It is comparable in origin to the
natural capillary fringe on the water table. In the oil wetting zone, the degree of
oil saturation decreases outwardly and capillary forces (surface tension) are dom-
inant. In the main seepage zone, only gravitational forces exist.
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Figure 9.27 Stages of migration of oil seeping from a surface source (after
Schwille, 1967).

Downward seepage of oil ceases when the seepage front reaches the water
table. Although it might be expected that the oil would spread laterally on top
of the capillary fringe rather than along the water table, experimental and field
evidence indicates that considerable migration occurs within the capillary fringe
at or very near the water table. Since oil is immiscible in water and is less dense
than water, it may slightly depress the water table. Except for small amounts of
hydrocarbons that go into solution, the oil does not penetrate below the water
table. As oil accumulates on the water table, the oil zone spreads laterally, initially
under the influence of gradients caused by gravity and later in response mainly
to capillary forces. Capillary spreading becomes very slow and eventually a
relatively stable condition is attained. In theory, stability occurs when a condition
known as residual oil saturation or immobile saturation is reached. The experience
of oil production engineers is that below a certain degree of saturation, oil is held
in a relatively immobile state in the pore spaces. If the percent oil saturation is
reduced further, isolated islands or globules of oil become the dominant mode of
oil occurrence. Over the range of pressure gradients that can occur, these islands
are stable. As the mass of oil spreads laterally due to capillary forces, the residual
oil saturation condition must eventually be attained, provided that the influx
of oil from the source ceases. This is referred to as the stable stage.

When the oil spill or leakage volume is small relative to the surface available
for contact as the oil moves through the zone above the water table, the oil migra-
tion zone may attain residual saturation and become immobile before penetrating
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to the water table. The volume of porous medium required to immobilize a given
amount of oil depends on two factors: the porosity and the nature of t_hc hydrg-
carbons that comprise the oil. The volume B of porous geologic materials tha_t is
required to immobilize a spill or leakage volume can be estimated from the relation

=2 (9.29)

where B, is the volume of oil entering the system, n the porosity, and S, the residual
oil saturation. If the depth to water table and values for n and S, are known,
this relation can be used to estimate the likelihood that spilled oil will penetrate
to the water table (American Petroleum Institute, 1972). Van Dam (196'.:’) presents
equations that describe the shape of the stable layer of oil if penetration tc! the
water table occurs. In practice, however, it is generally not possible in field situa-
tions to obtain sufficient data on the distribution of relative permeabilities for
more than a qualitative analysis to be made (Dietz, 1971). Lgboratory ‘mode]
experiments by Schwille (1967) have demonstrated that minor differences in per-
meabilities laterally or vertically can cause strong distortions in the shape of the
oil migration zone.

Because oil leakages or spills usually do not involve large fluid volumes of
oil, and because migration is limited by residual oil saturation, one might expect
that oil is not a significant threat to groundwater quality. This is unfortunately
not the case. Crude oil and its derivatives contain hydrocarbon componcqts t‘haL
have significant solubility in water. In general, the lighter the petroleum den.v?twe,
the greater is the solubility. Commercial gasoline, for example, _has solubility of
20-80 mg/¢. It can be detected by taste and odor at concentrations of lcss. than
0.005 mg/¢ (Ineson and Packham, 1967). Because the solubility o!’ the l_lghter
hydrocarbons greatly exceeds the concentration levels at which water is considered
to be seriously polluted, it is not difficult to envision situations where the effect of
hydrocarbon dissolution is of much greater concern in terms of groundwater
quality than the localized immobile zone of immiscible hydrocarbons on and above
the water table. For example, in the situation represented in Figure 9.28, the lateral
flow of groundwater beneath the zone of immobilized oil could cause soluble
hydrocarbons to be transported large distances along the groundwater flow paths.

Figure 9.28 Migration of dissolved and gaseous hydrocarbons from a zone
of oil above the water table (after Schwille, 1967).
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In situations where oil penetrates to the water-table zone and then spreads
out and becomes relatively immobile, the effect of water table fluctuations can be
important. If the water table falls, much of the oil remains in the newly created
zone as a thin coating on the surface of the porous medium. This film is not removed
by water flushing or air ventilation. The problem can be ameliorated by the effect
of bacteria. There exist species of aerobic and anaerobic bacteria that grow rapidly
in the presence of oil or gasoline if the other necessary nutrients are also available.
In favorable circumstances, bacterial oxidation can consume much of the oil or
gasoline that accumulates above the water table as a result of leakages or spills,
A fluctuating groundwater table is believed to promote the processes of biodegrada-
tion.

Of the many examples of petroleum contamination of groundwater that
have been reported, the case history described by McKee et al. (1972) is particu-
larly illustrative of the problems and processes involved and remedial measures
that can be used to minimize the damage to subsurface water quality. Control and
remedial procedures are described by the American Petroleum Institute (1972).

Disposal of Radioactive Waste

It has been several decades since nuclear engineers and scientists at an Idaho
research station watched four household light bulbs flicker to life as a result of
man’s first generation of electricity from atomic energy. From this modest begin-
ning, nuclear-power-generating facilities have grown to the point where they now
produce more than 15% of the electricity in the United States and Canada and larger
percentages in some European countries. By the turn of this century it is expected
that in North America and Europe, the percentages will be much larger. Feared
by many as a threat to mankind’s future and hailed by others as the answer to the
world’s energy problems, nuclear generation of electricity has sparked controversy
around the globe. At the present time there are several uncertainties inherent in
activities associated with the generation of nuclear power. One of them is man’s
capability to safely isolate radioactive wastes from the biosphere for long periods
of time. Because of its hydrogeologic nature, this nuclear-power-related topic is
worthy of discussion in this text.

The hydrogeologic aspects of the nuclear power industry will be considered
within the framework of the nuclear fuel cycle. This expression refers to all the
stages in the nuclear power industry in which nuclear fuel is developed and used
and in which radioactive wastes are generated. This includes uranium mining,
milling, refining, uranium enrichment, fuel fabrication, fuel consumption in reac-
tors, fuel reprocessing, waste solidification, and burial of solidified waste or unre-
processed spent fuel in deep geological repositories. The “front end” of the nuclear
fuel cycle involves mining and milling of uranium ore. An undesirable by-product
of these activities is the production of large volumes (hundreds of millions of
cubic meters per year in North America) of waste rock from mining and tailings
from milling. Waste rock and tailings are usually placed in piles on the land surface
or as fill material in topographic depressions confined by small earth embankments
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or dams. Because they contain isotopes of uranium, thorium, and radiur_n, waste
rock and tailings are a form of solid low-level radioactive \yaste. Radium 226
(?26Ra), with a half-life of 1620 years, poses the greatest epwronmentall haz:_ard.
Table 9.1 indicates that the maximum permissible concentration of 226Ra in dl_'mk-
ing water is 3 pCi/£, which is equivalent to 10-° mg/¢. Th:;. concentration is so
small that it is orders of magnitude below the maximum permissible concentrations
for trace metals such as lead, mercury, or cadmium (Table 9.1). Extremely small
amounts of 226Ra leached from waste rock or tailings into groundwatz?r can there-
fore cause the water to be unfit for human consumption. Uranium mining in North
America generally occurs in areas remote from population centers anq from mdus.-
trial or agricultural developments. In these areas, groundwater qua‘lztyzlz?s, until
recently, not been a subject of significant concern. The extent to v.vh:ch Ra and
other hazardous constituents from waste rock or tailings are entering groundwater
and their fate within groundwater flow systems is not known. We can expect, how-
ever, that in the next decade hydrogeological factors will play a much -gr.eaier role
in the design and evaluation of disposal sites for uranium mining and milling wastes
than has previously been the case. : ' '
The next stage in the nuclear fuel cycle is uranium refinin g, a process in which
the mill product is upgraded in preparation for uranium enrlch_mer_n into nuclear
fuel (the U.S. and European approach) or unenriched ’fl:le] fabrlcajtmn (the ;m_a—
dian approach). In the refining process, small quantities of solid or semisolid,
low-level radioactive wastes are generated. The chemical nature of these wastes
varies from refinery to refinery, but the wastes generally contain 3“R‘a‘ 230Th, and
2387 in what are normally small but significant concentrations. As in the case of
mining and milling wastes, 22¢Ra is the isotope of main concern. The refinery wastes
are assigned to near-surface burial grounds that are Ioca}ec! near th}t refineries.
After more than 20 years of use, the burial ground at the principal uranium refinery
in Canada (Port Hope, Ontario) was found in the mid-1970’s to be emitting Icac!:atc
with 226Ra, as well as other nonradioactive contaminants. Although no sllquers
were in jeopardy, remedial measures include excavgt'ion of the wastes “fnh su_.lb-
sequent reburial at a site with hydrogeologic capability for longer-term isolation
of the wastes from the biosphere. . _
The next major waste-generation stage in the nuclear fuel clycle 1s the operation
of nuclear reactors for power production, weapons product!on, or resea.rch. In
this stage, low-level solid radioactive wastes in the form of_' discarded cqul.prnf:nt,
assorted slightly radioactive refuse, and ion-exchange materials from decontamina-
tion facilities are produced. These wastes are known as reactor wastes. The term
“low-level” is used here in a qualitative sense to distinguish the_se was}es fro_m the
very highly radioactive materials in used nuclear fuel or material derived directly
from the used fuel. ‘ e
Since the start of nuclear power production on a commercial basis in North
America, the total volume of accumulated reactor wastes has amounted to abf)ut
40,000 m? (as of 1975). These wastes have been emplacc.d in sha!low punal sites
at 11 major locations in the United States and four major locations in Canada.
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In the United States, the volume is expected to rise to 50,000 m? by 1980 and then
to more than 300,000 m* by the year 2000 (Nuclear News, 1976). By use of existing
and economically viable technology, the projected volumes can be reduced by a
factor of 2 or 3. It is hoped, of course, that new waste processing methods will
be developed to provide further volume reduction.

In spite of the improvements that may develop, the volumes of reactor waste
are expected to be enormous in comparison with the volumes that have been
handled in the past. Since the standard method of managing reactor wastes is to
assign them to shallow burial sites, these mounting waste volumes can be viewed
as a potential source of contamination to groundwater and other environments.
The past history of shallow low-level waste burial in the United States is less than
satisfactory, Of the 11 existing sites at which radioactive wastes resulting from
commercial power production have been buried, three are leaking radioactive
constituents to the environment (Ground Water Newsletter, 5, no. 3, 1976).
Although at present this leakage to subsurface flow systems does not present a
hazard to potable water supplies, it is striking evidence that undesirable conse-
quences of inadequate hydrogeologic studies of waste management sites can become
evident many years or decades after site usage begins. There is now little doubt
that at the time most of these sites were established many years ago, more attention
was given to the economics of handling the wastes, the ready availability of land
for burial use, and proximity to transportation routes than was given to the ultimate
fate of the wastes. With these lessons in hand, the problem facing hydrogeologists
now is to ensure, through use of proper site search and evaluation methodologies,
that future sites for shallow burial of solid low-level wastes have adequate radio-
nuclide containment capabilities and that proper subsurface monitoring facilities
are installed and operated.

Reactor wastes contain a variety of radionuclide species, with half-lives
ranging from seconds to many decades or longer. Of these nuclides, '*7Cs, ?9Sr,
and ¢°Co, with half-lives of 28, 33, and 6 years, respectively, are usually regarded
as posing the most significant environmental hazard. Wastes with these radio-
nuclides need several hundred years to decay to very low radioactivity levels.

Figure 9.29 illustrates several types of waste-burial options. Although other
situations exist, these will serve as a basis for discussion of some of the main con-
cepts used in the development of burial facilities. In Figure 9.29(a), the wastes are
placed in strong engineered containers constructed of materials such as concrete
and steel situated on the ground surface. In these containers they can remain in
storage in areas from which the public is excluded. Deterioration of the containers
can be readily monitored. If problems arise, the containers can be repaired or the
wastes can be placed in new containers, provided, of course, that a responsible
organization remains in charge of the facilities. The facilities shown in Figure
9.29(b) are similar, except that the storage containers are covered with earth mater-
ials. If these materials are properly designed, they will protect the containers from
weathering and thereby extend their life expectancy. The earth materials can be
thought of as an engineered hydrogeological environment. In Figure 9.29(c) and
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(d), the wastes are stored in containers situated a few meters below ground surface,
either above or below the water table. In the case shown in Figure 9.29(c), earth
material from the excavation is used as backfill around the containers. In Figure
9.29(d), part of the fill in the excavation is designed to provide enhanced contain-
ment capabilities for the system. If the containers are located above the water
table and if there is good reason to believe that during periods of water-table
fluctuation, the water table will not rise into the burial zone, there will be little
possibility of radionuclides escaping into the environment. If the water table
fluctuates within the zone of burial, the containers are subjected to variable
hydraulic and geochemical conditions. Their life expectancy and the fate of radio-
nuclides in the event of container failure is much less certain than in the case of
burial entirely above the water table.

In Figure 9.29(e) and (f), the containers are buried in large holes about 10
to 20 m deeper than in the previous examples. In nonarid regions the permanent
water table in these situations would normally be above the containers. In the case
depicted in Figure 9.29(e), the hole is simply backfilled with material originally
removed from the site. In Figure 9.29(f) the excavated zone around the containers
is packed with geological material such as bentonitic clay chosen to improve the
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(e) tE2 tions of groundwater velocity and chemical retardation. In addition to hydro-
geologic criteria such as these, various investigators have indicated that the water
table should be deep enough to permit waste burial to occur entirely in the un-
saturated zone (Cherry et al., 1974). The predicted upper level of the range of water-
table fluctuation over many centuries should be below the bottom of the burial
zone. The criteria outlined above, if adhered to, would lead to the development
of waste-burial facilities that would provide considerably better long-term contain-
ment than is the case for existing sites. Unfortunately, in most humid and semi-
humid regions of North America, this desired ideal combination of hydrogeologic
properties is rare, or even nonexistent, within areas that also meet social and

Figure 9.29 Schematic diagrams illustrating methods of low-level radio-
active waste storage or disposal in shallow-water-table areas.
(a) Above ground container storage; (b) above ground con-
tainer storage with protection by geologic materials; (c) shallow
burial in trench with backfill ; (d) shallow burial in trench with
additional containment provided by engineered zone of special
geological materials; (e) deeper burial with backfill ; (f) deeper
burial in large-diameter borehole with protection by high-retar-
dation geologic material.
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economic criteria. Water-table depth is generally shallow, which prevents estab-
lishment of burial zones at appreciable depth below ground surface. Wastes that
are buried within a few meters, or even within 5-10 m of ground surface, are
generally not considered to be in isolation from future generations during the
hundreds of years or more that will be necessary for decay to reduce radioactivity
in the waste to low levels.

As an alternative approach to the siting of burial grounds for low-level solid
radioactive waste, Cherry et al. (in press) proposed that in humid and semihumid
regions, burial zones be located in unfractured clayey aquitards in the manner
represented in Figure 9.29(f). According to this scheme, burial would occur at the
bottom of large (2-5m in diameter) auger holes more than 15 m below ground
surface. The burial zone would be at considerable depth below the water table and
below the zone of active weathering. The wastes would therefore be isolated from
the biosphere in a hydrogeologic environment in which groundwater velocity is
extremely low and chemical retardation is great. Accidental unearthment of the
waste by future generations would be much less probable than is the case for shal-
low, above-water-table waste burial. For this approach to be evaluated in detail
it will be necessary to direct research toward the hydrogeologic properties of clayey
aquitards such as clayey till, glaciolacustrine clay, and soft shale.

For additional information on the hydrogeologic aspects of the management
of low-level solid radioactive waste (primarily reactor waste), the reader is referred
to Peckham and Belter (1962), Richardson (1962a, 1962b), Mawson and Russell
(1971), Cherry et al. (1973), and Pferd et al. (1977).

In the nuclear reactors that are currently used for power production, fuel
rods composed of solid uranium oxide undergo fission reactions that release heat
and decay particles. After a period of time in the reactor, the fuel rods are replaced.
The spent fuel contains a wide variety of toxic radioactive isotopes produced from
the uranium and from other elements. The ultimate fate of these man-made radio-
nuclides is the core of what has become known as the high-level radioactive waste
disposal problem. Numerous proposed solutions to this problem have been sug-
gested, each with the objective of isolating the radionuclides from the biosphere
for the life span of their radioactivity. This is the final stage of the nuclear fuel
cycle.

Disposal options such as burial within the Antarctic ice cap, emplacement
in the ocean floor at locations where natural burial beneath migrating continental
plates will occur, and rocket transport beyond the earth’s gravity field have been
excluded because of impracticalities during the next few decades. It is now generally
hoped that a satisfactory solution can be obtained by emplacing the radioactive
material in an engineered repository in geologic strata in which it will be isolated
from zones of active groundwater flow. This approach is commonly referred to as
terminal storage. This implies that for a generation or two the repository environ-
ment will be monitored, and that if all goes well the wastes will then be regarded
as having been permanently disposed.

In the United States, four main hydrogeologic possibilities are being investi-
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gated for suitability for respository development. These are (1) deep salt beds,
(2) deep crystalline igneous rocks, (3) deep shale strata, and (4) thick unsaturated
zones in arid regions. Because of differences in climate, option (4) is not available
in Canada or in European countries. The most critical question in the evaluation
of these options is whether or not the wastes will be isolated from the biosphere
for periods of time that are considered to be acceptable.

The waste will contain numerous radionuclide species, but by the year 2020,
99 7%, of the projected accumulation of radioactivity will be due to the presence
of ?°Sr and '*7Cs (Gera and Jacobs, 1972) which have half-lives of 28 and 33
years, respectively, and which will decay to very low levels within about 1000 years.
Much longer periods of time, however, are required for decay to low levels of
long-lived transuranic nuclides in the waste, namely, 238Pu, 239Pu, 24°Pu, 24! Am,
and **? Am, with half-lives ranging from 89 years for 23¢Pu to 24,000 years for 23?Pu.
Radioactive decay of these elements in the waste produces other radionuclides,
known as daughter products (2*7Np, 2¢Ra, 129, **Tc, and others). If these are
taken into account, the material will remain hazardous for millions of years,
although at much lower radioactivity levels than will occur during the first thou-
sand years.

The radionuclides can be placed in the repository in their original form as
spent fuel or they may be incorporated into other materials after the spent fuel
has been reprocessed. Reprocessing is a chemical treatment in which spent fuel
is dissolved in acid and plutonium is separated from the other radionuclides.
Plutonium is viewed by the nuclear power industry as a valuable commodity
because it can be used to produce power in fast-breeder reactors. After the extrac-
tion of plutonium, a hot, highly radioactive waste solution containing the remaining
radionuclide species and some plutonium residue remains as waste, It is now gen-
erally agreed by the nuclear regulatory agencies in the various countries working
on the problem that these wastes must be solidified and incorporated into solid
relatively inert materials such as ceramics or glass. This must be done before
proceeding with commitment to any scheme for long-term subsurface storage
or disposal. From the chemical reprocessing plant the waste will proceed, after
a period of interim storage, through a solidification plant. After being solidified
and encapsulated, the waste will then be ready for emplacement in a subsurface
geological repository. Although reprocessing removes most of the plutonium from
the spent fuel, the waste that remains after reprocessing is still highly radioactive.
From a hydrogeological viewpoint, isolation of spent fuel or isolation of solidified
waste from reprocessing are fundamentally the same problem.

For a subsurface repository to be viewed as satisfactory within the above-
mentioned time framework, it must be capable of protecting the wastes from the
effects of landscape erosion caused by wind, water, and even glaciers. It must be
located in an area that does not have a significant seismic hazard or potential
for volcanic activity. The protective materials within which the wastes are placed
in the repository and the hydrogeologic environment outside the repository must
be capable, within an exceptionally high degree of predictive confidence, of
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preventing migration of radionuclides in groundwater from the repository into

the biosphere. It is this latter criterion that is the most difficult to establish at the
level of confidence that is required. Never before in the history of mankind have
engineers and scientists been asked to provide safety analyses relevant to such a
long period of time. The feasibility of achieving long-term waste isolation in each
of the four hydrogeologic repository options listed above is currently under evalua-
tion. The deep-salt option is discussed by Bradshaw and McClain (1971) and by
Blomeke et al. (1973). The potential for repository development in shale is described
by Ferro et al. (1973). Winograd (1974) reviewed the hydrogeologic aspects of the
arid region/unsaturated zone option. For a broader view of the high-level radio-
active-waste-disposal problem, the reader is referred to Kubo and Rose (1973)

and Cohen (1977).

Deep-Well Disposal of Liquid Wastes

Injection of liquid wastes, mainly of industrial origin, has been widely adopted as
a waste disposal practice in North America. The purpose of this procedure is to
isolate hazardous substances from the biosphere. As the discharge of pollutants
to rivers and lakes has become increasingly objectionable, and as legislation for
protection of surface water resources has become more stringent, the use of deep
permeable zones for liquid waste disposal has become an increasingly attractive
waste management option for many industries. Inventories of industrial liquid-
waste injection wells in the United States were conducted in 1964, 1967, 1968,
1972, and 1973. During this period the number of waste injection wells increased
from 30 in 1964 to at least 280 in 24 states in 1973 (Warner and Orcutt, 1973). In
Canada in 1976 at least 80 injection wells were in use. Injection wells used for return
of brines extracted during oil or gas field pumping are normally not categorized
as waste injection wells. There are more than 100,000 of these wells in North
America. Chemical, petrochemical, and pharmaceutical companies are the largest
users of waste injection wells. Other important users are petroleum refineries, gas
plants, steel mills, potash mines, uranium mills, and processing plants. In Florida,
Hawaii, Louisiana, and Texas, injection of sewage effluent into saline-water aquifers
occurs on a minor scale. Nearly all the waste injection wells are in the depth range
of 200-4000 m. Most are between 300 and 2000 m deep. The injection zones are
generally located in sandstones, carbonate rocks, and basalt.

Most injection wells are operated at injection pressures less than 7 x 10?
kN/m?. The trend in recent years is toward lower injection pressures and injection
rates in the range of 500-1400 ¢/min. The effect of an injection well on the hydro-
dynamic conditions in a hypothetical horizontal aquifer in which there is regional
flow, are shown in Figure 9.30. The injection well causes a mound in the poten-
tiometric surface. The mound extends unsymmetrically in the direction of regional
flow in the aquifer. As injection continues the areal extent of the mound spreads to
occupy an ever-increasing area. This process can be viewed as the inverse of the
effect of a pumping well in a confined aquifer, and in fact is described mathemat-
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Figure 9.30 Potentiometric mound caused by waste disposal well and expan-
sion of zone occupied by waste. Positions at times t, tz, and t3
(after Kazmann, 1974).

ically by the same equations, modified for the effect of injection rather than
pumping (Warner, 1965). If injection wells are located close together, the poten-
tiometric mounds coalesce in a manner analogous to the drawdown interface in
fields of pumping wells. The spread of the front of the potentiometric mound is
very rapid in comparison to the spread of the zone of injected waste. The front of
the potentiometric mound spreads by pressure translation. The front of the waste
zone spreads as volume displacement occurs. The waste zone spreads in direct
proportion to the cumulative volume of waste that is forced into the aquifer. The
interface between the formation water and the waste will be gradational as a result
of dispersion,

Based on reviews of status and impact of waste injection practices in the
United States and Canada, Warner and Orcutt (1973) and Simpson (1976) con-
cluded that documented cases of even minor disposal system failure and related
contamination of surface and near-surface waters are rare. This may not continue
to be the case, however, as waste injection becomes an increasingly common waste
disposal practice and as the length of time that strata have received wastes increases.
One of the few reported instances in which waste injection has caused surface
contamination occurred in southern Ontario near Sarnia, where most of the
Canadian petrochemical industry is located. Contamination was caused by five
injection wells, the first of which was drilled in 1958 and the others in 1960, Refinery
caustic and phenolic waters were injected down the wells at rates less than 400
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¢/min into carbonate rock strata at depths between 200 and 260 m pclow surface.
In the late 1960’s and early 1970’s, phenol occurrences in fluids reaching the surface
in the Sarnia district were observed (Simpson, 1976). It is believed that the con-
tamination occurred because of upward leakage of the wastes through abandoned
unplugged wells. There may be as many as 30,000 unplugged wells in southwestern
Ontario in the vicinity of Sarnia (van Everdingen and Freeze, 1971). Many of these
were drilled decades ago before plugging of abandoned wells was requir;d. The
hazard represented by unplugged wells in areas of waste injection is a particularly
insidious one because the location of many of the wells is unknown. Some no
longer even exist at ground surface but provide vertical connections belm‘v ground
surface. There may be more than 1 million unplugged, unlocated wel'ls in North
America, In regard to the long-term effect of deep-well injection of noxious wastes,
van Everdingen and Freeze (1971) have suggested that vertical connections pro-
vided by unplugged wells may well be the most important hazard. Sl

Another major hazard associated with the practice of waste injection is the
inducement of earthquakes as a result of increasing pore-water pressures along
faults. This topic is discussed in Chapter 11.

As a concluding statement on deep-well disposal, the comments by A. M.
Piper (1970) of the United States Geological Survey seem appropriate:

In its predilection for grossly oversimplifying a problem and seeking to
resolve all variants by a single massive attack, the United States appears to
verge on accepting deep injection of wastes as a certain cure for all the ills of
water pollution (p. 2). : .

Injection does not constitute permanent disposal. Rather, it detains in
storage and commits to such storage—for all time in the case of t}‘m most
intractable wastes—under-ground space of which little is attainable in some
areas, and which definitely is exhaustible in most areas (p. 6).

Admittedly, injecting liquid wastes deep beneath the land surface is a
potential means for alleviating pollution of rivers and lakes. But, by no stretch
of the imagination is injection a panacea that can encompass all wasle‘s zfnd
resolve all pollution even if economic limitations should be waived. Lm}nta-
tions on the potentials for practical injection are stringent indeed—physical,
chemical, geologic, hydrologic, economic and institutional (including legal)
limitations (p. 5).

Other Sources

There are many other sources that contribute contaminants to the groundwater
zone. In the northern United States and in Canada large quantities of salts are
applied to roads to combat adverse ice conditions dux:ing the‘ winter months.
Contamination of shallow aquifers along roads that receive salt is not uncommon
in these regions. Since salts such as NaCl and CaCl, are highly soluble al:ld ‘rela-
tively mobile in groundwater, there is little that can be done to prevent this situa-
tion, other than to decrease the amount of salt usage.
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Activities of the mining industry are another potential cause of groundwater
contamination. The effects range from changes in groundwater chemistry caused by
mining to infiltration of leachate from tailings and other wastes. The extensive
occurrence of acid water drainage from abandoned coal mines in the Appalachian
region of the United States is the most visible example of adverse effects of mining
on groundwater and surface water.

Seepage from industrial waste lagoons is another cause of groundwater con-
tamination. Across North America there are thousands of artificial ponds and
lagoons that contain countless types of liquid wastes. In many cases the lagoons are
not lined with impermeable barriers, thereby providing opportunity for seepage of
wastes downward into the subsurface environment. In situations where potable-
water aquifers are located nearby, this can cause serious problems. Many years
may pass, however, before the extent of the problem becomes evident.

In some regions urbanization is spreading into the recharge areas of major
aquifers. Even if centralized sewage treatment facilities rather than septic systems
are used, urban activities produce numerous sources of contamination to the
ground. Prediction of the long-term effect of urbanization on groundwater quality
is a difficult task but a necessary one if we are to develop methods of land use
planning that will minimize adverse impacts on the groundwater environment.

As an introduction to the literature on groundwater contamination and related
topics, the reader is referred to Hall (1972), Summers and Spiegal (1974), Todd and
McNulty (1976), and Wilson et al. (1976). An indication of the nature and regional
extent of groundwater contamination in the United States is presented in the
reviews by Fuhriman and Barton (1971), Scalf et al. (1973), Miller et al. (1974), and
Scalf (1977). A summary of waste disposal practices and their effects on ground-
water in the United States has been described by U.S. Environmental Protection
Agency (1977). A review of recent research activities related to chemical problems

in hydrogeology has been presented by Back and Cherry (1976).
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A chemical analysis of groundwater yields the following results (mg/{):
K* =3, Na* =110, Ca** =80, Mg?* =55, HCO; = 420, Cl- = 220,
SO, = 35, NO; = 15, Fe(total) = 0.8, Mn(total) = 0.2, F~ = 0.6, As =
0.03, Pb = 0.08, B = 0.9. Comment on the suitability of this water for the
following uses:

(a) Municipal water supply.

(b) Irrigation of vegetable crops.

(¢) Livestock.

(d) Brewing of beer.

. Would water with the composition indicated in Problem | normally be softened

for household use? How would the process of water softening be expected to
alter the composition?

. Using a cylindrical column (10 cm in diameter and 30 cm long) of relatively

homogeneous sand, an experiment with a step-function input of a nonreactive
tracer is conducted (see Figure 9.1). The porosity of the sand is 357, the
steady-state flow rate is 1 £/h, and the hydraulic gradient is 0.1. The C/C, = 0.5
point on the breakthrough curve arrived 0.8 h after the tracer initially entered
the column. The C/C, = 0.25 point arrived at 0.7 h and the C/C, = 0.75
point at 0.9 h. Estimate the dispersivity of the sand.

A contaminant zone is migrating through an aquifer composed of medium-
grained sand. The average hydraulic gradient is 0.01. A representative value
of the hydraulic conductivity of the sand is 1 X 105 m/s. Is the movement of
nonreactive contaminants influenced primarily by advection and mechanical
dispersion or by molecular diffusion ? Explain.

. A sanitary landfill is located on a deposit of dense clay that is 5 m thick over-

lying an aquifer that provides drinking water to a small town. A zone of
leachate-contaminated groundwater has accumulated at the base of the
landfill on the clay surface. Observations in the aquifer indicate a steady
piezometric level of 250.5 m above mean sea level. The surface of the water
table in the landfill is at about 251.3 m. The hydraulic conductivity of the clay
is approximately 2 X 107'! m/s, and the porosity is 19 ;. Estimate how long
it will take for nonreactive contaminants to move through the clay into the

aquifer. Express your answer as a range of values that you consider to be

reasonable in light of the available data.

. As a result of the rupture of a storage tank, 10 m?® of liquid waste containing

100 kg of dissolved arsenic rapidly infiltrated into a shallow, unconfined, sandy
aquifer in which the flow is horizontal. The average groundwater velocity in
the aquifer is 0.5 m/day, the dispersivity is 0.1 m, and the coefficient of molec-

ular diffusion is 2 % 107'° m?/s. As the contaminated zone moves through the
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aquifer, the arsenic does not undergo significant adsorption or precipitation,
Estimate the maximum arsenic concentration after the contaminant cloud has
moved a distance of 500 m. What will be the approximate dimensions of the
cloud ? Assume that the leakage from the storage tank can be approximated as
a point source and that the aquifer can be treated as a homogeneous medium
with uniform flow.

High-level radioactive waste is buried in a cavern in unfractured shale at a
depth of 1000 m below ground surface. The burial zone is separated from the
nearest overlying aquifer by a vertical thickness of 100 m of shale. The shale
has a hydraulic conductivity of the order of 107!* m/s and vertical hydraulic
gradient of about 10°? directed upward. In the shale, nonreactive radio-
nuclides have effective diffusion coefficients in the order of 10719 m?/s. It is
expected that the wastes will become wet at some time during the next 1000
years and will then move slowly out into the shale. Is it reasonable to expect
that radionuclides will remain entirely within the shale during the next 100,000
years? Ignore the potential effects of faulting, glaciation, and so on. as a cause
of radionuclide transfer through the shale. Consider only the influence of flow,
mechanical dispersion, and molecular diffusion.

Field observations in a granitic area indicate bulk hydraulic conductivities on
the order of 107° cm/s. The granite has a cubic array of joints with a repre-
sentative spacing of 10 cm between joint planes. Estimate the average ground-
water velocity for a zone in which the flow is horizontal and the hydraulic
gradient is 1072,

In laboratory experiments using a pesticide and samples from a sandy aquifer,
it is observed that when water with the pesticide is equilibrated at various
concentrations with the sand samples, the partitioning of the pesticide between
the liquid and solid phases is as follows: test 1, 100 ug/g adsorbed at 10 mg/mé
in solution; test 2, 300 ug/g adsorbed at 220 mg/m¢ in solution; test 3, 600
u1g/g adsorbed at 560 ug/mé in solution; test 4, 1000 ug/g adsorbed at 1000
mg/m¢{ in solution. What distribution coefficient is indicated by these data?
Express your answer in milliliters per gram. In sand (porosity = 359%) below
the water table, estimate the relative velocity at which the pesticide would
migrate in an advection-controlled system.

Studies of the behavior of a toxic chemical compound in a sandstone aquifer
indicate the following parameter values: porosity 10%, average linear velocity
0.1 cm/day, and distribution coefficient 75 mé/g. Estimate the velocity at
which the center of mass of a zone contaminated with the compound would
travel.

Hydrogeological studies of a site for a proposed lagoon for storage of toxic
liquid wastes indicate that the hydraulic gradient at the site is downward. The
water table is located at a depth of 4 m below the ground surface. Samples from




460

12.

13,

14.

15.

16.

Groundwater Contamination | Ch. 8

piezometers at depths of 5, 10, 15, 20, 25, 30, 40, and 50 m below ground sur-
face have tritium concentrations of 75, 81, 79, 250, 510, 301, 50, and 10 tritium
units. The site is located in the interior of North America. The piezometers are
situated in a thick deposit of shale. Provide an interpretation of the tritium
data. What is the nature of the permeability of the shale?

Groundwater in a sandstone aquifer at a temperature of 25°C has the following
composition (mg/€): K* = 12, Na* = 230, Ca?* = 350, Mg*>* = 45, HCO3
— 320, Cl- = 390, and SO,*>" = 782; pH 7.6. If F~ is supplied to the water
from minerals in the aquifer and if the F~ concentration is not limited by
availability, will solubility constraints be expected to maintain the F~ con-
centration at a level below the limit specified for drinking water? Explain.

Effluent from a septic (sewage disposal) system infiltrates into an unconfined
gravel aquifer. Upon mixing with the groundwater, the contaminated part of
the aquifer has the following content of inorganic constituents (mg/€): K*
= 3.1, Na* = 106, Ca** = 4.2, Mg?** = 31, HCO; = 81, CI~ = 146, and
SO,% =48; pH 6.3, Eh = —0.1 V, DO = 0, temperature 23°C. Assuming that
equilibrium occurs and that mineral precipitation-dissolution reactions control
the concentration of dissolved inorganic phosphorus, indicate (a) the mineral
that would provide the solubility constraint on the phosphorus concentration;
(b) the dominant dissolved species of inorganic phosphorus; (c) the equilibrium
concentration of dissolved phosphorus.

A borehole-dilution test is conducted in a well with an inside diameter of 10 cm,
The packer-isolated interval in which the tracer is introduced is 100 cm long.
After 2 h the tracer concentration declines to one-half of its initial value. The
flow in the formation is horizontal, the well has no sand or gravel pack, and the
tracer is nonradioactive and nonreactive. Estimate the average linear velocity
in the formation.

A disposal well for liquid industrial waste commences operation in a horizontal
isotropic confined limestone aquifer that has the following characteristics:
thickness = 10 m, secondary porosity = 0.1%, bulk hydraulic conductivity

— 5 x 1075 m/s, specific storage = 1075 cm™!. The injection rate is 100 £/min,

(a) To what distance from the injection well will the front of the potentiometric
mound have extended after 1 month?

(b) To what distance from the injection well will the front of contamination
have moved after 1 month? Neglect the effects of regional groundwater
flow and dispersion. Assume that the aquifer is homogeneous and that the
primary permeability of the limestone matrix is negligible.

Studies of an unconfined aquifer indicate a shallow zone that contains dis-
solved oxygen in the range 2-6 mg/¢ and NOj in the range 30-50 mg/¢. The
source of the NOj is fertilizer. Below this zone there is no detectable dissolved

oxygen and no detectable NO3. Hydraulic-head data indicate that groundwater
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flows from the upper zone to the lower zone. All the water in the aquifer is very
young. Suggest a hydrochemical hypothesis to account for the large decrease in
NOj as the water moves downward in the aquifer. What additional data would
be desirable as a basis for testing your hypothesis?

Salt (as NaCl only) applied to a highway during the winter for prevention of
icing problems has caused contamination of a shallow unconfined aquifer near
the highway. It has been observed that the CI- content of water from many
domestic wells, which was formerly soft, has become hard as the C1~ has risen.
The large increase in hardness can be attributed to the effect of road-salt
contamination. Outline a geochemical hypothesis to explain the hardness
increase.

Natural water in a deep sandstone aquifer composed of quartz, feldspar, and
a small amount of clay has the following composition (mg/é): Kt = 18,
Na* = 850, Ca?** = 41, Mg?* = 120, HCO; = 820, CI- = 470, and SO~ =
1150; pH 8.1. Wastewater that contains abundant dissolved organic matter is
put into the aquifer through a disposal well. After injection commences,
observation wells in the aquifer near the disposal well yield water in which
abundant H,S and CH, are detected. Prior to waste injection, the observation
wells showed no detectable H,S and CH,. The wastewater injected into the
aquifer did not contain these gases. Outline a geochemical hypothesis to
account for the occurrence of H,S and CH, in the observation wells. Would
you expect the pH of the water to increase or decrease ? Explain, with the aid of
appropriate chemical equations.

An unlined lagoon is used intermittently for recharge of water from a secondary
sewage treatment plant. The water has moderate concentrations of major ions
(K*, Na*, Ca%*, Mg?*, Cl~, SO,*", and HCOj3) and an appreciable content of
NHi, bacteria, and organic matter. The treated sewage infiltrates from the
lagoon downward into a sandy aquifer, Observation wells used to monitor the
change in groundwater chemistry caused by the artificial discharge system
indicate that the aquifer water in the zone of influence has total hardness,
nitrate, and dissolved inorganic carbon concentrations that are considerably
above the natural levels in the aquifer. No bacteria are detected in the aquifer.
The NHj concentrations are very low. Account for these chemical characteris-
tics of the water. Include appropriate chemical equations as part of your
explanation.

In an area of strip mining for coal, the noncoal geologic materials removed
during mining (referred to as cast overburden) are returned to the stripped
areas as part of a land reclamation program. The average porosity of the cast
overburden is 30%;. The average degree of saturation of the material is 40 %,
Assuming that the water and entrapped air in the voids do not migrate, and
assuming that all the oxygen in the air and water in the voids is consumed by
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oxidation of pyrite, estimate the following:

(a) The SO,*" content of the pore water.

(b) The pH of the pore water (assume that no carbonate-mineral buffering
oceurs.

(¢) The amount (weight percent) of calcite that would be necessary in the cast
overburden to neutralize the acid product by pyrite oxidation.

(d) The amount of pyrite necessary for consumption of all the oxygen by the
oxidation reaction.

(e) Would the amounts of calcite and pyrite obtained in parts (c) and (d) be
noticeable by normal means of examination of the geologic materials?

Groundwater
and Geotechnical
Problems




